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ABSTRACT 

The issue of polycyclic aromatic hydrocarbons (PAHs) is widespread in marine 

environments involving ecological systems and human health. At the same time, 

research on eco‒friendly alternatives for the treatment of PAH‒contaminated marine 

sediments and their reuse after remediation must be stepped up. For this purpose, this 

doctoral thesis firstly examined technical, economic and energy aspects to evaluate the 

most sustainable technology for removing phenanthrene (PHE) from marine 

sediments. Anaerobic bioremediation, sediment washing (SW) and thermal desorption 

were conducted under low liquid phase (i.e. 60% and solid‒to‒liquid ratio of 1:3) and 

low temperature (i.e. 200°C), whose resulted in a PHE removal of 68, 97 and 88%, 

respectively. On the other hand, the bioremediation exhibited the lowest cost (i.e. 228 

€·m‒3) and a similar energy input (i.e. 16 kWh·m‒3) to SW due to a significant energy 

gain from the biogas produced during anaerobic digestion. 

Therefore, the use of digestate and organic fraction of municipal solid waste 

(OFMSW) was subsequently proposed as novel biostimulation amendments for 

improving the anaerobic bioremediation. A nutrient solution was also supplemented 

in some experiments to enhance the biostimulation yields. The simultaneous addition 

of OFMSW and nutrients increased the total PAH removal up to 55% and led to the 

highest biohydrogen and biomethane production of 80 and 140 mL·g VS‒1, 

respectively, indicating that bioenergy can be further recovered during PAH 

degradation by enhancing the sustainability of the entire process. 

Afterwards, the present thesis work focused on the treatment of spent SW solutions, 

since SW has proven to be the most effective remediation approach for PAH‒polluted 

sediments, but still raises waste handling concerns due to a considerable amount of 

effluents generated downstream of the SW process. The biological treatment of a 

PHE– and ethanol (EtOH)–containing spent SW solution was initially investigated as 

a highly–efficient, inexpensive and environmentally–friendly strategy. The 

experimental activity was conducted in a fed–batch bioreactor by evaluating several 

PHE concentrations (i.e. 20–140 mg·L–1) within six successive cycles under aerobic 

conditions. A PHE biodegradation up to 91% following a first–order kinetic model 

was achieved by an enriched PHE–degrading consortium mainly composed of 



Proteobacteria and Bacteroidota phyla, after a proper supplementation of nutrients 

(i.e. nitrogen and phosphorous). A techno–economic evaluation was carried out 

particularly considering EtOH recovery as a resource to be reused in SW treatment 

units, thus reducing the total cost of the whole remediation process by approximately 

50%. 

Finally, this thesis assessed both the PHE desorption from sediments using Tween® 

80 (TW80) as extracting agent and the treatment of the resulting spent SW solution in 

a novel biochar (BC) immobilized–cell bioreactor. The SW process reached a PHE 

removal of up to about 91% using a surfactant solution containing 10,800 mg·L–1 of 

TW80, and the generated amount of spent PHE–polluted SW solution can be 

controlled by keeping a solid to liquid ratio up to 1:4. A PHE degradation of up to 96% 

was subsequently achieved after 43 days of continuous reactor operation, aerobically 

treating the TW80 solution with a hydraulic retention time of 3.5 days. 

Brevundimonas, Chryseobacterium, Dysgonomonas, Nubsella, and both uncultured 

Weeksellaceae and Xanthobacteraceae genera were mainly involved in PHE 

biodegradation. A rough economic study showed a total cost of 342.60 €·ton−1 of 

sediment, including the SW operations, TW80 and BC supply and the biological 

treatment of the SW solution. 
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INTRODUCTION 

Polycyclic aromatic hydrocarbons (PAHs) are recognized as priority pollutants by 

several organizations such as the US Environmental Protection Agency (US EPA) and 

International Agency for Research on Cancer (IARC) due to their toxic, carcinogenic, 

genotoxic, mutagenic, teratogenic and recalcitrant properties [1–4]. Pyrogenic (e.g. 

industrial activities, fires, volcanic eruptions) and petrogenic (e.g. crude oil seepage, 

biomass decomposition) processes are the main PAH emission sources [5]. Pyrogenic 

PAHs can be adsorbed onto atmospheric particulate matter and subsequently enter into 

water bodies after their deposition, whereas petrogenic PAHs can be instantly released 

into the environment [6]. 

Afterwards, PAHs can accumulate into environmental sinks such as sediments by 

persisting over time due to their recalcitrant properties and, for such reason, PAHs are 

considered persistent organic pollutants [7,8]. Also, the presence of organic matter in 

the sediments can even increase PAH persistence in the aquatic ecosystem, in which 

the adsorption mechanism can be guided by the attractive forces of van der Waals, 

intermolecular interactions and exchange of electrical charges by limiting the natural 

attenuation phenomena [9]. Indeed, natural transformation processes such as photo–

oxidation and abiotic degradation are not adequate to contain this type of pollution. 

Thus, PAH concentrations are significant in marine sediments and can reach an 

average of 200 mg kg−1 in industrialized and densely populated areas [10]. Since 

sediment dredging is needed to facilitate the navigation of deep hull ships, the large 

amount of adsorbed PAHs onto sediments raises waste management concerns [11]. A 

remediation process is, therefore, necessary to limit PAH pollution and its harmful 

effects on the environment and humans by encouraging the reuse of remediated 

sediments following the national legislations. Thus, several technologies, i.e. thermal, 

biological and physical‒chemical, can be employed to remediate polluted matrices 

[12]. 

Thermal treatments such as thermal desorption can be affordable to perform quick 

sediment remediation with a high PAH removal efficiency [13]. Thermal desorption 

consists in the use of temperature up to 600 °C to allow PAH desorption from 

contaminated sediments with the following treatment of gas stream through 



 

2 

 

destructive or recovery strategies [14]. However, the presence of pollutants 

characterized by a high–boiling point such as is coupled with the increase of energy 

required for thermal desorption. Thus, a low–temperature thermal desorption (i.e. 200 

°C) has been here evaluated also aimed at avoiding the PAH isomerization 

phenomenon (i.e. the release of more reactive compounds) [15]. Notwithstanding, 

plant growth and microbial population can significantly change in thermally–treated 

sediments compared to the untreated matrix. 

Bioremediation is an environmental–friendly solution involving microorganisms to 

biologically degrade PAHs from polluted sediments [16]. Bioremediation can take 

place via biostimulation when organic amendments (e.g. compost) or nutrients (e.g. 

nitrogen, phosphorus) are added to the sediment to enhance PAH degradation [17]. 

Bioaugmentation can be alternatively performed by inoculating engineered 

autochthonous or allochthonous bacteria (e.g. Pseudomonas and Rhodococcus strains) 

to the contaminated sediment to improve PAH removal [18]. Biostimulation and 

bioaugmentation techniques have largely been employed under aerobic conditions for 

remediating PAH–containing sediments [19] and alternatively been carried out under 

anaerobic and anoxic conditions in the present work by comparing methanogenic, 

nitrate– and sulfate–reducing conditions in order to evaluate the possibility of 

producing bioenergy (e.g. biomethane) during bioremediation. Also, digestate and the 

organic fraction of municipal solid waste have been used in this work for the first time 

as extra–organic and microbial sources to remediate PAH–contaminated marine 

sediments. However, PAH bioavailability, which indicates the PAH portion available 

for biological transformation, can represent a limiting factor for sediment 

bioremediation [20]. 

Physical–chemical technologies can cope with this issue by also acting on the non–

bioavailable fraction of PAHs. Among the physical–chemical approaches, sediment 

washing represents a well–established technique due to its operational simpleness, 

cheapness and high effectiveness [21]. Sediment washing consists in the employment 

of extracting agents (e.g. solvents, surfactants) to enhance PAH desorption from the 

solid matrix to the aqueous phase by decreasing their octanol–water partition 

coefficient [22]. The effectiveness of various extracting agents such as acetone, 1–

pentanol and 2–propanol has been ascertained for PAH desorption during sediment 

washing [23]. Thus, the deployment of green solvents such as ethanol has been 

proposed as an attractive alternative to the mentioned solvents, being tolerable for 

microorganisms present in the sediment [24]. Also, the application of non–ionic 

surfactants, such as Tween® 80 (TW80), as extracting agents has proven to be an 
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economic alternative to anionic and cationic surfactants to enhance PAH desorption 

from soils [25], but has scarcely been examined for sediments. Notwithstanding, low 

surfactant amounts can be not effective for a complete PAH desorption from the 

sediment [26] and, therefore, this thesis has emphasized the evaluation of influencing 

parameters (e.g. TW80 concentration, solid–to–liquid ratio). However, the generation 

of a considerable amount of spent sediment washing effluents requires further 

treatment efforts and can limit the use of the sediment washing process. 

Among the different technologies available for the treatment of spent sediment 

washing solutions, biological processes can represent the most cost–effective and eco–

friendly approaches [27]. The microbial metabolism can be influenced by several 

parameters such as PAH concentration, the type of washing agent, the presence of 

nutrients, the dissolved oxygen level, pH and temperature [16]. The bioreactor 

configuration can affect PAH removal efficiency as well. So far, PAH biodegradation 

from sediment washing solutions has largely been investigated in batch flasks, whereas 

both fed–batch and continuous–flow bioreactor operations here proposed have more 

considerable margins for interesting scientific implications. Also, the use of 

immobilized–cell bioreactors can improve the microbial retention developing a 

biofilm onto supporting media, thus decreasing the hydraulic retention times rather 

than in suspended–cell bioreactors [28]. The choice of the most appropriate carrier for 

cell immobilization can play a major role for a proper bioreactor functioning. In this 

context, the use of carbonaceous amendments (e.g. active carbon) as biocarriers for 

microbial immobilization in bioreactors treating hydrocarbons–containing streams 

was previously reported [29]. Specifically, biochar has been proposed in this work as 

a novel and sustainable biocarrier for cell immobilization being a porous biomaterial 

rich in nutrients when produced at a pyrolysis temperature below 500 °C. 

Also, the application of biochar as an amendment directly in the sediment gives rise 

to other environmental consequences in a perspective of a circular economy, being 

biochar thermochemically obtained from pyrolysis of substances regarded as wastes. 

Previous studies demonstrated the efficiency, cost–effectiveness and eco–friendliness 

of biochar for treating PAH–polluted solid matrices mainly through adsorption 

mechanism mostly due to a high carbon content and specific surface area of the 

adsorbent [30–32]. Thus, biochar can cope with the mentioned drawbacks shown by 

other remediation techniques. However, the previous reviews did not shed light on the 

addition of biochar to sediment contaminated by PAHs. Therefore, the existing state 

of understanding regarding the deployment of biochar for remediating PAH–polluted 
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sediments was reviewed during the pandemic due to the impossibility to perform lab 

experiments. 

This Ph.D. thesis is composed of six chapters including a preliminary bibliographic 

study, four research chapters and a literature review chapter followed by a final section 

addressed to conclusive remarks and future perspectives. The structure of the present 

thesis is reported as follows: 

 chapter 1 is an overview of the literature, focusing on the problem statement 

of PAH–contaminated marine sediments and the knowledge of available 

remediation technologies to shed light on what scientific literature lacks; 

 chapter 2 compares performances, costs and energy balance of 

bioremediation under anaerobic and anoxic conditions, sediment washing 

by using ethanol as a washing agent, and low–temperature thermal 

desorption as ex–situ techniques for remediating marine sediments 

contaminated by phenanthrene, here used as the model PAH compound; 

 chapter 3 investigates the effect of the addition of digestate and the organic 

fraction of municipal solid waste on sediment biostimulation by assessing 

the evolution of total and bioavailable PAH concentrations (i.e. 

phenanthrene, anthracene, fluoranthene and pyrene) under methanogenic 

conditions, which have been proven to be particularly cost–effective in the 

previous chapter due to biogas production aimed at energy recovering; 

 chapter 4 evaluates the biological treatment of ethanol– and phenanthrene–

containing washing solution, which simulates the results of sediment 

washing showed in chapter 2, in a fed–batch reactor under aerobic 

conditions by monitoring the effects of operating parameters such as 

dissolved organic carbon, nutrients, oxygen level and pH. A techno–

economic assessment particularly focused on ethanol recovery for its reuse 

as a washing agent is carried out as well; 

 chapter 5 assess the desorption of phenanthrene from marine sediments 

using TW80 as extracting agent and the biodegradation of the obtained spent 

sediment washing solution in a biochar immobilized–cell reactor operated 

in both batch and continuous–flow modes. The application of biochar for 

microbial immobilization was identified as a lack of scientific literature 

after the literature review activity reported in chapter 5. Also, the dominant 

PHE–degrading bacterial families and genera throughout the bioreactor 

operation ere determined. A preliminary economic evaluation of the whole 
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process was carried out to evaluate its possible employment in full–scale 

applications; 

 chapter 6 mainly discusses the mechanisms involved during adsorption, 

bioremediation, and enhanced persulfate degradation of biochar–amended 

PAH–polluted sediments through a literature overview; 

 a conclusion section highlights the main findings of this doctoral thesis and 

discusses their relevance to existing literature. Recommendations for future 

studies are expressed in this chapter. 
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CHAPTER 1.  STATE OF ART 

1.1 General properties of PAHs 

Polycyclic aromatic hydrocarbons (PAHs) are organic compounds consisting of 

two or more benzene rings settled in linear, angular, or cluster chains (Figure 1.1). The 

basic element is the benzene ring, which presents delocalized electrons ℼ that alternate 

with individual and double bonds. This configuration makes the molecules more 

chemically stable, and therefore the polarity and the ability to cleave the bonds is 

reduced [33]. PAHs are listed as low molecular weight (LMW) and high molecular 

weight (HMW) compounds when formed by 2 or 3 benzene rings (e.g. naphthalene) 

and more than 3 benzene rings (e.g. benzo[a]pyrene) (Figure 1.1) [34], respectively. 

US–EPA has recognized 28 PAHs as priority pollutants considering their 

characteristics of carcinogenicity and toxicity by also including benzo[a]anthracene, 

benzo[b]fluoranthene, benzo[k]fluoranthene, chrysene, dibenzo[a]anthracene and 

indeno[1,2,3–c,d]pyrene (Table 1.1) [35]. 

1.1.1 Physical–chemical properties of PAHs 

PAHs show as up colorless, white or yellow–green solids with a pleasant odor [36]. 

Although their reactivity to electrophilic replacement and oxidation–reduction 

reactions is influenced by the number of benzene rings and the position of carbon 

atoms, PAHs can be chemically classified as relatively stable compounds [12,37,38]. 

In general, PAHs are characterized by low solubility in water (i.e. 0.001‒30 mg∙L−1), 

high lipophilicity, high boiling (i.e. 100‒500 °C) and melting points (i.e. 100‒300 °C), 

and low vapor pressure (i.e. 6.4∙10‒12‒0.085 mm Hg) (Table 1.1). These properties are 

more pronounced with the increase of PAH molecular weight [3,39]. 
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Figure 1.1 – Chemical structure of main polycyclic aromatic hydrocarbons. The figure is taken from 

Haritash and Kaushik [40]. 
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Table 1.1 – Physical–chemical properties of the 28 priority polycyclic aromatic hydrocarbons [4]. 

Compounds 
Number 

of rings 

Molecular 

weight 

[g∙mol‒1] 

Melting 

point 

[°C] 

Aqueous 

solubility 

[mg∙L‒1]* 

Vapor 

pressure 

[mm Hg]* 

Naphthalene 2 128.174 80 31 0.085 

Acenaphthene 3 154.212 93 3.57‒3.93 0.0022 

Acenaphthylene 3 152.196 89.4 3.93 0.0048 

Anthracene 3 178.234 216 0.04 6.56∙10‒6 

Fluorene 3 166.218 114.8 1.69 6∙10‒4 

Phenanthrene 3 178.234 99 1.1 1.21∙10‒4 

Fluoranthene 4 202.25 110.2 0.2‒0.26 9.22∙10‒6 

Pyrene 4 202.25 150.6 0.135 4.5∙10‒6 

Chrysene/ 

benzo[a]phenanthrene 
4 228.294 255 2.0∙10‒3 6.23∙10‒9 

7,12‒

Dimethyilbenz[a]anthracene 
4 256.348 123 0.061 6.8∙10‒7 

5–Methylchrysene 4 242.321 117.5 0.062 5.45∙10‒7 

Benzo[a]pyrene 5 252.309 179 1.62∙10‒3 5.49∙10‒9 

Benzo[j]fluoranthene 5 252.306 165.2 2.5∙10‒9 2.7∙10‒8 

Benzo[a]anthracene 5 252.316 155 9.4∙10‒3 2.1∙10‒7 

Benzo[b]fluoranthene 5 278.354 168.4 0.0015 5.0∙10‒7 

Benzo[k]fluoranthene 5 252.316 217 0.00076 9.65∙10‒10 

Dibenz[a,h]anthracene 5 279.342 268 0.00166 9.55∙10‒10 

Dibenz[a,h]acridine 5 279.342 228 0.159 7.51∙10‒10 

Dibenz[a,j]acridine 5 279.342 216 0.159 1.05∙10‒9 

7H–Dibenzo[e,g]carbazole 5 267.331 158 NA 3.4∙10‒9 

3–Methylcholanthrene 5 268.359 178 2.8∙10‒3 4.3∙10‒8 

Benzo[r,s,t]penaphene 6 302.376 283.6 7.4∙10‒5 1.8∙10‒11 

Dibenzo[a,e]fluoranthene 6 302.368 232 2.12∙10‒4 7.33∙10‒11 

Dibenzo[a,e]pyrene 6 302.368 244.4 1.6∙10‒4 5.2∙10‒11 

Dibenzo[a,h]pyrene 6 302.368 318 3.5∙10‒5 6.4∙10‒12 

Dibenzo[a,l]pyrene 6 302.368 283.6 7.5∙10‒5 2.17∙10‒8 

Indeno[1,2,3‒cd]pyrene 6 276.338 164 6.2∙10‒2 1.25∙10‒10 

Benzo[g,h,i]perylene 6 276.338 278.3 2.6∙10‒4 1.0∙10‒10 

NA = not available; * = at 25°C. 

The number of benzene rings also affects the hydrophobicity of the PAHs. For 

example, LMWs are more soluble and volatile compared to HWMs (Table 1.1) [41]. 

In addition, in the presence of ions in water, the solubility of PAHs is further reduced 

through the “salting out” effect that is determined by the constant Ks. The “salting out” 

effect between the organic compound solubility and salt concentration is defined by 

the empirical relationship as follows: 

𝐾𝑠 ∙ [𝑠𝑎𝑙𝑡]𝑡 = 𝑙𝑜𝑔 (
[𝐶𝑜]

[𝐶𝑠𝑎𝑙𝑡]
)       (Eq. 1.1) 
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where Ks (L∙mol‒1 or kg∙mol‒1) is the salting or Setshenow constant, [𝑠𝑎𝑙𝑡]𝑡 (mol∙L‒

1 or mol∙kg‒1) is the concentration of ionic salts, C0 (mol∙L‒1) is the solubility of PAHs 

in distilled water and Csalt (mol∙L‒1) is the solubility of PAHs in a solution of ionic 

salts. Therefore, the salting effect is important for the marine environment by 

influencing the fate and distribution of PAHs in the water systems since the compound 

hydrophilicity is directly proportional to the constant Ks [42]. 

However, PAHs are characterized by a high hydrophobicity, which allows their 

solubilization to organic solvents, and this property is measured with the octanol–water 

partition (Ko/w) constant. Octanol is an organic solvent with similar behavior to organic 

matter, and the partition constant is expressed on a logarithmic basis as follows: 

 𝑙𝑜𝑔 𝐾𝑜/𝑤 = 𝑙𝑜𝑔
[𝑆𝑂]

[𝑆𝑊]
       (Eq. 1.2) 

Ko/w is the partition constants octanol–water, 𝑆𝑂 is the concentration of a solute in a 

water–saturated octanol phase, 𝑆𝑊 is the same concentration in the water phase [43]. 

Thus, the log Ko/w, which values are comprised between 3.37 and 6.50 (Table 1.2) for 

naphthalene and indeno[1,2,3–cd]pyrene, respectively, is inversely proportional to the 

solubility of PAHs (Table 1.1) [44]. 

 

Figure 1.2 – Number of benzene rings vs octanol–water (Ko/w) constant for polycyclic aromatic 

hydrocarbons. 

y = 0.7315x + 2.2283
R² = 0.8765

2

3

4

5

6

7

8

2 3 4 5 6 7

L
o

g
 K

o
/w

Benzene rings



 

10 

 

Table 1.2 – Octanol–water partition coefficients (log Ko/w) and Henry’s law constant (H) for PAHs and 

their derivate [44,45]. 

Compounds CAS No. log Ko/w H [kPa·m3·mol‒1] 

Naphthalene 91–20–3 3.37 4.89·10–2 

Anthracene 120–12–7 4.54 7.30·10–2 

Phenanthrene 85–01–8 4.57 3.98·10–3 

Chrysene 218–01–9 5.86 1.22·10–5 

Benz[a]anthracene 56–55–3 5.91 NA 

Benzo[a]pyrene 50–32–8 6.04 3.4·10–5 

Acenaphthene 83–32–9 3.92 1.48·10–2 

Fluorene 86–73–7 4.18 1.01·10–2 

Fluoranthene 206–44–0 5.22 6.5·10–4 

Benzo[a]fluorene 238–84–6 5.40 NA 

Triphenylene 217–59–4 5.49 NA 

Perylene 198–55–0 6.25 3.00·10–6 

1–Methylnaphthalene 90–12–0 3.87 4.49·10–2 

2–Methylnaphthalene 91–57–6 3.86 NA 

9–Methylanthracene 779–02–2 5.07 NA 

Benzo[b]fluorene 243–17–4 5.75 NA 

Benzo[g,h,i]perylene 191–24–2 6.50 2.70·10–5 

Coronene 191–07–1 6.75 NA 

Acenaphthylene 208–96–8 4.00 1.14·10–3 

1–Ethylnaphthalene 
1127–76–

0 
4.39 

NA 

Pyrene 129–00–0 4.88 1.10·10–3 

Naphthacene 92–24–0 5.90 NA 

Benzo[b]fluoranthene 205–99–2 6.06 5.10·10–5 

Indeno[1,2,3–c,d]pyrene 193–39–5 6.50 2.90·10–5 

NA = not available; PAHs = polycyclic aromatic hydrocarbons. 

In addition, PAH lipophilicity can be positively correlated to the benzene rings of 

PAHs by a linear regression (R2 = 0.88) between the octanol–water partition constants 

with and benzene ring number (y = 0.73x + 2.23, Figure 1.2), as also showed by Sahu 

and Pandit [46]. The octanol–water distribution constant inevitably affects the 

biological and chemical transformations, the distribution of PAHs in the environment, 

and the mechanisms of adsorption and bioaccumulation. Indeed, PAHs with high log 

Ko/w values (i.e. 5‒7) can be easily adsorbed onto sediment particles or bioaccumulated 

by biota. On the contrary, low log Ko/w values (i.e.<5) can enhanced of the 

transportation phenomena of PAHs [47–49]. These properties are essential for 
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understanding the different transportation and distribution mechanisms of PAHs into 

the various ecosystems. 

1.1.2 PAH effects on human health 

PAHs can exhibit toxic, genotoxic, teratogenic, mutagenic and carcinogenic effects 

[2,50–53], and therefore, the United States Environmental Protection Agency (US 

EPA) identified 28 PAHs as priority pollutants in 2008 [54]. Also, the International 

Agency for Research on Cancer (IARC) recognized some PAHs as possible or likely 

carcinogens in different groups (Table 1.3) [55]. Indeed, in group 1 are included PAHs 

considered carcinogenic to humans, group 2A comprises PAHs probably carcinogenic 

to humans, group 2B groups those possible carcinogenic to humans and in group 3 not 

classifiable PAHs due to poor evidence about the carcinogenicity to humans [55–57] 

(Table 1.3). 

The 3 main pathways of PAH exposure to humans are inhalation, ingestion and skin 

contact [58]. For example, due to their lipophilic properties, PAHs can be quickly 

absorbed by the human body through the gastrointestinal system after the ingestion 

and subsequently distributed to fatty organs and tissues such as the liver and colon 

prior to being eventually secreted by urine or feces. Once entering in the human body, 

PAHs can show their carcinogenicity when are metabolically activated by enzymes 

such as cytochrome P450 and epoxide hydrolase, which lead to the production of 

reaction intermediates with carcinogenic properties (i.e. cyclic ethers) after the 

oxidation of the ℼ–bond of carbon–carbon in the aromatic system (Figure 1.3) [59]. 

Thus, the living organisms can metabolize the polar compounds (i.e. PAHs) into more 

hydrosoluble substances, which can be further metabolized. During the metabolization 

process, the reaction intermediates can interact with biological macromolecules (i.e. 

DNA, RNA) causing alterations and mutations in the genetic material [60]. Although 

not all PAHs can generate mutations and carcinomas, those with obvious carcinogenic 

properties are formed by 5 benzene rings at least such as benzo[a]pyrene (Table 1.3) 

[61,62]. 
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Table 1.3 − Polycyclic aromatic hydrocarbon (PAH) classification by International Agency for 

Research on Cancer (IARC) [55–57] and the toxic equivalent factor (TEF) of PAHs [63]. 

PAHs IARC group TEF 

Naphthalene 2Bb 0.001 

Acenaphthene 3c 0.001 

Acenaphthylene NA 0.001 

Anthracene 3 0.01 

Fluorene 3 0.001 

Phenanthrene 3 0.001 

Fluoranthene 3 0.001 

Pyrene 3 0.001 

Chrysene 2B 0.001 

7,12‒Dimethyilbenz(a)anthracene NA NA 

5–Methylchrysene 2B NA 

Benzo(a)pyrene 1a 1 

Benzo(j)fluoranthene 2B NA 

Benzo(a)anthracene 2B 1 

Benzo(b)fluoranthene 2B 0.1 

Benzo(k)fluoranthene 2B 0.1 

Dibenz(a,h)anthracene 2A 1 

Dibenz(a,h)acridine 2B NA 

Dibenz(a,j)acridine 2B NA 

7H–Dibenzo(e,g)carbazole 2B NA 

3–Methylcholanthrene NA NA 

Benzo(r,s,t)penaphene 2B NA 

Dibenzo(a,e)fluoranthene 3 NA 

Dibenzo(a,e)pyrene 3 NA 

Dibenzo(a,h)pyrene 2B NA 

Dibenzo(a,l)pyrene 3 NA 

Indeno(1,2,3‒cd)pyrene 2B 0.1 

Benzo(g,h,i)perylene 3 0.01 

a = carcinogenic group; b = probably carcinogenic; c = not classified; NA = not 

available. 
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Figure 1.3 − Schematic pathway of benzo[a]pyrene metabolic activation. The figure is taken from 

Obach and Kalgutkar [64]. 

Therefore, the potential toxicity of PAHs in sediments can be assessed by 

considering the main carcinogenic PAH (i.e. benzo[a]pyrene). Indeed, in–situ PAH 

toxicity can be compared to that shown by the benzo[a]pyrene as the equivalent 

toxicity calculated through the following equation [63,65]: 

𝑇𝐸𝑄 = 𝛴𝐶𝑖 × 𝑇𝐸𝐹𝑖       (Eq. 1.3) 

where TEQ is the toxic equivalent quotient; 𝐶𝑖 is the concentration of the individual 

PAH and 𝑇𝐸𝐹𝑖 is the toxic equivalent factor related to the benzo[a]pyrene (Table 1.3). 

After defining the PAH toxicity, a site–specific risk analysis can be performed to 

assess the risk coupled with a contaminated site, by identifying actions and objectives 

to be achieved in order to protect human health and the environment [66]. 
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1.2 PAH sources and environmental pathways 

1.2.1 Pyrogenic and petrogenic sources 

PAHs are mainly produced by pyrogenic and petrogenic processes [67]. Pyrogenic 

PAHs are formed by incomplete combustion or pyrolysis of the organic matter at 

temperatures ranging from 350 to 1,200 °C [53,65]. High temperatures lead to the 

break of carbon–carbon and carbon–hydrogen bonds and the formation of free radicals 

that can react with acetylene to form aromatic structures (Figure 1.4) [68]. These 

processes can occur during human or industrial activities (e.g. biomass heating 

systems, coal combustion, asphalt laying, vehicular emissions), and natural events 

(e.g. forest fires). Some pyrogenic PAHs are pyrene, benzo[a]pyrene, dibenzo[a, 

l]pyrene, tetraphene, dibenzo[a, h]anthracene and benzo[ghi]perylene [69,70]. 

Pyrogenic PAHs are generally found in areas surrounding industrial and coastal areas 

[71] since they have a tendency towards the accumulation in the sediment due to 

hydrophobic characteristics (see Section 1.1.1). Also, pyrogenic PAHs can remain in 

the sediment for a longer time being more recalcitrant rather than petrogenic PAHs 

[70]. 

 

Figure 1.4 – Mechanism of formation of polycyclic aromatic hydrocarbons starting from ethane. The 

figure is taken from Ravindra et al. [68]. 

Petrogenic PAHs are generated by the decomposition of the organic matter at low 

temperatures (i.e. 100–150 °C) and geological formation times [53]. Some sources of 

petrogenic PAHs are the transport and storage activities of oil, lubricating oils, motor 
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oil, vehicle fuels, refinery products and oil spills. Petrogenic PAHs consist of 2–4 

benzene rings including naphthalene, anthracene, phenanthrene and chrysene (Figure 

1.1 and Table 1.1) [69]. 

A diagnostic method based on the ratio of contaminants found in the area of interest 

can be used to differentiate the origin of PAHs since it has been tested that the 

relationship between contaminants with similar molar mass is also characterized by 

comparable chemical–physical properties (Table 1.1 and 1.2) [72]. Several ratios such 

as phenanthrene/anthracene, fluoranthene/pyrene and benzo[a]anthracene/chrysene 

are used as markers to indicate the origin of petrogenic PAHs (Table 1.4) [73–75]. 

Since petroleum is composed of a higher phenanthrene concentration compared to 

anthracene, is also thermodynamically more stable than its isomer, thus a 

phenanthrene/anthracene ratio higher than 15 (Table 1.4) indicates a petrogenic 

pollution, whereas a ratio of lower than 10 (Table 1.4) indicates pyrogenic source. 

Table 1.4 – Polycyclic aromatic hydrocarbon (PAH) ratios used to identify the PAH source [76]. 

PAH ratios Pyrogenic Petrogenic 

PHE/ANT <10 >15 

FLU/PYR >1 <1 

BaA/CHR <2 >2 

ANT/(ANT+PHE) >0.1 <0.1 

FLU/(FLU+PYR) >0.5 <0.4 

BaA/(BaA+CHR) >0.35 <0.2 

BaP/(BaP+CHR) >0.3 <0.3 

Σ LMW/Σ HMW PAHs <1 >1 

PHE = Phenanthrene; ANT = anthracene; FLU = fluoranthene; PYR = pyrene; BaA 

= benzo[a]anthracene; CHR = chrysene; BaP = benzo[a]pyrene; LMW = Low 

molecular weight; HMW = High molecular weight. 

  



 

16 

 

In addition to the abovementioned sources, PAH can be generated from biological 

sources, i.e. from processes of biotransformation, biodegradation, synthesis and 

accumulation by bacteria, fungi, phytoplankton, algae and plants. Naphthalene and 

perylene are an example of PAHs that belong to this group [67]. 

1.2.2 PAHs in the environment 

PAHs are ubiquitous in the environment since their presence in the atmosphere, 

freshwater and marine aquifer systems, soils and sediments. The interactions between 

the environment and flora or fauna can proceed through various natural 

transformations such as volatilization, photo–oxidation, bioaccumulation, adsorption 

and biodegradation (Figure 1.4) [69]. The chemical composition is not altered during 

PAH transfer processes such as the volatilization, which is regulated by Henry’s law 

that show how substances with a higher Henry’s coefficient (H) can better volatilize 

than compounds with a lower H (Table 1.2) [77]. On the contrary, the chemical and 

biological degradation (Figure 1.5) alter the PAH chemical structure by transforming 

PAHs to intermediates metabolites until their eventual total removal. Notwithstanding, 

PAH degradation rates due to natural attenuation is low and decrease with the increase 

of PAH molecular weight. For instance, LMW PAHs can be easily removed in the soil 

after atmospheric deposition through a biological process as a function of 

microorganisms involved in biodegradation aimed at using the contaminant as an 

energy source [48]. However, the biodegradation of the PAHs is also affected by 

several parameters such as soil characteristics (e.g. organic matter, presence of 

nutrients) and environmental factors (e.g. temperature, dissolved oxygen). Indeed, 

PAHs are less subject to photochemical or biological oxidation after their deposition 

onto sediments (Figure 1.5), especially when the environment is governed by anoxic 

conditions. Therefore, PAH adsorption onto sediment particles and subsequent PAH 

accumulation is one of the main route in the aquatic environment (Figure 1.5) [78]. 
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Figure 1.5 – The possible pathways of polycyclic aromatic hydrocarbons (•) in the environment. OM = organic matter. 



 

18 

 

1.2.3 PAHs in sediments and the harbor contamination issue 

Road leaching, oil spills, atmospheric deposition, and untreated wastewater 

discharge can contribute to waterbody contamination (Figure 1.5) [79]. After an 

intricate PAH transport due to physical–chemical characteristics (e.g. log Ko/w, H) 

(Table 1.2) and environmental conditions (e.g. geomorphologic properties), naturally 

and artificially generated PAHs can be adsorbed onto the organic matter and 

subsequently combined with sediments (Figure 1.5) [80]. For instance, PAHs with low 

solubility (e.g. PHE, PYR, ANT) have a higher tendency to accumulate in sediments 

compared to those with a greater solubility such as naphthalene (Table 1) [81,82]. 

Afterwards, sediment–adsorbed PAHs can be driven by external factors such as water 

flow and bioaccumulation in fishes (Figure 1.5), thus posing a potential risk to human 

health [39]. According to Merhaby et al. [83], Mediterranean sediments exhibit a 

higher PAH concentration (i.e. up to approximately 1,700 mg kg−1) in a calm zone 

such as a harbor compared to those shown in a dynamic environment such as a river 

body (i.e. up to approximately 600 mg kg−1). 

Since the dredging of harbour areas is highly required every year (i.e. up to 200 

Mm3 in Europe, SedNet) to allow navigation by maintaining a constant level of the 

seabed, there are subsequent issues for the sediment management (e.g. landfilling, 

coastal nourishment, reuse) due to the PAH pollution of dredged sediments. [11]. 

Therefore, the study of innovative and proper technologies for the remediation of 

PAH−contaminated marine sediments is of vital importance to the scientific 

community. 

1.3 PAH bioavailability and bioaccessibility 

Remediation techniques such as biological and physical treatments are widely used 

for the removal of PAHs from contaminated sediments (Table 1.5). However, these 

remediation treatments are strongly affected by the bioavailability level of the 

persistent organic pollutants (POPs) such as PAHs [84]. Ehlers and Luthy [85] 

explained the word “bioavailability” as the unique physical−chemical and biological 

interactions that define the exposition of living organisms to chemicals associated with 

soils and sediments. The expression ‘bioaccessibility’ instead includes the fraction of 

the compound that is bioavailable at present (i.e. real bioavailability) with the amount 

that is potentially bioavailable [86]. PAH bioaccessibility is generally assessed through 

the extraction with mild solvents (e.g. butanol) desorbing the pollutant fraction poorly 

sediment–associated [87] and demonstrated to be more practical for bioremediation 
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purposes also due to the limited time associated with the test [88]. On the contrary, 

PAH bioavailability can be determined through the employment passive samplers such 

as polyoxymethylene (POM) by measuring pore water PAHs with tests that can require 

approximately 30 days for reaching the equilibrium [89], and therefore, this measure 

is more suitable for determining bioavailable PAHs after using physical techniques 

(e.g. capping) [90]. 

In general, the bioavailability of an organic contaminant can be influenced by the 

adsorption of PAHs onto the sediment organic matter (SOM) and minerals, the 

transport mechanisms of PAHs in sediment (Figure 1.5) and the microbial adaptations 

to increase PAH bioavailability under conditions of limited bioavailability [91]. The 

adsorption of PAHs onto SOM can be affected by the presence of aromatic and 

aliphatic structures, the polarity, the spatial arrangement and the SOM physical 

conformation [92]. Both the aromatic and aliphatic structures are important for 

adsorption onto SOM, but neither prevails over the other. The presence of hydrophobic 

structures and porous particles can further improve the adsorption rate, whereas the 

presence of carbohydrates and/or peptides can decrease PAH adsorption [93]. Also, 

the adsorption of PAHs onto minerals can be associated with surface reactions and 

presence of micro–pores. Sediment minerals can show a high affinity with polar 

compounds due to the presence of silica by generating hydrophobic bridges [94]. 

However, the mineral content regulates PAH adsorption only when a low organic 

matter amount occurs in the sediment [91]. Indeed, Yang et al. [95] reported that SOM 

thickness can highly affect PAH bioavailability in the presence of a mineral complex. 

Finally, the transport of PAHs in the sediment can take place through combined 

diffusion processes as a function of octanol–water partition coefficients and Henry’s 

law constant (Table 1.2) [96]. The mass transfer by the intra–particle diffusion and 

intra–organic matter are the major mechanisms contributing to the sequestration of 

PAHs in the sediment [97]. Therefore, when PAHs are not accessible to 

microorganisms, the diffusion mechanisms can increase their bioavailability [91]. The 

dissolved form of PAH into interstitial water is considered to be more bioavailable 

than the adsorbed fraction [88]. In addition to the dissolved phase alone, the adsorbed 

PAHs may also be bioavailable. PAHs adsorbed onto sediments can be released in the 

aqueous phase within the presence of a biosurfactant, otherwise, the adsorbed PAH 

can be directly degraded through an extracellular enzyme [98]. 
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1.4 Remediation technologies for the removal of PAHs 

from contaminated sediments 

The contamination by PAHs represents a potential risk to human health, and 

therefore several remediation techniques can be used to remediate contaminated 

sediments. The persistence of PAHs in sediments can be attributed to the failure of 

natural attenuation such as the degradation process, which depends on various 

parameters such as PAH physical–chemical properties (e.g. solubility, molecular 

weight), environmental conditions (e.g. pH, temperature) and sediment characteristics 

(e.g. organic substances, porosity) [3,53,79]. Therefore, the remediation of sediment 

is required by employing a range of physical–chemical, biological and thermal 

technologies (e.g. adsorption, aerobic bioremediation and thermal desorption) (Table 

1.5) [35,99]. The thermal techniques (Table 1.5), in which the rise of temperature leads 

to volatilization or destruction of PAHs from the polluted sediment, are costly and 

harmful to the environment due to energy required for heating, and the destruction of 

the organic substance and living microflora initially existing in the sediment [100]. 

Bioremediation (Table 1.5) has proved to be an environmentally–friendly and 

inexpensive alternative approach by exploiting the metabolic capacity of the 

microorganisms to use the PAHs as growth substrate through aerobic or anaerobic 

processes [40]. However, the biodegradation process is strongly limited by the PAH 

bioavailability and other parameters such as pH, temperature and presence of nutrients 

[40]. Therefore, the physical–chemical (Table 1.5) processes can be applied by 

generally showing high PAH removal efficiencies [35]. Notwithstanding, these 

processes can be invasive for the environment and expensive to be implemented due 

to drawbacks such as the generation of spent effluents (e.g. sediment washing) and the 

addition of chemicals (e.g. chemical oxidation) [21,101], respectively. 
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Table 1.5 − The main conventional remediation techniques for contaminated sediments [12,35,76,102–

105]. 

 Bioremediation Physical–chemical Thermal 

Technologies 

Composting, 

Landfarming, 

Bioreactor, 

Bioaugmentation, 

Biostimulation, 

Biosparging and 

Phytoremediation 

Sediment washing, 

Immobilization, 

Stabilization, 

Chemical oxidation, 

Photocatalytic 

degradation, 

Elektrokinetic, 

Capping and Air 

sparging 

Incineration, Thermal 

desorption, Vitrification 

Advantages 

 Biotransformation 

of PAHs to a less 

toxic compound, 

Simple equipment, 

High safety, Low 

energy 

consumption, Cost 

saving, Can be 

applied  both in‒situ 

and ex‒situ, Can be 

performed in both 

aerobic and 

anaerobic 

environments 

Effective for 

dissolved and 

adsorbed 

contaminants, High 

removal efficiencies, 

Competitive costs, 

Short treatment time,  

Controlled production 

of VOCs, Possible 

combination with 

biological processes 

Low treatment time, The 

remediated sediment can 

be reused, Reduced 

production of toxic 

substances, PAHs are 

destroyed, The polluted 

matrix can be used for 

energy production, High 

treatment efficiency, 

Applicable in emergency 

situations due to accidental 

discharge of PAHs 
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Disadvantages 

Limited to 

biodegradable 

compounds, High 

remediation time, 

Slow microbial 

growth, Low PAH 

bioavailability, 

Superficial 

treatment, Highly 

dependent on 

environmental and 

operational factors, 

Can require an 

external energy 

source, Inoculated 

microorganisms can 

compete with the 

indigenous 

microbial structure 

Risk of PAH 

mobilization, Large 

spent washing 

effluents, Preferential 

routes of the 

contaminant, Non‒

eco‒friendly, Possible 

dispersion of 

chemicals, Reagent 

cost, Acidic pH 

values (Fenton 

process) 

High cost due to energy 

consumption, Dredging 

required; Can be applied 

only ex‒situ, Altered 

chemistry of sediment, 

Treatment of off‒gas, 

Difficult to be 

implemented in 

industrialized and 

residential areas, A poor 

design of the intervention 

could create the migration 

of the pollutant, Could 

impact on groundwater 

Costs €∙m‒3 of 

sediment 
5–300 10–600 50–2,000 

PAH removal Up to 97% >99% >99%  

PAH = Polycyclic aromatic hydrocarbon; VOCs = volatile organic compounds 

Although some technologies can show great removal efficiencies (Table 1.5), high 

efforts for their implementation and management can be required. Indeed, it is 

necessary to identify the most technically, environmentally and economically 

sustainable remediation technique for a certain site. Indeed, the remediation process 

can be performed as in–situ or ex–situ when is carried out directly in/on the polluted 

site with considerable cost savings (e.g. capping) or after sediment dredging elsewhere 

(e.g. reactor) with improved efficiency, respectively. Although the operation of an ex–

situ reactor may be an expensive treatment, remediation is not affected by external 

conditions by the setting and monitoring of the optimal parameters for speeding up the 

PAH removal from the contaminated matrix. Anyway, the research of proper 

remediation for contaminated sites should be rapidly developed by identifying 

techniques that allow to achieve the stringent goals imposed by national legislation 

[76]. 
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1.5 Bioremediation 

Bioremediation includes a pool of techniques in which microorganisms can be used 

for the removal of pollutants (e.g. PAHs) from an environmental matrix [106]. The 

microbial communities involved during the PAH biodegradation process can be 

composed of bacteria, fungi or algae, which can directly use PAHs as an energetic 

substrate or for cellular synthesis by enabling biomass growth [107]. Thus 

microorganisms can proceed through a PAH biomineralization into simpler 

compounds (e.g. catechol) by eventually transforming the pollutant into stable 

substances such as carbon dioxide and water, or methane under aerobic and anaerobic 

conditions, respectively [40]. Sometimes microorganisms can biodegrade a PAH by 

co–metabolism in which the simultaneous action of other similar compounds (e.g. 

pyrene and benzo[a]pyrene) or enzymes leads to the decrease of PAH concentrations 

[40]. During the mentioned mechanism, PAHs are indeed biotransformed to a lower 

molecular weight compound, thus the latter can be used as a source of carbon and 

energy by microorganisms [108]. However, the reaction intermediates can be toxic to 

the involved microbial community and even more reactive than the original pollutant. 

The biodegradation process can occur under aerobic, anaerobic and anoxic 

conditions. The aerobic biodegradation of PAHs is well known in the literature and 

can present some limitations such as the difficulty to maintain the aerobic conditions 

due to high oxygen demand for the biological reactions [109]. On the other hand, the 

anaerobic degradation of PAHs does not require oxygen as an electron acceptor but 

can be difficult to be performed due to the complexity of the process [110]. Otherwise, 

anoxic conditions can be exploited by using nitrate or sulfate as electron acceptors 

since dominating PAH–contaminated marine sites [111]. However, the efficiency of 

the biodegradation process is influenced by the PAH bioavailability towards the 

microorganisms. Bioavailability mainly depends on the physical–chemical properties 

of involved PAH (Table 1.1 and 1.2) and sediment (e.g. organic substance), and 

therefore, the bioremediation can be enhanced by biostimulation, bioaugmentation or 

using surfactants [112]. 

1.5.1 Aerobic process 

Aerobic bioremediation is a degradation process in which microorganisms can 

degrade pollutants in presence of oxygen. PAHs are oxygen–free compounds, and due 

to their low solubility in water (Table 1.1) inevitably require molecular oxygen as a 

terminal electron acceptor (TEA) (Table 1.8) to be metabolized by microorganisms 

[113]. Thus, aerobic bacteria strains through the oxygenase can degrade PAHs into 
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simpler molecules (Figure 1.6) using enzymes (i.e. monooxygenase and dioxygenase), 

which are formed by polypeptide chains and can catalyze the introduction of O2 into 

PAHs. 

 

Figure 1.6 – Catabolic pathway of naphthalene by aerobic bacteria. The figure is taken from Seo et al. 

[114]. 

The catabolic degradation of naphthalene (Figure 1.6) here used as a model 

compound to understand the degradation pathway that generally occurs via aerobic 

bacteria is also a part of the degradation process of other PAHs such as PHE. Several 

bacteria strains (e.g. Pseudomonas, Rhodococcus, Sphingomonas, and Streptomyces) 

can use naphthalene as an energy source [114]. 

During the aerobic naphthalene degradation, the monooxygenase enzyme 

introduces only one oxygen atom into the organic pollutant, whereas the second 

oxygen atom is reduced to water via a reducing agent such as NADH2 [115]. On the 

contrary, dioxygenase introduces two oxygen atoms in the hydroxyl form into the PAH 
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molecule [115]. Therefore, the first step of the aerobic bacterial degradation of PAHs 

is the hydroxylation of an aromatic ring through the activation of dioxygenase enzymes 

by producing a cis‒dihydrodiol compound (Figure 1.6) [116]. Afterward, a PAH is re‒

aromatized with the dehydrogenase enzyme and subsequently the aromatic ring is 

cleavaged by adding a further O2 with the dioxygenase [117,118]. A catechol is finally 

produced by the cleavage of salicylate, which is obtained by the meta–cleavage of 1,2–

dihydroxynaphthalene [119] by leading to the pyruvate and acetyl CoA production 

(Figure 1.6) [120]. 

The main treatments and results referring to aerobic bioremediation are summarized 

in Table 1.6 as follows. 

Table 1.6 – Summary of studies reporting the aerobic bioremediation of polycyclic aromatic 

hydrocarbon (PAH)–contaminated matrices. 

Aerobic 

bioremediation 
Investigated PAHs Removal [%] References 

Composting 

LMW and HMW 

PAHs 

40.7‒61.2 % for 

LMW PAHs and 18.7‒

33.1% for HMW PAHs 

[121] 

20‒60% for LMW 

PAHs and                             

30‒80% for HMW PAHs  

[35] 

Benzo[a]pyrene and 

fluoranthene 

89‒59 % during 

mesophilic phase and 

71‒59 % during 

thermophilic phase 

[102] 

Naphthalene, 

acenaphthylene, 

acenaphthene, fluorene, 

anthracene and 

phenanthrene 

89% at 38 °C and 

45% at 55°C 
[122] 

Landfarming 

Phenanthrene, 

anthracene and 

pyrene 

22‒67% [123] 

Combination of 

biostimulation and 

bioaugmentation 

during landfarming 

HMW PAHs 76–87% [124] 
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Landfarming 

treatment with the 

addition of sewage 

sludge 

ΣPAHs, 

phenanthrene, pyrene, 

benzo[a]pyrene 

36% for ΣPAHs; 

100% for 

phenanthrene and 

benzo[a]pyrene, and 76% 

for pyrene 

[102] 

Bioaugmentation 

with a fungal–
bacterial consortium 

and biostimulation of 

native microbiota 

Phenanthrene, 

pyrene and 

benzo[a]pyrene 

84% [125] 

Biostimulation and 

bioaugmentation with 

bacterial consortium 

Fluorene, 

phenanthrene and 

pyrene 

97 % with 

biostimulation, 

bioaugmentation was not 

significantly effective 

[126] 

Aerobic bioreactor 

Naphthalene, 

acenaphthene, fluorene, 

phenanthrene, 

anthracene, 

fluoranthene,  pyrene, 

benz[a]anthracene, 

chrysene, 

benzo[b]fluoranthene, 

benzo[k]fluoranthene, 

benzo[a]pyrene, 

dibenz[a,h]anthracene, 

benzo[g,h,i] and 

perylene 

76% for ΣPAHs [127] 

LMW = Low molecular weight; HMW = High molecular weight. 

The bioremediation techniques generally employed for PAH–contaminated 

sediments are landfarming and composting (Table 1.5 and 1.6), which are sustainable 

and economical technologies, which are performed under aerobic conditions [128]. 

Land farming is performed with periodic sediment turning over for the removal of 

LMW PAHs, and the microbial activity can be also stimulated with the addition of 

extra substances such as urea and phosphates, or allochthones bacteria [35]. For 

instance, Jacques et al. [123] reported a PAH degradation of 67, 48 and 22% for 

phenanthrene, anthracene and pyrene after 30 days of bioaugmented landfarming, 

respectively, to improve low removal efficiencies probably affected by limited 

bioavailability of pollutants [76]. Similarly, the composting is performed with the 

injection of air to allows the degradation of HMW PAHs with a reduction comprised 

between 20‒60% and 37‒80% after 54 and 100 days, respectively [35]. For example, 

Han et al. [121] achieved a PAH degradation comprised between approximately 19 
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and 60% for HMW and LMW PAHs, respectively. Also in this case, when composting 

lacks sufficient nutrient presence, a biostimulation method can be employed to 

improve and speed up the biodegradation processes [76]. 

Thus, the bioaugmentation and biostimulation (Table 1.7) processes can represent 

a booster for the well‒established bioremediation treatments. The bioaugmentation 

(Table 1.7) is based on the addition of further microbial cultures with a high capability 

to biodegrade a specific compound, by previously enrichment in the laboratory [129]. 

This technique can be used when the indigenous microbial community is poor and 

cannot biodegrade PAHs. Although the biodegradation process can be improved, the 

inoculated microorganisms may compete with the existing microbial community and 

inevitably decrease the process efficiency [130]. Also, Wu et al. [131] showed that the 

introduction of an allochthonous species can lead to a decrease in microbial 

biodiversity since the surviving inoculum can increase in number and become 

predominant compared to other microorganisms. Indeed, better biodegradation results 

can be achieved with a heterogeneous microbial community [131]. Moreover, the 

expansion from lab‒scale, to pilot and full‒scale should be gradual to avoid drawbacks 

[132]. A further technique to be considered is biostimulation (Table 1.7), in which 

nutrients or amendments are added to the sediment to stimulate the activity of the 

existing microbial community [19]. In such a way, the carbon to nitrogen to 

phosphorous (C:N:P) molar ratio is balanced (e.g. 100:10:1) by adding fertilizers or 

organic amendments rich in nitrogen such as sewage sludge [133]. A drawback of this 

process can be that the organic substrate is competitive compared to PAHs [134], and 

at times, biostimulation can be combined with bioaugmentation to further enhance 

biodegradation efficiency [130]. Haleyur et al. [105] recently showed a high PAH 

removal (i.e. by approximately 94%) after 30 days of combined biostimulation and 

bioaugmentation in a soil initially contaminated by 1.5 g of PAHs∙kg‒1 of total solids. 

On the contrary, other studies reported that bioaugmentation cannot significantly 

contribute to the biodegradation process and therefore biostimulation is sufficient to 

achieve a satisfying bioremediation efficiency [105,135]. Further research focused on 

the introduction of external biosurfactants (e.g. lipopeptide) [136] to improve 

biostimulation (Table 1.7) by increasing PAH bioavailability [137]. In order to 

correctly use this methodology, it should be considered that the substances that are 

introduced can be toxic to microorganisms, become a preferential source of nutrition 

instead of PAHs, increase bacteriostatic properties and unintentionally mobilize the 

contaminants in the surrounding areas by enhancing their solubility [138]. 
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Table 1.7 – Main advantages and disadvantages of biostimulation and bioaugmentation processes. 

Treatment Main feature Advantages Disadvantages 

Bioaugmentation 

Introduction of 

selected and 

engineered microbial 

species for the 

degradation of a 

specific PAH 

High 

biodegradation 

efficiency after 

microbial 

inoculation; cost‒

saving; reduced time 

of biodegradation 

Limited growth 

and reproduction of 

the microbial 

community; 

competition with 

indigenous species; 

hard to be 

implemented in‒situ 

Biostimulation 

Introduction of 

nutrients, 

additives/surfactants 

that enhance the 

biological activity 

and characteristics 

of the site 

Enhancement of 

biodegradation 

performances by the 

autochthonous 

microorganisms; 

improved 

degradation 

efficiencies than 

bioaugmentation 

Natural 

amendments or 

synthetic additives 

can be degraded or 

show toxicity 

towards 

microorganisms; can 

increase 

bioavailability and 

mobility of PAHs 

PAH = Polycyclic aromatic hydrocarbon. 

1.5.2 Other terminal electron acceptors 

Anoxic and anaerobic biodegradation of PAHs can occur when freely dissolved 

oxygen is limited or absent [139]. Indeed, microorganisms can use various TEAs 

different from O2, i.e. SO4
2‒, NO3

‒, Fe3+, Mn4+ and CO2 [140] (Table 1.8) to enhance 

the conversion of PAHs into lower molecular weight compounds [141]. The 

breakdown of organic compounds releases electrons that can convert ADP to ATP and 

are accepted by the mentioned TEAs by obtaining water and other molecules (Table 

1.8). Specifically, sulfate is biologically transformed to sulfide by sulfate‒reducing 

bacteria, nitrate is converted to nitrogen gas by denitrifying bacteria, ferric iron and 

manganese oxides are reduced to Fe2+ and Mn+3 by metal‒ion‒reducing bacteria, 

respectively, and carbon dioxide can be reduced to biomethane by methanogens (Table 

1.8) [4]. The ability to receive electrons is affected by TEA redox potential, which 

value is higher for nitrate (i.e. +433 mV) compared to metal ions, sulfate and carbon 

dioxide (i.e.+200, ‒200 and ‒380 mV, respectively) (Table 1.8) [140,142]. Therefore, 
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the anaerobic biodegradation through the reduction of CO2 to CH4 can occur when the 

other TEAs are limited or absent due to the lowest redox potential. 

Table 1.8 – Redox potential and standard Gibbs free energy (ΔG0) for terminal electron acceptors 

during polycyclic aromatic hydrocarbon degradation [4,140]. 

Electron 

acceptor 
Process 

Redox potential 

[mV] 

ΔG0’ 

[kJ·mol‒1]a 
Final products 

O2 Aerobic metabolism +818 ‒220 CO2, H2O 

NO3
‒ Nitrate reduction +433 ‒795a N2 

Fe3+ Metal ion reduction +200 ‒228 Fe2+ 

Mn4+ Metal ion reduction +200 NA Mn3+ 

SO4
2‒ Sulfate reduction ‒200 ‒152 H2S 

CO2 Methanogenesis ‒380 ‒63 CH4 

a = calculated at pH 7 and 25 °C; b = nitrate reduction to nitrite is ‒163 kJ·mol‒1 [143]; 

NA = not available. 

The vast majority of PAHs cannot be solubilized in water and tends to accumulate 

in the sediment layers where anoxic and anaerobic conditions occur. Thus, the organic 

pollutants can be biodegraded through the ability of the abovementioned 

microorganisms, which swarm in these environments. This type of treatment is 

recommended in the presence of high PAH concentrations in order to limit aeration, 

and therefore remediation costs [35]. The studies conducted on bioremediation under 

anoxic and anaerobic conditions are summarized in Table 1.9. 

PAH removal is enhanced under nitrate‒reducing conditions (i.e. up to 96%, Table 

1.9) than metal‒ion‒ and sulfate‒reducing, and methanogenic conditions (i.e. no 

effects, up to 88 and 91%, respectively). Therefore, nitrate is used as an electron 

acceptor in the presence of denitrifying bacteria [144] due to the redox potential close 

to that of oxygen (Table 1.8) [4]. When metal ions are involved, no significant effects 

on PAH biodegradation can be achieved [139] likely due to the fact that a high 

concentration of Fe3+ and Mn4+ as TEA can inhibit the anaerobic process by inducing 

toxic effects towards bacterial activity [145]. Likewise, the sulfate reduction process 

can exhibit toxicity toxic towards microorganisms due to hydrogen sulfide production 

[146]. Therefore, the scientific community is moving forward to the employment of 

anaerobic digestion (AD) processes aimed at producing an energetically valuable 

product (i.e. biomethane) by simultaneously remediating the contaminated site. 
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Table 1.9 – Summary of works reporting the anoxic and anaerobic degradation of polycyclic aromatic 

hydrocarbons (PAHs). 

Conditions Tested PAH 
PAH 

degradation [%]  
References 

Nitrate‒reducing 

Naphthalene 
up to 93% after 

25 d 
[147] 

Phenanthrene, 

naphthalene 

17‒96% after 30 

d 
[148] 

Benzo[a]pyrene 84% after 10 d [149] 

Metal‒ion‒
reducing* 

Phenanthrene, 

fluorene, 

fluoranthene and 

pyrene, 

No significant 

effect 
[139] 

Sulfate‒reducing 
Fluorene and 

phenanthrene 

65‒88% after 21 

d 
[150] 

Methanogenesis 

Naphthalene and 

benzo[a]pyrene 

52‒85% after 90 

d 
[151] 

Fluorene, 

Phenanthrene, 

Anthracene, 

Fluoranthene and 

Pyrene 

31‒91% after 50 

d 
[135] 

Fluorene, 

phenanthrene and 

pyrene 

>50% after 20 d 

in presence of 

glucose or acetate 

[144] 

* = includes iron(III). 

1.5.3 Anaerobic digestion 

AD is a biochemical process in which complex organic substances (e.g. 

carbohydrates and lipids) are converted into less complex biomolecules (e.g. 

monomers, fatty acids and acetate) and ultimately to biogas (i.e. CH4 and CO2) by 

involving various anaerobic microorganisms in absence of oxygen [152]. The biogas 

produced during AD is considered a form of green energy, which has several uses such 

as producing electricity and heat in the cogeneration plants [153]. The anaerobic 

degradation of PAHs occurs after the ring‒opening through 4 main phases (Figure 1.7) 

called hydrolysis (Eq. 1.4.1), acidogenesis (Eq. 1.4.2), acetogenesis (Eq. 1.4.3) and 

methanogenesis (Eq. 1.4.4 and 1.4.5) [152], which are summarized as follows [154]: 
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𝑛 ∙ (𝐶6𝐻10𝑂5) +  𝑛 ∙ 𝐻2𝑂 →  𝑛 ∙ 𝐶6𝐻12𝑂6 + 𝑛 ∙ 𝐻2   (4.1) 

𝐶6𝐻12𝑂6 ↔ 2 ∙ 𝐶𝐻3𝐶𝐻2𝑂𝐻 +  2 ∙ 𝐶𝑂2     (4.2) 

𝐶𝐻3𝐶𝐻2𝑂𝐻 + 2 ∙ 𝐻2𝑂 ↔  𝐶𝐻3𝐶𝑂𝑂− + 3 ∙ 𝐻2 + 𝐻+   (4.3) 

𝐶𝑂2 + 4 ∙ 𝐻2 → 𝐶𝐻4 + 2 ∙ 𝐻2𝑂      (4.4) 

𝐶𝐻3𝐶𝑂𝑂𝐻 → 𝐶𝐻4 + 𝐶𝑂2       (4.5) 

During the hydrolysis step (Figure 1.7), specialized extracellular enzymes secreted 

by microorganisms allow to biologically transform organic macromolecules (i.e. 

carbohydrates, proteins, and lipids) into simpler compounds such as monomeric 

sugars, amino acids, and long‒chain fatty acids to favor their metabolization. 

Afterwards, the acidogenesis (Figure 1.7) consists of the biodegradation of the main 

hydrolysis products to obtain VFAs (e.g. propionic and butyric acid), ethanol, 

hydrogen, and carbon dioxide as intermediates of reaction. Subsequently, the 

acidogenesis products are further degraded to acetic acid during the third phase, i.e. 

acetogenesis (Figure 1.7). Finally, methanogenesis (Figure 1.7) takes place through 

the biogas production by hydrogenotrophic and acetoclastic microorganisms, which 

reduce carbon dioxide and acetate, respectively. The generated methane is mainly 

obtained via the degradation of acetate (i.e. approximately 60%, Eq. 1.4.5), whereas 

the remaining 30% is produced starting from H2 and CO2 (Eq. 1.4.4) [155]. 

Although the advantages from the energy point of view, the methanogenic phase is 

challenging to be sustained due to the limited ATP gain [155,156] and process 

drawbacks since several parameters are involved during AD (Table 1.10). The process 

is very sensitive and tends to inhibit itself easily since each phase occurs in series and 

also in parallel by microorganisms that synchronically work, thus the activity of one 

generates a substrate for the other [155]. Several factors can affect the activity of 

methanogens, such as temperature, pH, C/N ratio, moisture content and the presence 

of inhibiting substances (Table 1.10). Also, previous studies showed that the 

conversion of PAHs through methanogenesis can be less effective than the use of other 

TEAs such as nitrate (Table 1.9). This is most likely due to a lower Gibbs free energy 

(ΔG0’) for PAH degradation using carbon dioxide‒reducing conditions (i.e. ‒63 

kJ·mol‒1) compared to nitrate‒reducing conditions (i.e. ‒163 kJ·mol‒1) under standard 

conditions and pH 7 (Table 1.8) [4]. 
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Table 1.10 – Parameters affecting AD process [157–162]. 

Parameters Units Values 

Temperature: 

Mesophilic 

Thermophilic 

°C 

 

25‒45 

45‒65 

pH: 

Acidogenesis 

Methanogenesis 

‒ 

 

5‒6.5 

6.5‒8.0 

Alkalinity mg CaCO3∙L
−1 1,000‒5,000 

VFAs 
mg∙L−1 of acetic 

acid (HAc) 
50‒2,000 

OLR: 

Mesophilic 

Thermophilic 

kg ∙VSS∙m−3∙d−1 

 

0.8‒6.4 

1.5‒7.5 

C:N ratio mole/mole 10:1‒35:1 

C:N:P ratio mole/mole 
100:5:1‒

100:10:1 

Moisture content % >60 

SRT d 15‒30 

HRT d 7‒30 

Biogas 

composition: 

Biomethane 

Carbon dioxide 

Hydrogen sulfide 

Nitrogen 

% 

 

 

55‒75 

30‒45 

0‒5 

0.5 

Inhibiting 

substances 
‒ 

H2S, NH4, 

potential toxic 

elements 

VFAs = volatile fatty acids; OLR = organic loading rate; VSS = suspended volatile 

solids; C:N = carbon to nitrogen; C:N:P = carbon to nitrogen to phosphorous; SRT = 

sludge retention time; HRT = hydraulic retention time. 
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Figure 1.7 – Principal phases involved during the anaerobic digestion process. 

Therefore, strategies to improve AD process can be the bioaugmentation and 

biostimulation, as also reported for aerobic processes (see Section 1.6.1). However, 

these techniques have been barely used for the remediation of PAH‒contaminated 

sediments, and therefore, future studies should be aimed at enlightening the 

employment of organic wastes for simultaneous PAH degradation and biogas 

production. 

1.6 Physical‒chemical treatments 

1.6.1 Sediment washing 

Among the physical‒chemical treatment, sediment washing (SW) can be used as an 

ex‒situ method to remediate contaminated sediment after dredging operations [163]. 

Polycyclic aromatic 

hydrocarbons 

(PAHs)

Hydrolysis

(sugars, amino acids, long 

chain fatty acids)

Acidogenesis (volatile fatty 

acids, lactate, H2, CO2)

Acetogenesis 

(acetate)

Ring‒opening

Methanogenesis 

(CH4, CO2)
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Natural extracting agents such as organic solvent (e.g. methanol, humic acid, vegetable 

oil) and synthetic surfactants (e.g. cationic, non‒ionic) can be employed during SW to 

remove the pollutant adhered to the solid matrix via desorption mechanism [35] (Table 

1.11). It is commonly assumed that desorption biphasic rates (i.e. fast and slow) are 

involved during SW by following kinetic models such as an intra‒particle diffusion 

kinetic. Indeed, the great part of PAH adsorbed within sediment pores can desorb at a 

slower rate than the fraction adsorbed onto the outer surface [164]. This remediation 

treatment can achieve a high removal efficiency of PAHs limiting the destruction of 

physical‒chemical properties of sediment and microbial activity with a reduced 

operating cost [165,166]. However, the applicability and efficiency of SW can be 

affected by the organic fraction content in sediment [167] and pollutant properties (e.g. 

Ko/w, Table 1.2). Also, SW efficiency can be influenced by the quantity and type of the 

extracting agent, the solid to liquid (S/L) ratio and the remediation time [168]. 

Generally, removal efficiencies greater than 90% can be achieved by using an S/L ratio 

lower than 1:10, with a consequent increase of process cost (e.g. spent SW effluents) 

[35,76]. On the other hand, a low S/L ratio can lead to a decrease of time for reaching 

the equilibrium, which does not exceed 72 hours (Table 1.11) [169]. With regard to 

the type of extracting agents (Table 1.11), the use of surfactants generally enhances 

the SW efficiency by increasing PAH solubility due to the presence of the hydrophobic 

interior structures [166]. However, PAH removal efficiency can be lower than 90% 

when the dosage of extracting agent is below 2g∙L‒1, especially in the presence of 

cationic surfactants [104]. A non‒toxic, biodegradable and economic alternative can 

be the use of vegetable oil (e.g. sunflower, peanut) (Table 1.11) as extracting solvent, 

which can also be combined with biological treatments [35,76]. Indeed, various studies 

obtained a PAH removal comprised between 52 and 100% (Table 1.11) by employing 

sunflower and peanut oils [170,171], the remaining vegetable oil in sediment can 

subsequently turn into a growth medium for the microbial community. Thus, in order 

to reach a complete PAH degradation, SW can be alternatively combined with 

advanced oxidation processes (AOPs) in which the complete mineralization of the 

extracting agent and pollutant can occur [172]. 

1.6.2 Treatment of spent sediment washing solution 

The main disadvantage of SW process is the generation of a large amount of PAH‒

containing effluents, which require proper treatment to remove pollutants and allow to 

recover of the extracting agent for its reuse in a subsequent SW.  
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Table 1.11 – Summary of sediment washing treatments using organic solvents, surfactants and 

vegetable oil aimed at PAH desorption from contaminated sediments. 

Extracting Agents Compounds 
S/L ratio 

(w/v) 
Time [h] Removal [%] References 

Mixture of water, 

acetone and ethyl 

acetate (10:40:50, v/v/v) 

Naphthalene 1:8 1 87 [173] 

Non‒ionic surfactants, 

i.e. Brij 30, TRX100, 

Tergitol NP‒10, Igepal 

CA‒720 (0.1, 1, 4, 6 and 

10%, v/v) Phenanthrene 2:1 1 

61 

[174] 

Cationic 

(Dodecylpyridinium 

bromide) 

45 

Anionic surfactant 

(sodium dodecyl 

benzenesulfonate) 

Phenanthrene 

and pyrene 
1:13 24 71‒95 [175] 

Peanut oil ΣPAHs 1:2 168 81–100 [170] 

Sunflower oil ΣPAHs 1:20–1:40 3 52–90 [171] 

TRX= Triton X‒100; ΣPAHs = total polycyclic aromatic hydrocarbons. 

Several technologies can be applied for the treatment of spent SW solutions such 

as AOPs (Figure 1.8), physical adsorption (e.g. active carbons), biological treatments 

and integrated processes [27,176–178]. During the choice of mentioned alternatives, a 

major interest is focused on cost‒saving, a low chemical used, energy input, sludge 

production, and effluent discharge after treatment [166]. The most effective processes 

for the removal of organic pollutants are AOPs such as electro‒Fenton due to the 

generation of hydroxyl radicals (OH•) (Eq. 1.5.2) that enable the oxidation of PAHs 

without the addition of H2O2 (Eq. 1.5.1) [172,179]. 

𝑂2 + 2𝐻+ + 2𝑒− → 𝐻2𝑂2       (Eq. 1.5.1) 

𝐹𝑒2+ + 𝐻2𝑂2 → 𝐹𝑒3+ + 𝑂𝐻− + 𝑂𝐻∎     (Eq. 1.5.2) 

However, selective and complete mineralization of the target PAH cannot be 

achieved using AOPs in order to allow the recovery and reuse of the extracting agent 
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[180]. Also, the oxidation of PAHs can lead to the generation of oxygenated‒PAHs, 

which are toxic for living organisms [181]. Finally, a further limitation of AOPs could 

be the requirement of a high amount of chemicals and consumption of energy [166]. 

 

Figure 1.8 – The integration link among the typical advanced oxidation processes for the treatment of 

spent sediment washing effluents. 

The biological treatment can be alternatively employed as an eco‒friendly and cost‒

saving alternative to AOP. High PAH removal can be reached by optimizing the 

operating parameters such as pH, temperature and dissolved oxygen concentration in 

bioreactors where the available substrate is adsorbed onto biomass and subsequently 

biodegraded through engineered microorganisms (Table 1.12) [182]. 

Table 1.12 – Engineered microorganisms aimed at biodegrading polycyclic aromatic hydrocarbons 

(PAHs) in bioreactors [183]. 

PAH target Microbial strains Extracting agents 

Naphthalene Corynebacterium sp. 
Decane, dodecane, 

hexadecane 

Phenanthrene 

Pseudomonas sp. Silicone oil 

Pseudomonas aeruginosa 
2,2,4,4,6,8,8‒

heptametilnonane 

ΣPAHs Mixed culture Silicone oil 

Previous studies reported high PAH biodegradation (i.e. about 80%) in sequential 

batch reactors after several weeks [184,185]. This is most likely due to the 

Fenton‒oxidation 

process

Photooxidation 

process

Advanced 

oxidation process

Electrochemical 

process

Photocatalytic and 

electrocatalytic

processes

Photooxidation combined

with electro‒Fenton 

process

Hydrogen peroxide 

and iron(II) 

generation
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recalcitrance of PAHs, PAH concentration, type of the extracting agent and the specific 

effects towards the microbial community. Further studies should be addressed in the 

future by focusing on the biodegradation mechanisms, PAH removal kinetics and the 

application of continuous–flow systems [166]. In order to decrease the use of 

chemicals, improve the selective PAH degradation and increase the amount of 

extracting agent employed for SW, an initial physical separation step can be performed 

prior to the degradation phase (i.e. integrated processes) through PAH adsorption onto 

carbonaceous materials such as activated carbon (AC) [186]. Notwithstanding, PAH 

adsorbed phase onto AC can occlude the adsorbent micropores by limiting the removal 

efficiency (i.e. up to 57%) [35]. On the contrary, AC can be subsequently regenerated 

via a thermal process for further PAH removal, but however, this solution is limited 

due to the high cost of required energy [187]. 

1.6.3 Use of carbonaceous adsorbents for PAH removal 

Adsorption consists in the use of an adsorbent (e.g. AC) to entrap an adsorbate (e.g. 

POP) within an intricate porous structure in order to remediate a contaminated matrix 

(e.g. sediment) [188]. The main advantage is represented by the feasibility of this 

physical remediation treatment either in–situ or ex–situ (i.e. capping, Table 1.5). For 

instance, sediment capping is frequently employed in aquatic environments as an in–

situ treatment for decreasing pollutant mobilization [189]. In this context, 

carbonaceous adsorbents (CAs) were extensively used for the adsorption of PAHs due 

to a high specific surface area (i.e. up to 1,300 m2·g–1, Table 1.13) and the presence of 

functional groups that lead to a great adsorption capacity [190]. Indeed, various studies 

investigated environmentally–friendly and economic CAs such as AC, which showed 

their effectiveness in order to decrease bioavailable PAHs (i.e. up to 74–99%, Table 

1.13) in polluted sediments [48]. 

Table 1.13 – Summary of works reporting adsorption methods for the remediation of PAH–

contaminated sediments. 

CA 

Specific 

surface 

area 

[m2·g–1] 

Dosage [%, 

dry basis] 

Contact 

time [d] 

Decrease of pore 

water PAHs [%] 
References 

AC 900 3 30 74–84 [191] 

AC 1,300 1–30 2 90–99 [192] 

Graphene 7–391 0.1 1 17–75 [193] 

Graphene NA 0.1 1 68–99 [194] 

CA = carbonaceous adsorbents; PAHs = polycyclic aromatic hydrocarbons. 
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The reduction of pore water PAHs (see Section 1.3) can occur through several 

interaction mechanisms between the adsorbate and adsorbent that are generally 

identified as weak interactions (e.g. hydrophobic interaction, Van der Waals forces) 

and strong interactions (e.g. π–π, electrostatic interaction) [195]. The involved 

adsorption interaction is affected by CA characteristics, and the occurrence of strong 

interactions can be generally preferred since these adsorbents can show a certain 

hysteresis index by leading to the desorption of PAHs [196]. An appropriate pore size 

allocation can supply mass transfer routes for PAHs and considerable surface areas 

can provide more active sites for PAH adsorption, thus enhancing the adsorption 

capacity and rate [197]. Cheng et al. [198] reported that CAs with micropores, 

mesopores, and macropores can show higher adsorption rates than CAs with only 

micropores at parity of adsorption equilibrium capacity. This can be attributed to the 

fact that small pore size is characterized by tight passage and long crossing channels 

by hindering effective mass transfer and diffusion of PAH molecules through CA 

[199]. Nevertheless, functional groups of CA surface can fulfill critical roles in the 

remediation of specific PAHs. The lack of heteroatoms mainly including O, N, H, S, 

P, and halogens can affect adsorbents’ chemical properties by leading to low H/C and 

O/C ratios, which suggest high aromatization and carbonization [200]. Therefore, 

proper modifications of the adsorbent (e.g. acidic and alkaline activation) can be 

performed to either add or eliminate the surface functional groups (e.g. ―OH) to 

improve PAH adsorption onto CAs [201]. In addition to CA properties, the decrease 

of PAHs in pore water can be affected by CA dosage; PAH properties, initial PAH 

concentration, pH and ionic strength, natural organic matter, remediation time and 

mixing, whose effects are summarized in Table 1.14. The increase of CA dosage and 

ionic strength, the presence of LMW PAHs, a low amount of organic matter and pore 

water PAHs, a prolonged contact time and mechanical mixing (ex–situ) can enhance 

the adsorption efficiencies (Table 1.14). However, the employment of a high CA 

dosage can be costly and interfere with the habitat quality by reducing the dissolved 

organic carbon, thus affecting living organisms [202]. The sediment permeability, 

water retention capacity and nutrient content can be affected as well [203]. A further 

drawback can be associated with the recovery of CAs in order to avoid the release of 

PAHs after CA oxidation or CA swallowing by living organisms. Indeed, conventional 

separation methods such as sieving and centrifugation are not effective for CA 

recovery [204]. Therefore, CA modification via magnetite and lauric acid has been 

recently proposed to improve CA recovery [205,206]. 
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Table 1.14 – Main parameters affecting the adsorption of polycyclic aromatic hydrocarbons (PAH) 

onto carbonaceous adsorbents (CAs) by excluding CA properties. 

Parameters Effects References 

CA dosage (%, dry 

basis) 

Enhanced PAH 

adsorption with a 

dosage above 5% 

[207] 

PAH characteristics 

(i.e. molecular 

weight and ring 

arrangement) 

LMW PAHs can be 

easily adsorbed within 

CA micropores; 

HMW PAHs cannot 

enter into CA 

micropores and 

remains adsorbed 

onto sediment OM 

due to the low 

diffusion coefficient 

[208] 

Initial PAH 

concentration in 

pore water 

High removal 

efficiencies with low 

PAH concentrations; 

the adsorption 

efficiency can be 

increased with a 

higher CA dosage 

[209] 

pH value and ionic 

strength 

High PAH adsorption 

when pHPZC > pH 

(aqueous solution) > 

pKa; increased 

salting–out effect with 

great ionic strength 

[210,211] 

OM in sediment 

Adsorption efficiency 

decrease with the 

raise of natural OM 

[212] 

Contact time 

The increase of time 

enhances PAH 

adsorption 

[213] 

Mixing 

Hard to be applied in–

situ; mechanical 

mixing improves the 

removal of pore water 

PAHs 

[214] 

PZC = point of zero charges of Cas; pKa = ionization equilibrium constant of PAHs; 

OM = organic matter. 
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1.7 Thermal remediation 

Thermal treatments can be reliable to carry out a rapid remediating intervention 

with high PAH removal efficiencies (i.e. >99%, Table 15) [215]. Indeed, thermal 

techniques are based on the use of heat to mobilize PAHs into gaseous flow (e.g. 

thermal desorption), break down the contaminants into simpler compounds (e.g. 

pyrolysis), destroy the pollutants (i.e. incineration), or immobilize them through 

stabilization or vitrification [100]. 

Thermal desorption (TD) is an invasive ex–situ technique aimed at releasing PAH 

concentrations by heating the contaminated sediment with temperatures typically 

above 100 °C [216]. TD can be classified into low–temperature (LTTD) and high–

temperature (HTTD) when the heating is ranging between 100–300 and 300–600 °C, 

respectively. The involved temperature depends on the type of PAHs due to a different 

boiling point, which also affects the appropriate heating times. This remediation 

treatment should not be confused with incineration being PAH desorption and 

volatilization from the polluted matrix the main mechanism involved [217]. For 

instance, PAH combustion can lead to the production of carbon dioxide and water by 

employing higher temperatures than TD (i.e. up to 1,000 °C) [215]. On the contrary, 

desorption/volatilization mechanisms that occurs during TD are coupled with 

subsequent treatment of gaseous flow via destructive (e.g. thermal combustion, 

photocatalytic oxidation) or recovery techniques (e.g. membrane separator, solid 

adsorption) [218]. 

Although thermal techniques can achieve high PAH removal efficiencies (Table 

15), TD is not generally recommended due to a high energy demand that is reflected 

in the total treatment costs (Table 1.5). Indeed, pollutant removal increases with the 

raise in temperature and heating time. Thus, a solid–liquid separation can be 

additionally performed prior to the TD to remove sediment moisture content by 

reducing the energy input [219]. A further drawback can be that TD can alter sediment 

physical–chemical and biological characteristics. Indeed, the desorption/volatilization 

of organic pollutant during TD is also coupled with the removal of SOM up to 85% 

after 1 hour [220]. Also, pH values can increase from about 6.9 up to 9.0 after TD (i.e. 

at 360 °C for 1 h) likely due to the removal of organic acids and release of cations from 

the SOM [221]. Therefore, TD–remediated sediments can affect plants and microbial 

population by decreasing biomass, and diversity and enzymatic activity, respectively, 

probably due to the changes in SOM and nutrient availability [222]. 
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Table 1.15 – Summary of thermal remediation techniques aimed at polycyclic aromatic hydrocarbon 

(PAH) removal. 

Thermal treatment 

PAH 

concentration 

[mg kg−1] 

Investigated PAHs PAH removal [%] References 

Incineration 1,000 

Naphthalene, 

acenaphthene, 

acenaphthylene, 

fluorene, phenanthrene, 

fluoranthene, pyrene, 

benzo[a]pyrene, 

chrysene and 

benzo[b]fluoranthene 

90 [223] 

Thermal desorption 2,700 

Naphthalene, 

acenaphthene, 

acenaphthylene, 

fluorene, phenanthrene, 

fluoranthene, pyrene, 

benzo[a]pyrene, 

chrysene, 

benzo[a]anthracene, 

benzo[b]fluoranthene, 

benzo[k]fluoranthene, 

indeno[1,2,3‒

cd]pyrene, 

benzo[g,h,i]perylene 

and 

dibenzo[a,h]anthracene 

87–99.99 [224] 

Venting thermal 

desorption 
1,000 

Naphthalene, 

phenanthrene, 

fluoranthene, pyrene, 

benzo[a]anthracene, 

benzo[b]fluoranthene, 

benzo[k]fluoranthene, 

benzo[a]pyrene, 

chrysene, 

benzo[g,h,i]perylene 

and indeno[1,2,3‒

cd]pyrene 

90 [225] 
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CHAPTER 2. COMPARING 

PERFORMANCES, COSTS AND ENERGY 

BALANCE OF EX SITU REMEDIATION 

PROCESSES FOR PAH–CONTAMINATED 

MARINE SEDIMENTS 

2.1 Introduction 

Polycyclic aromatic hydrocarbons (PAHs) are a group of hazardous compounds 

that pose risks to human and ecological health [226]. Marine sediments are often 

contaminated by PAHs due to oil spillage and atmospheric deposition of particulate 

emissions produced by industrial activities [227,228]. Moreover, PAHs could be 

generated by early diagenetic reactions when a high abundance of perylene is detected 

in sediments [229–231]. A high quantity of contaminated marine sediments usually 

results in waste management problems after dredging [11], due to the limited natural 

attenuation of PAH pollution [17]. For this reason, PAH–contaminated sediments need 

to be remediated prior to sediment disposal or reuse, in accordance with the national 

regulation [232]. Bioremediation, sediment washing and thermal desorption are 

available ex–situ technologies that can be used for contaminated sediment remediation 

[21,217]. 

Bioremediation is an eco–friendly process involving microorganisms to remove 

PAHs from contaminated sites [233,234]. Bioremediation occurs through a 

biostimulation when nutrients or extra–organic sources are added to the soil to improve 

the metabolic activity of microorganisms [235–237]. An alternative to biostimulation 

is bioaugmentation, which consists in the supplementation of enriched indigenous or 

exogenous microorganisms in the polluted soil to speed up the remediation efficiency 

[105]. Bioremediation may be applied under anaerobic conditions employing 

methanogenic, sulfate–reducing and denitrifying conditions [238–240]. However, the 
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bioavailability of PAHs, meant as the available part of the contaminant for biological 

conversion [241], is often a limiting factor when maintaining a bioprocess in sediments 

or soils [233]. 

Physical–chemical remediation processes overcome the limiting factor of 

bioremediation, as they allow to also remove contaminants that are recalcitrant to 

microbial degradation. Among the physical–chemical techniques, sediment washing 

is an attractive technology due to its simplicity, low costs and high removal efficiency 

[165,242]. Sediment washing consists in the use of solvents or reagents to improve the 

mass transfer of hydrophobic pollutants from the soil matrix to the liquid phase 

[243,244]. Previous studies have proven the efficiency of different washing agents 

such as ethanol, 2–propanol, acetone and 1–pentanol for PAH removal [173]. 

Thermal desorption is a remediation technology with scientific and practical 

interest due to its high removal efficiency and low gas emissions in the presence of gas 

purification units [245]. Controlling the temperature of the thermal treatment enhances 

the desorption of organic pollutants from different matrices such as soils, sludge and 

sediments [15,224]. At higher temperatures, the removal efficiency of high–boiling 

point organic contaminants increases [246]. 

For bioremediation, sediment washing and thermal desorption, the water content 

plays a major role during the treatment. Wet conditions are widely applied during 

bioremediation to overcome the mass transfer limitations and provide a better 

environment for the microbial consortia involved [247,248]. However, a too high 

water content lowers the amount of soil or sediment to be treated in the unit of time. 

Regarding sediment washing, the use of a high solid–to–liquid ratio (e.g. 1:5 or 1:10) 

generally results in higher removal efficiencies but also a considerable amount of spent 

washing solution that must be treated prior to discharge [249,250]. During thermal 

desorption, an excessive presence of water increases the energy input to evaporate the 

contaminants as water sequesters part of the heat provided [218]. 

In this thesis, the use of dry conditions, a low solid–to–liquid ratio and low 

temperature was proposed for anaerobic bioremediation, sediment washing and 

thermal desorption, respectively. Nowadays, emerging concerns such as the saving of 

water resources, the production of energy in a sustainable way and the control of 

pollution are receiving more and more attention within a “water–energy nexus” 

perspective [251]. In this line, a techno–economic assessment of bioremediation, 

sediment washing and thermal desorption as ex–situ processes for the remediation of 

PAH–contaminated marine sediments as well as energy balance considerations were 

here provided. Phenanthrene (PHE), one of the most present PAHs in environment, 
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was selected as representative pollutant due to its intermediate toxicity, hydrophobicity 

and environmental persistence [17]. 

In particular, the specific objectives of this chapter were to 1) evaluate the efficiency 

of biostimulation/bioaugmentation, sediment washing and thermal desorption in 

removing PHE from marine sediments; 2) implement the experimental data on a 

commercial software in order to assess the remediation costs and 3) consider a balance 

of required and possibly recovered energy during each remediation approach to allow 

choosing the most appropriate and sustainable technology. 

2.2 Materials and methods 

2.2.1 Chemicals 

Phenanthrene (grade ≥98%), potassium nitrate (grade ≥99%), sodium hydroxide 

(grade ≥97%) and sodium sulfate (grade ≥99%) were all purchased from Sigma–

Aldrich (Germany). Acetone (grade 100%), acetonitrile (HPLC grade), butanol (grade 

≥96%), sodium acetate (grade ≥99%) and sulfuric acid (grade ≥96%) were supplied 

by VWR (Italy). Ethanol (≥ 99.9%) was purchased from Merck (Germany). Deionized 

water with an electrical conductivity lower than 0.3 μS·cm–1 was used to prepare all 

solutions. 

2.2.2 Sediment sampling and spiking 

Marine sediments were collected from Formia seaside (Lazio Region, Italy) and the 

physical–chemical properties are reported in Table 2.1. No PAH was detected in the 

uncontaminated sediment. After characterization, the sediment was dried and passed 

through a 2–mm mesh to remove the coarse fraction. PHE was used as model PAH 

due to its intermediate aqueous solubility (i.e. 0.823 mg·L–1) and hydrophobicity (i.e. 

log KOW 4.57) [239,252]. The uncontaminated sediment was spiked by dissolving PHE 

in acetone, according to literature procedure [253,254]. The selected value of initial 

PHE concentration was about 200 mg·kg–1 dry sediment, as reported by Arienzo et al. 

[255] for real PHE–contaminated marine sediments. Subsequently, the contaminated 

sediment was mixed, placed under a fume hood for 72 h to allow acetone evaporation 

and stored in glass containers in the dark [256]. Afterwards, an aging protocol was 

conducted for 37 days at room temperature [257] in order to simulate an actual PHE–

contaminated sediment. 
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Table 2.1 – Physical–chemical characterization of the uncontaminated sediment, digestate and sewage 

sludge. 

Parameter 
 Sediment  Digestate  Sewage sludge 

 Average RSD  Average RSD  Average RSD 

pH  7.85 0.05  8.59 0.10  7.88 0.7 

TS [%]  79.82 0.09  6.55 0.44  12.06 0.25 

VS [%]  1.35 0.06  4.40 0.35  9.87 0.11 

TOC [g·kg TS–1]  0.36 0.23  119.24 3.33  189.95 1.50 

TKN [g·kg TS–1]  0.01 0.01  21.07 0.47  1.99 0.18 

A [g CaCO3·L
–1]  0.23 0.01  12.90 0.05  3.05 0.03 

NO3
– [mg·L–1]  19.24 3.15  34.55 1.30  72.16 0.89 

SO4
2– [mg·L–1]  518.82 8.36  50.65 5.65  123.70 2.08 

EC [mS·cm–1]  1.91 0.11  2.68 0.06  0.87 0.07 

TS = total solids; VS = volatile solids; TOC = total organic carbon; TKN = total Kjeldahl 

nitrogen; A = alkalinity; EC = electrical conductivity. Average and relative standard deviation 

(RSD) were calculated on n = 3 replicates. 

2.2.3 Experimental design 

2.2.3.1 Bioremediation 

Bioremediation was conducted treating the contaminated sediment with combined 

biostimulation and bioaugmentation under denitrifying, methanogenic and sulfate–

reducing conditions [135,258]. The selected sources of microorganisms were digestate 

and sewage sludge (Table 2.1), collected from a full–scale anaerobic digester located 

in Capaccio (Campania Region, Italy) and a wastewater treatment plant situated in 

Cassino (Lazio Region, Italy), respectively. Five operative conditions, i.e. 

contaminated sediment with i) sewage sludge (S), ii) digestate (D), iii) sewage sludge 

+ 2,000 mg·L–1 of nitrate (SN, with NO3
– supplied as potassium nitrate), iv) digestate 

+ 2,000 mg·L–1 of sulfate (DS, with SO4
2– supplied as sodium sulfate), v) digestate + 

2,000 mg·L–1 of acetate (DA, with CH3COO– supplied as sodium acetate), were 

investigated. For each condition, 12 serum bottles (100 mL) were loaded with a dry 

portion of sediment (10 g) mixed with the inoculum at a ratio of 10:1 (dry w/dry w) 

and filled with water to reach a total moisture content of 60% [259,260]. Afterwards, 

all the bottles were flushed with argon to guarantee anaerobiosis, prior to being 

incubated in a water bath under mesophilic conditions (i.e. at 37±1 °C) [248] for 42 

days and placed on a gyratory shaker at 160 rpm [261] to simulate a mechanical 
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agitation. The samples were collected after 7, 14, 21 and 42 days by sacrificing 3 

bottles at a time for each condition. In SN, DS and DA, denitrifying, sulfate–reducing 

and methanogenic conditions were ensured by restoring the initial content of nitrate, 

sulfate and acetate, respectively, when the observed NO3
–, SO4

2– and CH3COO– 

concentrations were below 50 mg·L–1. 

2.2.3.2 Sediment washing 

Sediment washing tests were performed in glass bottles (80 mL) at room 

temperature [262], with a 1:3, 1:5 and 1:10 solid–to–liquid (S:L) ratio. A solution with 

50% of ethanol (ETOH) and water (w/w) was used as washing agent [243]. Sediment 

samples (6 g) were shaken at 200 rpm in a horizontal shaker for 24 h [165], and PHE 

concentration was determined by sacrificing 3 bottles for each S:L ratio after 1, 2, 5, 

15, 30, 60, 180, 360, 720 and 1,440 minutes.  

2.2.3.3 Thermal desorption 

Thermal desorption, testing low temperatures in 1 hour of experimentation [245], 

was carried out with ceramic crucibles containing 10 g of sediment each [224] and 

introduced in a muffle furnace at 100, 150 and 200°C. PHE concentrations were 

measured after 5, 15, 30 and 60 minutes sacrificing 3 crucibles per time for each 

temperature. 

2.2.4 Analytical methods 

Total solids (TS) (Astm 1998), volatile solids (VS) [264], pH [265], electrical 

conductivity (EC) [266], total organic carbon (TOC) [267], alkalinity (A) and Kjeldahl 

nitrogen (TKN) (APHA 2005), sulfate and nitrate concentrations [268] were measured 

according to the methods reported elsewhere. The samples were centrifuged at 4,000 

rpm for 30 min to separate the liquid fraction from the solid phase [242]. PHE was 

extracted from samples by ultra–sonication [269] and was quantified using a LC–

20AD HPLC (Shimadzu, Japan) equipped with a Kinetex® 3.5 µm PAH (150x4.6 

mm) column (Phenomenex, USA) and an SPD–20A UV detector (Shimadzu, Japan) 

set at 254 nm. PHE bioavailability was predicted using a butanol extraction [85,270]. 

Biomethane, nitrogen gas (i.e. N2) and N2O production was measured with a water 

displacement method with an alkaline trap (12% of sodium hydroxide) to remove 

carbon dioxide and hydrogen sulfide [271,272]. The gas composition (i.e. %CH4, %N2, 

%N2O) was determined with a 3400 GC–TCD/ECD gas chromatograph (Varian–

Agilent, USA) equipped with a Restek Packed column. Total VFAs, reported as 
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equivalent acetic acid concentration (mg HAc·L–1), were analyzed according to 

Mancini et al. [272], using the previously described HPLC equipped with a Rezex 

ROA–Organic Acid H+ column (Phenomenex, USA) and a SPD–20A UV detector set 

at 210 nm. 

2.2.5 Economic analysis 

The costs for sediment remediation (€·m–3) were estimated considering the most 

performing operating conditions in terms of PHE removal used during bioremediation, 

sediment washing and thermal desorption. The retention time and temperature were 

implemented in the Remedial Action Cost Engineering and Requirements (RACER) 

software (11.5 version, AECOM, USA) as crucial operating parameters strongly 

affecting the remediation efficiencies and costs. Indeed, a higher temperature can 

enhance the microbial metabolism rate [273], PAH dissolution and vaporization 

[40,246] as well as increase the energy cost. In contrast, a lower retention time results 

in a reduced capital cost [274] as smaller reactors would be required. The 

contamination area, the safety level of machining operation and mobilization distance 

were assumed as 7,646 m3 (i.e. 10,000 CY) [275], high (A) and 1.6 km (i.e. 1 mi), 

respectively. The assumption of a short mobilization distance was done to minimize 

the percentage of this cost in favor of the remediation cost. Moreover, the costs of 

dredging, water removal by leaking drums and disposal were not considered because 

common for all the processes considered in this study. Detailed information about 

input parameters in RACER are reported in Table 2.2 and in Appendix A. Note that 

the obtained costs were only indicative of real values, since costs were modeled 

without specific components of the site (e.g. treatment goals due to national 

legislation). The RACER software contains the latest assembly unit price information 

from the 2016 Government Cost Book (USACE TRACES, Huntsville). 

2.2.6 Energy balance 

A rough estimate of the energy balance was performed for the bioremediation, 

sediment washing and thermal desorption experimental conditions implemented in 

RACER. All energy requests were reported as kWh·m–3 of sediment. 

The energy required for the maintenance of mesophilic conditions during the 

bioremediation process was estimated as a function of water heat exchanger, gas boiler 

and pump suggested by RACER. The energy necessary for the water heat exchanger 

was derived as follows [276]: 

�̇� = �̇� ∙ 𝐶𝑝,𝑤 ∙ ∆𝑇        (Eq. 2.1) 



 

48 

 

where Q̇ is the amount of heat per time unit (kW); ṁ is the mass flow rate of the 

water (kg·s–1); Cp,w represents the heat capacity of water (kJ·(kg·K)–1) and ∆T is the 

temperature difference of water between the outlet and inlet of the heat exchanger (i.e. 

17 K). Hence, the energy consumption Ec (kWh) was obtained by multiplying the sum 

of Eq. (2.1), boiler and pump power (kW) with the retention time of the biological 

process (h). Moreover, the specific energy recovery Er
̅̅̅ (kWh·kg VS–1) during the 

bioremediation process was estimated from the obtained biomethane yield, as reported 

by Mancini et al. [272]: 

𝐸𝑟
̅̅ ̅ = 𝐵𝑀𝑃 ∙ (

𝐶𝐻𝑃

100
) ∙ 𝐶𝑓       (Eq. 2.2) 

where BMP is the final cumulative biomethane yield (m3 CH4·kg VS–1); CHP 

represents a combined heat and power unit (with a 50% conversion efficiency) and Cf 

is the conversion factor (i.e. 10 kWh·m–3). Hence, the energy recovered Er (kWh) was 

obtained by multiplying Eq. (2.2) and the content of VS (kg). The energy balance for 

bioremediation process was calculated by subtraction of Ec with Er. 

The energy necessary for sediment washing (kWh) was obtained with RACER, 

whereas the energy needed for thermal desorption was estimated as follows: 

𝐸𝑡𝑑 =
(𝑚𝑤∙𝐶𝑝,𝑤+𝑚𝑃𝐻𝐸∙𝐶𝑝,𝑃𝐻𝐸+𝑚𝑠∙𝐶𝑝,𝑠)∙∆𝑇+𝑚𝑤∙𝐶𝑙,𝑤+𝑚𝑃𝐻𝐸∙𝐶𝑙,𝑃𝐻𝐸

3600
  (Eq. 2.3) 

where Etd is the amount of energy per time unit (kWh); mw, mPHE and ms are the 

mass of water, PHE and sediment (kg), respectively; Cp,PHE and Cp,s are the heat 

capacity values of PHE [277] and sediment, respectively (kJ·(kg·K)–1); Cl,w and Cl,PHE 

are the heat of vaporization of water and PHE [278] (kJ·kg–1), respectively; and ∆T is 

the temperature difference between the desorption chamber and inlet (i.e. 180 K). 

2.2.7 Statistical analyses 

Data were analyzed by one–way analysis of variance (ANOVA) followed by the 

post–hoc Tukey test to evaluate significant differences (p < 0.05) among the operating 

conditions investigated. All statistical analyses were performed with Minitab 19 

Statistical Software (Minitab LLC, USA). 
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Table 2.2 – Parameters implemented in the RACER software for bioremediation, sediment washing and thermal desorption, as ex–situ remediation technologies used in 

this thesis. 

Remediation parameters   Bioremediation   Sediment washing   Thermal desorption 

Contamination (aVOCs. SVOCs. fuels)  SVOC  SVOC  SVOC 

Distance off–site facilities (km)  1.6  1.6  1.6 

Place of treatment (on–site. off–site)  Off–site  Off–site  Off–site 

Retention time (h)  336  1  c – 

Safety level (b A. B. C. D. E)  A  A   A 

Soil type (Soil. sediment. sludge)  Hazardous sediment  Hazardous sediment  Hazardous sediment 

Temperature (°C)  35  20  < 320 

Volume of solid (m3)   7,646   7,646   7,646 

Main components  Bioreactor  Pump  d LTTD equipment  

  Gas boiler  Sediment washing system  Process gas purification 

  e Nitrate  Structural slab  Structural slab 

  Pump  Surfactant   

  Structural slab  Wastewater holding tanks   

    
Water Heat 

Exchanger 
  Wheel loader     

a = volatile and semi–volatile organic compounds; b= high to low; c = not required; d = Low Temperature Thermal Desorption; e = under SN 

Bioremediation = SN and S; Sediment washing = S:L ratio of 1:3; Thermal desorption = 200°C. 
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2.3 Results and discussion 

2.3.1 Bioremediation 

2.3.1.1 PHE biodegradation 

The remaining PHE (%) after 0, 7, 14, 21 and 42 days of bioremediation under all 

the operating conditions (i.e. SN, S, DS, DA and D) is shown in Figure 2.1a. PHE 

removal slowly proceeded during the initial 7 days as PHE (%) at “t7” was not 

significantly different than PHE at “t0” (p > 0.05), except for D where a 17% PHE 

removal was observed at “t7” (p < 0.05). The low, common PHE removal was probably 

due to an initial acclimation period of the microbial consortia involved, whereas the 

difference between the D, DS and DA conditions was associated with the higher sulfate 

and acetate concentration, which likely resulted in a slight inhibition of the bacteria in 

digestate.  

A significant PHE degradation (p < 0.05) of 59, 47, 41, 58 and 54% was observed 

after 14 days in SN, S, DS, DA and D (Figure 2.1a), respectively. Moreover, the 

observed pH values among the experimental conditions (i.e. 7.3÷8.1) were consistent 

with those shown as optimal for PAH degradation (i.e. 6÷8) [279]. Considering sulfate, 

dioxide carbon and nitrate as major electron acceptors in PAH biodegradation [280], 

and assuming that 1 μmol of CO2 may be used to produce 1 μmol of CH4, a reduction 

of 43 μmol of SO4
2–, 81 μmol of CO2 and 86 μmol of NO3

– was obtained per μmol of 

PHE under sulfate–reducing, methanogenic and denitrifying conditions (data not 

shown), respectively. These results suggest that sulfate was a more efficient electron 

acceptor, as also reported by Chang et al. [258]. Nonetheless, after 14 days PHE 

removal in DS was lower (p < 0.05) than that achieved in SN and DA, probably due 

to the presence of other forms of electron donors instead of PHE. A continuous 

reduction of sulfate (i.e. about 200 μmol of SO4
2– per week), a significant consumption 

of acetic acid (p < 0.05) after 21 days (Figure 2.1c) and no significant difference (p > 

0.05) in biomethane yield after 7 days (Figure 2.1b) were observed in DS, suggesting 

that acetate was presumably coupled to sulfate reduction. Similarly, Zhang and Lo 

[146] observed that acetate may be preferentially used by bacteria to facilitate sulfate 

reduction in the absence of methane production. 

During the conversion to methane by methanogens, acetate may donate electrons 

in favor to PAH degradation [144]. However, no statistically differences (p > 0.05) in 

PHE removal between S, DA and D were observed after 14 days, despite a higher 
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acetate reduction (p < 0.05) observed in S (Figure 2.1a and 2.1c). Ebihara and Bishop 

[281] reported that acetate supplementation for the biodegradation of recalcitrant 

organic contaminants may inhibit or have no effect. This suggests that in this study 

only a small fraction of acetate was likely coupled to PHE considering an initial 

concentration of 2,000 mg acetate·kg–1 TS (i.e. 199 μmol of acetate for each μmol of 

PHE), and a higher contamination would have instead been necessary to see a 

significant effect. 

In the time lapse between 14 and 42 days, PHE degradation considerably slowed 

down and reached 68, 53, 45, 64 and 64% in SN, S, DS, DA and D, respectively, being 

only enhanced under denitrifying and methanogenic conditions (p < 0.05) probably 

because the predicted biodegradation (i.e. 58 %) was achieved (Figure 2.1a). The 

predicted biodegradation is representative of the bioavailable PAH amount [282], 

which is the bioaccessible fraction to microorganisms [283], and the observed value 

(Figure 2.1a) was comparable to those observed in other PHE–contaminated marine 

sediments (i.e. 44÷70%) [3,66]. It is well known that limitations in the bioremediation 

of PAH–contaminated soils exist due to the low bioaccessibility of PAHs, as shown in 

the final phase of the process. On the other hand, a reduced bioaccessibility may be a 

positive aspect because would lead to a reduced amount of highly accessible PAHs 

[284], consequently mitigating the environmental risk. 
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Figure 2.1 – Ratio [%] between the PHE concentration at time “t” and that at time “t0” in the 

contaminated sediment (a); cumulative, specific biomethane yield [mL CH4·g VS–1] (b); and total VFA 

concentrations [mg HAc·L–1] during 42 days of anaerobic biostimulation/bioaugmentation (c).  

The same letter (Tukey test) represents no significant differences (p > 0.05) among different 

treatments. Error bars indicate deviation standard values of analyses in triplicate. 
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2.3.1.2 Biogas composition and VFA evolution during PHE 

biodegradation 

The cumulative biomethane yield obtained during 42 days of bioremediation under 

all the operating conditions (i.e. SD, S, DS, DA and D) is shown in Figure 2.1b. After 

7 days, a biomethane production of 40, 65, 11, 14 and 13 mL CH4·g VS–1 was observed 

in SN, S, DS, DA and D, respectively. The recorded pH values (data not shown) were 

optimal for methanogens growth [285] and, thus, did not represent a limiting factor for 

biomethane production.  

Between 7 and 14 days, the biomethane yield significantly raised (p < 0.05) by 

about 50% in S reaching a cumulative production of 142 mL CH4·g VS–1 (Figure 2.1b), 

accompanied by a significant consumption of acetate (Figure 2.1c). In SN, a lower 

cumulative biomethane production (i.e. 80 mL CH4·g VS–1) than that obtained in S (p 

< 0.05) was achieved probably because of the occurrence of heterotrophic 

denitrification [286]. Indeed, the observed N2 percentage in the gas phase raised from 

15 to 69% in SN after 14 days (data not shown). N2O was below the detection limit 

(i.e. 0.1%) during denitrification likely due the large availability of biodegradable 

organic carbon [287]. N2O is a greenhouse gas with a stronger impact than carbon 

dioxide. The absence of N2O formation confirms the sustainability of biological PHE 

removal under denitrifying conditions, not leading to the release of high–impact gas 

streams. 

After 21 days (Figure 2.1b), the cumulative biomethane production was lower (p < 

0.05) in DS (i.e. 23 mL CH4·g VS–1) than DA and D (i.e. 61 and 39 mL CH4·g VS–1, 

respectively). The observed sulfate reduction of approximately 1,000 mg SO4
2–·L–1 in 

DS (data not shown) suggests that sulfate reducing bacteria likely outcompeted other 

anaerobic microorganisms, such as methanogenic archaea [288,289]. Therefore, the 

limited biomethane yield in DS coupled to the low PHE removal (Figure 2.1a and 2.1b) 

probably indicated that methanogenesis promoted the anaerobic PAH degradation, as 

also reported by Chang et al. [152].  

After 42 days (Figure 2.1b), S resulted in a higher (p < 0.05) cumulative biomethane 

yield (i.e. 273 mL CH4·g VS–1, respectively) than SN, DS, DA and D (i.e. 103, 29, 103 

and 73 mL CH4·g VS–1, respectively), indicating a higher biomethane potential of 

sewage sludge than the digestate most likely due to a lower organic stability. 

The total VFA evolution during 42 days of bioremediation under all operating 

conditions (i.e. SN, S, DS, DA and D) is shown in Figure 2.1c, with the highest VFA 

concentrations being observed after 7 days. S showed a significantly higher (p < 0.05) 



 

54 

 

VFA accumulation (i.e. 6,173 mg HAc·L–1) than SN, DS, DA and D (i.e. 2,467, 879, 

3,181 and 1,064 mg HAc·L–1, respectively). The sewage sludge resulted in a higher 

VFA yield (i.e. 113 mg HAc·g VS–1) than digestate (i.e. 22 mg HAc·g VS–1), again 

demonstrating a higher biodegradability.  

VFA concentrations significantly decreased (p < 0.05) from day 14 onwards (Figure 

2.1c) due to the activity of methanogens inoculated with both sewage sludge and 

digestate (Figure 2.1b). In SN and DS, acetate consumption was probably also coupled 

to nitrate or sulfate reduction, as discussed above. Further information about specific 

VFAs are reported in the supporting information accompanying the manuscript (data 

not shown). 

2.3.2 Sediment washing 

PHE removal after 1, 2, 5, 15, 30 and 60 min with ETOH washing at S:L ratios of 

1:3, 1:5 and 1:10 is shown in Figure 2.2. The removal of PHE from the contaminated 

sediment was regulated by the partition coefficient in the solution phase, in agreement 

with the general behavior of hydrophobic compounds [290,291]. Hence, the 

partitioning process may be summarized in two phases (Figure 2.2): (a) a first phase 

(the initial 5 minutes), where the labile fraction of PHE (i.e. about 70%) was readily 

desorbed; (b) a second phase (between 5 and 60 minutes), where the residual PHE 

fraction (i.e. about 30%) was slowly extracted due to the equilibrium between solid 

and liquid phase. 

 

Figure 2.2 – PHE removed [%] from contaminated sediment at different time points by an ETOH/water 

washing agent (50/50%, w/w) using different solid–to–liquid (S:L) ratios (i.e. 1:3, 1:5 and 1:10). 
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Error bars indicate deviation standard values of analyses in triplicate. 

After 60 minutes (Figure 2.2), no statistical differences (p > 0.05) were observed 

among the different S:L ratios and more than 97% of PHE was removed, suggesting 

that 1.5 g of ETOH was sufficient to treat efficiently 1 g of sediment, as observed for 

an S:L ratio of 1:3. These findings are highly important because the reduction of 

contact time and S:L ratio (i.e. 60 minutes and 1:3, respectively) during sediment 

washing may involve a less capacity of sediment washing plant. Moreover, one 

washing time was sufficient to extract more than 90% of PHE from the sediment, 

decreasing the operational costs [165] and allowing ethanol to be recovered by 

distillation with a loss of about 10% [173].  

In this thesis, the obtained PHE extraction (Figure 2.2) was probably enhanced by 

a low organic matter content in the sediment (Table 2.1) being PAHs lipophilic 

compounds. Sun et al. [242], indeed, showed that PHE removal increased (i.e. 94, 71, 

38 and 24%) with the decreasing of organic carbon in soil (i.e. 0.79, 1.36 1.88, and 

2.33%, respectively). Similarly, Yap et al. [243] obtained a sediment washing 

efficiency of 80% with a co–solvent volumetric fraction and an S:L ratio of 0.8 and 

1:2, respectively. In this work, the used co–solvent volumetric fraction (i.e. 0.6) 

enhanced PHE extraction because the micro–emulsion effect of alcohol molecules on 

the water structure was presumably improved, as also reported by Dougan et al. [292] 

in a methanol/water system. 

  



 

56 

 

2.3.3 Thermal desorption 

The residual PHE (%) during 60 minutes of thermal desorption at 100, 150 and 

200°C is illustrated in Figure 2.3. After 5 minutes, no significant PHE removal (p > 

0.05) was observed as PHE presumably remained in the sediment as melted [245]. 

Thermal desorption started after 15 minutes (Figure 2.3) and PHE removal was higher 

(p < 0.05) at 200°C (i.e. 47%) than at 150°C (i.e. 12%). At 100°C, PHE was not 

desorbed (p > 0.05) probably because a higher temperature than the PHE melting point 

(i.e. 101°C) was necessary to promote desorption [246]. The desorption mechanism 

followed the thermodynamic principle, with the desorption of PHE increasing at higher 

temperatures, which allowed the breakdown of benzene rings [293]. After 60 minutes 

(Figure 2.3), PHE was desorbed by 32 and 88% (p < 0.05) at 150 and 200°C, 

respectively, following an exponential kinetics with a correlation coefficient of 0.97, 

as also reported by Smith et al. [245]. 

 

Figure 2.3 – Ratio [%] between the PHE concentration at time “t” and that at time “t0” in the 

contaminated sediment during 1 hour of thermal desorption.  

The lines are referred to an exponential kinetic model with a R2 of 0.97. Error bars indicate 

deviation standard values of analyses in triplicate. 

The results obtained showed that PHE removal was efficiently accomplished at 

200°C, suggesting that the operating temperature and PHE vapor pressure (i.e. 10–2 

Pa) positively influenced PHE desorption [294]. A higher PHE desorption to nearly 

100% could be obtained increasing the temperature to 250°C, as reported by Renoldi 
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et al. [224]. However, too high temperatures can result in the PAH isomerization, i.e. 

the transformation of a specific PAH into more reactive PAHs [15]. PHE isomerization 

did not probably occur in this work since the chromatographic analysis did not show 

any other peak than PHE.  

2.3.4 Techno–economic feasibility 

The experimental conditions resulting in the highest PHE removal, which were SN 

(i.e. 68%), S:L ratio of 1:3 (i.e. 97%) and low temperature thermal desorption (i.e. 

LTTD) at 200°C (i.e. 88%) for bioremediation, sediment washing and thermal 

desorption, respectively, were selected for the economic analysis. The costs of 

remediation obtained by using in RACER the input data (Table 2.2) for each ex–situ 

treatment investigated are reported in Table 2.3. Bioremediation had the lowest total 

cost (i.e. 274 €·m–3), followed by sediment washing and LTTD (i.e. 371 and 1,782 

€·m–3, respectively). 

Using bioremediation, the main costs (data not shown) were associated with the 

structural slab and bioreactor (i.e. 33 and 28% of the total cost, respectively). The 

highest costs of sediment washing (data not shown) were related to the washing system 

and operation labor (i.e. 37 and 20% of the total cost, respectively), while the cost for 

LTTD (data not shown) was mostly due to the thermal desorption equipment and 

heating (i.e. 95%). The mobilization of the contaminated sediment accounted for less 

than 3% of total cost for all the remediation technologies due to the short selected 

distance (i.e. 1.6 km) between the treatment plants and the contaminated site. 

Moreover, the cost for liquid treatment prior to disposal/demobilization must not be 

neglected during sediment washing (i.e. 2%), although RACER does not consider the 

distillation process for ETOH recovery and cost saving, as discussed in subsection 

2.3.2. Compared to sediment washing, bioremediation is more expensive in terms of 

materials consumed for bioreactor construction due to a longer retention time that 

requires the use of higher reaction volumes [295]. On the other hand, the labor cost is 

higher in sediment washing likely due to more significant manpower for a continuous 

load of sediments, admixture of chemicals and plant maintenance. Regarding LTTD, 

the energy used for the heating furnace may justify the highest cost of equipment, as 

reported in subsection 2.3.5.  

These results (Table 2.3) suggest that the use of bioremediation provides an 

economic benefit [296]. Nevertheless, bioremediation is affected by PAH 

bioaccessibility (subsection 2.3.1.1) that does not allow a complete PHE removal 

(Figure 2.1a) and requires large bioreactor volumes due to a long PAH biodegradation 
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time (i.e. 14 days). Sediment washing leads to higher overall costs as a result of 

repeated charging and discharging of the washing system (Table 2.3), but also a higher 

PHE removal (Figure 2.2). In each case, the reuse of the remediated sediments (e.g. 

for coastal replenishment and road–under surfaces) should be also taken into 

consideration in order to provide a more in–depth techno–economic analysis of the 

most suitable remediation technology. In contrast, the use of thermal desorption is not 

recommended due to the lower efficiency (Figure 2.3) than sediment washing at the 

same retention time (i.e. 1 hour) and the higher cost of remediation (Table 2.3) that 

must be added to the costs of dredging (i.e. 1,290 €·m–3) [249], always accounted for 

an ex–situ sediment treatment. 

2.3.5 The water–energy–nexus 

This thesis shows that decreasing the operating temperature (i.e. 200°C or lower) 

and the amount of liquid phase used (i.e. 60% water content and S:L ratio of 1:3 for 

bioremediation and sediment washing, respectively) is a more efficient approach to 

remediate PHE–contaminated sediments in terms of both removal percentages and 

costs. On top of this, the energy balance should also be considered during the selection 

of the most appropriate remediation technology. Indeed, the reduction of energy 

consumption and the rational use of water resources are two of the objectives of the 

water–energy nexus [251]. 

The energy required for each remediation condition here considered, i.e. SN, S:L 

ratio of 1:3 and LTTD at 200 °C, and obtained by Eq. (2.1), RACER software and Eq. 

(2.3), respectively, is reported in Table 2.3. LTTD resulted in the highest energy 

consumption (i.e. 417 kWh·m–3), followed by bioremediation and sediment washing 

(i.e. 48 and 14 kWh·m–3, respectively). Sediment washing required a lower energy 

since the process was conducted under milder conditions (i.e. ambient temperature). 

The use of higher temperatures during bioremediation and LTTD led to an increase of 

the energy consumption. However, the biomethane produced during bioremediation 

allowed the recovery of 21 kWh·m–3, with an overall energy balance of –27 kWh·m–

3. For a further comparison, the condition resulting in the highest (p < 0.05) biomethane 

yield and similar (p > 0.05) PHE removal (i.e. S) was also considered. The energy 

recovered by using biomethane in a CHP unit raised to 32 kWh·m–3 (net energy 

balance of –16 kWh·m–3, similar to that obtained with sediment washing), and the 

overall costs decreased to 228 €·m–3 as nitrate supplementation was not necessary. 

These results (Table 2.3) show that the energy consumption was probably the main 

impact factor of total cost during thermal desorption, as discussed above. Sediment 
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washing suggests that the energy used for the process is not always a function of the 

total cost [295], and other parameters such as operation labor are also important. 

During anaerobic bioremediation of PHE–contaminated sediment, the biomethane 

production may be an opportunity to heat the anaerobic bioreactor leading to cost and 

energy savings and a lower environmental impact [276]. However, the cost of 

collecting biomethane and burning it safely should be also considered for the scale up 

of the technology. 

2.4 Conclusions 

PHE is particularly widespread in marine environment, and the costs of common 

disposal methods for contaminated sediments have induced to find more eco–friendly 

and sustainable solutions. In this chapter, anaerobic bioremediation, sediment washing 

and thermal desorption allowed to effectively remediate PHE–contaminated sediments 

with low organic content (i.e. 0.36 g TOC·kg TS–1) decreasing the PHE amount by 68, 

97 and 88%, respectively, using a low liquid phase (i.e. 60% and S:L ratio of 1:3) and 

low temperature (i.e. 200°C). A cost assessment, conducted by implementing the 

retention time and temperature of laboratory scale experiments in the RACER software 

and accompanied by an energy balance, revealed that anaerobic bioremediation was 

the least demanding technology in terms of costs (i.e. 228 €·m–3) and required a similar 

energy consumption (i.e. –16 kWh·m–3) to sediment washing. On the other hand, 

sediment washing was more effective in PHE removal and, therefore, the choice of the 

most sustainable technology would depend on the contamination threshold values 

imposed by the national legislation. 
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Table 2.3 – Total cost [€·m–3], energy balance [kWh·m–3] per unit of volume of sediment treated, and PHE removal efficiency [%] obtained with bioremediation, sediment 

washing and thermal desorption. 

Ex–situ 

remediation  
  

Total cost 

[€·m–3] 
  

Required energy 

[kWh·m–3] 
  

Recovered energy 

[kWh·m–3] 
  

Energy balance 

[kWh·m–3] 
 

PHE 

removal 

efficiency 

[%] 

Bioremediation*  274  48  21  –27  68 

Bioremediation**  228  48  32  –16  53 

Sediment washing  371  14  0  –14  97 

Thermal 

desorption 
  1782   417   0   –417  88 

* = SN; ** = S       

SN = contaminated sediment + sewage sludge + 2,000 mg·L–1 of nitrate; S = contaminated sediment + sewage sludge; Sediment washing = S:L ratio 

of 1:3; Thermal desorption = 200°C. 
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CHAPTER 3. REMOVAL OF POLYCYCLIC 

AROMATIC HYDROCARBONS DURING 

ANAEROBIC BIOSTIMULATION OF 

MARINE SEDIMENTS 

3.1 Introduction 

 Polycyclic aromatic hydrocarbons (PAHs) are a group of total petroleum 

hydrocarbons known to be carcinogenic and mutagenic [144,297,298]. These organic 

pollutants are naturally released into the environment from petrogenic and pyrogenic 

sources [299]. However, most of them are produced by human activities such as gas 

emissions deriving from industrial processes, agricultural activities and household 

heating [300]. As a result of atmospheric deposition, PAHs migrate to soils and aqueous 

matrices [228] and highly accumulate in sediments due to their low water solubility and 

hydrophobic nature [301,302]. PAHs may even be released by accidental discharge 

during transport, use, or disposal of petroleum products [3]. Many studies have reported 

and quantified PAH accumulation in marine sediments worldwide [303–305]. When 

sediments are dredged to promote the navigation of deep hull boats, the high amount of 

pollutants sorbed onto the sediments results in waste management concerns [11]. Dredged 

sediments can be re–used or landfilled if the contamination levels are below the 

legislation limits [232], whereas a remediation is required when the threshold values are 

exceeded. Among the available remediation techniques, bioremediation represents an 

eco–friendly approach as microorganisms are used to remove contaminants from soils 

and sediments [234].  

Biostimulation and bioaugmentation are commonly employed as bioremediation 

strategies. Biostimulation consists in the supplementation of nutrients (i.e. N, P and K) 

[236] or amendments such as fertilizers, municipal sewage sludge, compost, organic 

wastes and humic substances [235] to enhance the activities of autochthonous microbial 

populations. In bioaugmentation, indigenous or exogenous PAH degrading bacteria are 
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seeded in the polluted soil to increase the remediation efficiency [105]. In some cases, 

biostimulation and bioaugmentation are used simultaneously [135]. A lot of factors 

influence the degradation rates such as pH, water content, C/N ratio, oxygen content, 

temperature, site characteristics, and the concentration of contaminants [279,306,307]. In 

particular, the PAH bioaccessibility, meant as the available part of contaminant for 

biological conversion [241], plays an important role in PAH–contaminated soil 

bioremediation. A low PAH bioaccessibility usually reduces the bioremediation 

efficiency being these complex molecules highly recalcitrant to microbial degradation 

[308]. The use of surfactants has been proposed to improve the bioaccessibility and 

biodegradability of PAHs [250,309]. However, a higher bioaccessibility may result in an 

increase of the releasable PAH amount and, thus, the related environmental risk [283]. 

Biostimulation has more extensively been applied under aerobic conditions during 

composting of PAH–containing soils [135,310–313]. Anaerobic biostimulation has 

instead larger margins for interesting scientific evidences. Recent studies tested compost, 

pig dung, NPK fertilizer and biochar as biostimulating agents to enhance PAH 

degradation in soil and sediments under methanogenic, sulfate and nitrate–reducing 

conditions [238,239,248]. Up to date, literature lacks of studies investigating in detail the 

variation of the PAH bioavailable fraction during biostimulation and the composition of 

the anaerobic digestion metabolites. Moreover, no studies have so far given an emphasis 

on the correlation between PAH degradation and the steps of anaerobic digestion. 

In this thesis, the use of digestate and fresh organic fraction of municipal solid waste 

(OFMSW) to improve PAH biodegradation in contaminated marine sediments under 

anaerobic conditions has been proposed for the first time. Digestate is a semi–stabilized 

by–product of anaerobic digestion, rich in carbon, nutrients (i.e. nitrogen and 

phosphorous) and microorganisms [314,315]. OFMSW is a heterogeneous material 

consisting of a mixture of food, garden wastes and paper [316], and characterized by high 

humidity and biodegradability [317]. The application of digestate and OFMSW as 

amendments for the biostimulation of PAH–contaminated sediments represents a 

promising reuse strategy in a perspective of circular economy. 

The specific objectives of this chapter were to 1) investigate the effect of the 

amendments on PAH removal and bioaccessibility, 2) characterize the volatile fatty acids 

(VFAs) and biogas composition, 3) find a relationship between the evolution of PAH 

degradation and anaerobic digestion, 4) model the PAH degradation with biphasic first–

order kinetic.  
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3.2 Materials and methods 

3.2.1 Sediment 

Fifteen kg of uncontaminated marine sediments were manually collected from the 

seaside of Formia (Lazio Region, Italy) at approximately 1 m depth from the sea level, 

prior to being placed in a hermetic glass vessel, transported to the laboratory and finally 

stored at room temperature. The physic–chemical characteristics of the sediment are 

reported in Table 3.1. After characterization, the sediment was dried at 50 °C in a 

laboratory oven for 48 hours and passed through a 2–mm mesh [318] to remove the coarse 

fraction. 

3.2.2 Amendments 

Digestate and OFMSW were used as inoculum and sources of extra organics in the 

biostimulation experiments. The digestate was obtained from a full–scale anaerobic 

digester located in Capaccio (Campania Region, Italy) treating buffalo manure and cheese 

whey. OFMSW consisted of a mixture of food waste taken from the canteen of University 

of Cassino and Southern Lazio, spent coffee and garden waste. The properties of the 

digestate and OFMSW used are reported in Table 3.1. 

Table 3.1 – Physical–chemical characterization of the uncontaminated sediment, digestate and OFMSW. 

Material pH %TS %VS 
TOC (g·kg 

TS–1) 

TKN (g·kg 

TS–1) 

EC (mS·cm–

1) 

Sediment 
7.85±

0.05 

79.47

±0.03 

1.42±

0.03 
1.76±0.97 * 1.92±0.40 

Digestate 
8.57±

0.02 

6.99

±0.46 

3.99±

0.34 
66.14±1.66 29.08±2.66 1.86±0.13 

OFMSW 
4.53±

0.04 

30.86

±0.49 

29.68

±0.58 
81.37±1.00 2.96±0.29 0.72±0.01 

* = below the detection limit of 0.5 mg·kg–1; TS = total solids; VS = volatile solids; EC = 

electrical conductivity; TOC = total organic carbon; TKN = total Kjeldahl nitrogen. Mean and 

standard deviation values were calculated on n = 3 replicates. 

3.2.3 Procedure for sediment spiking 

The selected PAHs were phenanthrene (PHE, grade ≥98%), anthracene (ANT, grade 

≥99%), fluoranthene (FLU, grade ≥98%) and pyrene (PYR, grade ≥98%), all purchased 

from Sigma–Aldrich (Germany). 1,000 mg of each PAH was dissolved in 3 L acetone 

(VWR, Italy grade 100%) and added to each portion of uncontaminated sediment (5 kg) 
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to obtain an initial PAH concentration of 200 mg·kg–1 dry sediment [253,254]. This initial 

PAH concentration was chosen to simulate the contamination values found in previous 

studies [255]. Subsequently, the contaminated sediment (CS) was manually mixed and 

placed under a fume hood for 72 h to evaporate the solvent [256]. Finally, with the aim 

to reproduce the “natural aging” of the sediments and promote the sorption of PAHs onto 

the sediment particles, the CS was stored for 6 months in darkness at room temperature 

based on the aging procedure described by Lukić et al. [257]. 

3.2.4 Experimental setup 

Biostimulation experiments were conducted using 100 mL serum bottles (Figure S1), 

with each bottle containing 10 g of dry sediment mixed with amendment at a ratio of 10:1 

(dry w/dry w) [260], and a moisture content of 60% to ensure microbiological activity. 

Five operative conditions, i.e. CS + digestate (D), CS + digestate and nutrients (DN), CS 

+ OFMSW (O), CS + OFMSW and nutrients (ON), and CS + digestate and OFMSW 

(DO) were investigated. The nutrient solution consisted of (in mg·L–1 distilled water): 

505.00 KNO3, 295.00 Ca(NO3)2·4H2O, 493.00 MgSO4·7H2O, 68.00 KH2PO4 (Sigma–

Aldrich, Germany grade ≥98%), 22.50 EDTA iron (III) (VWR, Italy grade ≥ 12.5%) as 

macronutrients, and 2.86 H3BO3, 1.81 MnCl2·4H2O, 0.22 ZnSO4·7H2O, 0.05 

CuSO4·5H2O, 0.12 Na2MoO4·2H2O (VWR, Italy grade ≥98%) as micronutrients [319]. 

The selected nutrients have been reported to be optimal for plant growth, but were added 

to CS to further stimulate the degradation of organic matter by microorganisms, as 

reported by Khaliq et al. [320]. Indeed, Leys et al. [321] observed a similar N/P of 14:1 

as optimal ratio for PAH–contaminated soil biostimulation.  

For each condition, 30 identical bottles were used. N2 was used as inert gas to flush 

the bottles and ensure strictly anaerobic conditions. Subsequently, all the bottles were 

aseptically sealed with rubber septa and aluminum crimps, prior to being incubated in a 

water bath under mesophilic conditions (i.e. at 37±1 °C) [248] for 120 days and placed 

on a gyratory shaker at 130 rpm [322]. For each condition, samples were collected after 

3, 10, 20, 30, 40, 50, 60, 70, 90 and 120 days by sacrificing 3 bottles at a time. In addition, 

a volatilization system using activated carbon as sorbent [323] was set up in a 

temperature–controlled chamber at 37±1 °C to discriminate PAH volatilization from 

biological treatment. 

Control tests were run without amendments to monitor PAH removal in the presence 

of only CS and water. Other controls were operated in the absence of CS to evaluate the 

biogas production yield from digestate and OFMSW under the five different conditions, 

which was then used to calculate the net biogas production in the presence of CS. 



 

65 

 

Furthermore, a biocide experiment in presence of 2,000 mg·HgCl2 kg–1 of CS (VWR, 

Italy grade ≥99.5) was also performed to exclude any abiotic PAH removal mechanism 

[324]. 

3.2.5 Analytical procedures 

Total solids (TS) and volatile solids (VS) were measured according to APHA [325] 

and U.S. EPA [326]. The pH was measured in a 1:2 (sample:water) suspension [244] 

using a Sentix/940 pH–electrode (WTW, USA). The electrical conductivity (EC) was 

determined by measuring the electrical resistance of a 1:5 (sample:water) suspension 

[266] with a TetraCon/925 (WTW, USA) conductivity cell. Total organic carbon (TOC) 

was extracted by 0.1 mol·L–1 of pyrophosphate and sodium hydroxide [232] and 

quantified with a TOC–L Series (Shimadzu, Japan) equipment. The analyses of total 

Kjeldahl nitrogen (TKN) were performed to measure the concentration of ammonia–N 

and organic–N according to the method proposed by Kjeldahl [327] using a K–425 speed 

digester (Büchi, Switzerland). Sulfate concentrations were analyzed by ion 

chromatography (IC) using an 883 Basic IC Plus (Metrohm, Switzerland) as reported by 

Kiskira et al. [268]. 

PAHs were extracted from CS samples as described by Sun et al. [269]. A CS sample 

of 0.5 g was dried and then placed in a 25 mL flask with 10 mL acetone (VWR, Italy 

grade 100%) and 1 mL of 50 mg·L–1 benzo[a]pyrene (B[a]P) (Sigma–Aldrich, Germany 

grade ≥96%) solution as internal standard (recovery efficiency of 99±3%). Afterwards, 

the flask was ultra–sonicated at 40 °C for 30 minutes before filtering the sample on a 0.45 

μm glass microfiber filter (Whatman, USA) prior to analysis. PAHs were analyzed using 

a LC–20AD HPLC (Shimadzu, Japan) equipped with a Kinetex® 3.5 µm PAH (150x4.6 

mm) column (Phenomenex, USA) heated at 35 °C and an SPD–20A UV detector 

(Shimadzu, Japan) set at 254 nm. A water/acetonitrile (VWR, HPLC grade) solution 

(50:50) was used as eluent phase at a flowrate of 1.2 mL·min–1 [328]. 

For the determination of PAH bioaccessibility, a solution with 20 mL butanol (VWR, 

Italy grade ≥96%) and 1 mL of 50 mg·L–1 benzo[a]pyrene (B[a]P), was placed in a 25 

mL flask. Afterwards, 2 g of sediment and 2 g of anhydrous Na2SO4 (Sigma–Aldrich, 

Germany grade ≥99%), were added. Then, the flask was shaken on rotary tables at 160 

rpm for 16 hours [85,270]. The extracted sample was filtered on a Whatman glass 

microfiber filter (0.45 μm) before analysis.  

Biogas production was measured after 3, 10, 20, 30, 40, 50, 60, 70, 90 and 120 days 

in the biostimulation experiments with a water displacement method [271]. The biogas 

produced in the control experiments without PAHs was subtracted from that achieved in 
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the bottles with CS. The biogas composition in terms of CH4, CO2 and H2 was analyzed 

using a 3400 GC–TCD gas chromatograph (Varian–Agilent, USA) equipped with a 

Restek Packed column [329] and using argon as gas carrier. 

Total VFAs, expressed in equivalent of acetic acid (mg HAc·L–1), were monitored as 

anaerobic digestion metabolites. Formic, acetic (HAc), propionic, iso–butyric (HiB), n–

butyric (HnB), iso–valeric, n–valeric, iso–caproic, hexanoic and heptanoic acids were 

determined as reported by Mancini et al. [272]. The samples were centrifuged at 10,000 

rpm for 5 min, and the supernatant was properly diluted and analyzed with the HPLC 

above described. A Rezex ROA–Organic Acid H+ column (Phenomenex, USA) heated at 

40 °C and an SPD–20A UV detector (Shimadzu, Japan) set at 210 nm were used. A water 

solution with 0.67 g·L–1 of sulfuric acid (VWR, Italy grade ≥96%) was used as mobile 

phase at a flowrate of 0.8 mL·min–1. 

3.2.6 PAH degradation kinetics 

PAH degradation kinetics were evaluated for each biostimulation test. K1 and K2, 

considering a biphasic first–order kinetic model [330,331], were calculated using the 

following equations: 

𝐶(𝑡) = 𝐶0 · 𝑒−𝐾1·𝑡 when t ≤ tb      (Eq. 3.1) 

𝐶(𝑡) = 𝐶0 · 𝑒−𝐾1·𝑡𝑏 ∙ 𝑒−𝐾2∙(𝑡−𝑡𝑏) when t > tb    (Eq. 3.2) 

where C0 is the initial PAH concentration; K1 and K2 (d–1) are the fast and slow PAH 

degradation rates, respectively, and tb (d) is the time at which the degradation rate 

changes. 
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3.2.7 Statistical analyses 

The obtained data were analyzed by one–way analysis of variance (ANOVA) followed 

by a Tukey test to evaluate statistically significant differences between the tested 

operating conditions. The correlation between different parameters was estimated by the 

standard Pearson sample correlation coefficient (rvariable1–variable2) with both–sided 

alternative. All statistical analyses were performed with XLStat statistical software for 

Microsoft Excel (2019.1.3 version, Addinsoft, USA). Statistical significance was 

assumed at p < 0.05. 

3.3 Results and discussion 

3.3.1 PAH removal with digestate, OFMSW and nutrients as 

amendments 

PAH removal was observed under all the operating conditions after 120 days of 

anaerobic biostimulation (Figure 3.1). During the volatilization test, the presence of PAHs 

in the volatile phase was negligible (data not shown), as also reported by Loehr et al. 

[332]. Furthermore, the PAH concentration did not decrease in the biocide test (data not 

shown), indicating that the PAH removal in the biostimulation tests could be attributed to 

microbial activity. 

  



 

68 

 

 

Figure 3.1 – Ratio [%] between the concentration at time “t” and that at time “t0” [d] of PHE (a), ANT 

(b), FLU (c) and PYR (d) in the contaminated sediment during the 120 days of anaerobic biostimulation. 

D = CS + digestate; DN = CS + digestate and nutrients; O = CS + OFMSW; ON = CS + 

OFMSW and nutrients; DO = CS + digestate and OFMSW; CT = control test. Error bars indicate 

the standard deviation values of analyses in triplicate. 

The total PAH degradation ranged between 10 and 20% in the first 3 days. The use of 

mesophilic conditions over ambient temperature probably decreased the soil–water 

partition coefficient [333] enhancing the PAH dissolution in water and bioaccessibility 

[273]. Coover and Sims [334] showed that increasing the temperature from 10 to 30 °C 

enhanced PAH degradation in the first 60 days. Also, the increase of pH presumably 

played an important role in stimulating the PAH degradation. Kästner et al. [335] 

observed that a rise of pH led to an increase of the active microbial community and a 

consequent higher PAH removal. In this study, the total PAH degradation increased to 

25÷45% under all experimental conditions from day 4 to day 40 (Figure 3.1), when pH 

raised from 6.0 to 6.4 in O, from 6.0 to 8.0 in ON, from 7.8 to 8.4 in D and DN, and from 

7.5 to 8.1 in DO (data not shown). Subsequently, pH remained constant probably due to 
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the soil buffer, which released ions (H3O+ and HCO3
–) in water during the production of 

carbon dioxide [321].  

In the lapse of time between 3 and 20 days, sulfate decreased by 73÷92% (data not 

shown) from an initial concentration of approximately 300 mg SO4
2–·L–1 in D, DN (i.e. 

after 3 days) and DO (i.e. after 10 days), most likely due to biological sulfate reduction. 

During the conversion to sulfide, sulfate can be used as terminal electron acceptors in 

favor of PAH degradation [140]. However, a low total PAH degradation (less than 9%, 

Figure 3.1) occurred in D, DN and DO during this period, indicating that sulfate reduction 

slightly contributed to PAH removal. This is corroborated by a similar PAH removal 

efficiency obtained in O and ON where sulfate reduction was not observed, probably due 

to the absence of sulfate–reducing bacteria in OFMSW. These results suggest that PAH 

degradation was coupled to the reduction of other electron acceptors, such as carbon 

dioxide, under methanogenic conditions (as discussed in section 3.3.4). 

After 120 days, the PAH degradation in D (i.e. 43%) and DO (i.e.48%) was higher (p 

< 0.05) than in O (i.e. 31%) (Figure 3.1), indicating that the use of digestate as organic 

amendment was more effective than OFMSW because simultaneously induced a 

biostimulation and a bioaugmentation of the PAH–contaminated sediment. Furthermore, 

the combination of digestate and OFMSW positively affected the total PAH degradation 

probably because the addition of OFMSW balanced the C:N ratio to 5:1. Similarly, Frutos 

et al. [259] observed a higher PAH biodegradation at a C:N ratio of 5:1 with a moisture 

content of 60%. The addition of the nutrient solution enhanced PAH removal in DN and 

ON (p < 0.05), reaching similar degradation of 53 and 55% (p > 0.05), respectively, after 

120 days. The lowest PAH degradation (p < 0.05) was observed in CT (i.e. 12%), 

confirming the efficacy of biostimulation in PAH–contaminated soil remediation. 

Similarly, Zhang and Lo [146] observed a total petroleum hydrocarbons removal of 

approximately 53% in marine sediments after 30 weeks of biostimulation with 20 mmol 

of methanol. However, Sayara et al. [248] showed a total PAH removal of 84÷87% after 

50 days of treatment, with an initial PAH concentration of about 1,000 mg·kg TS–1. The 

discrepancy with this study can be explained by the fact that Sayara et al. [248] worked 

under wet conditions (i.e. TS of 10 %), which likely increased the hydrolysis rate and 

reduced the physical limitation related to mass transfer [247].  

With regard to the specific PAHs, the removal of PHE was higher (p < 0.05) than that 

achieved for the high molecular weight PAHs (HMWs) since a lower molecular weight 

results in a higher PHE degradability [322]. After 20 days, PHE degradation was higher 

(p < 0.05) in O, ON and DO (i.e. 44, 38 and 53% respectively) than D and DN (i.e. 26%) 

before considerably slowing down. However, PHE removal resumed in ON from day 50 
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onwards and raised up to 69% after 120 days (p < 0.05). Moreover, after 120 days no 

statistically differences were observed between D and DN (p > 0.05), and PHE removal 

reached a final value of 51 and 61% (Figure 3.1 a), respectively. A PHE degradation of 

29% (p < 0.05) was also observed in CT probably due to existing microbes, which were 

capable to use PHE as carbon source [336]. 

ANT degradation rate was lower (p < 0.05) than that achieved with PHE, and this was 

probably due to its low aqueous solubility [337]. When OFMSW was used as amendment, 

the biodegradation of ANT markedly fluctuated (Figure 3.1 b). In the first 20 days, ANT 

was degraded by about 25% but ANT concentration increased back to the initial value 

after 50 days (p > 0.05). Then, ANT removal started again and reached almost 30 and 

50% in DO and ON (p < 0.05), respectively. An increase of PAH concentration in soil 

during biostimulation can occur under anaerobic conditions due to a reversed PAH 

biotransformation. This process involves the condensation of PAH–rings to other forms 

of PAHs under oxygen deficient conditions [338,339]. This trend was not observed in D 

and DN, where ANT degradation was statistically different (p < 0.05) reaching a final 

removal efficiency of 41 and 53%, respectively. 

The presence of organic co–substrates enhanced HMW (i.e. FLU and PYR) 

biodegradation by about 30÷40% (p < 0.05) compared to CT. After 10 days, FLU was 

biodegraded by 12, 28, 38, 19 and 44% in D, DN, O, ON and DO (p < 0.05), respectively 

(Figure 3.1 c). FLU removal restarted after 30 days and reached 42 and 50% in D and DN 

(p < 0.05), respectively. In ON, FLU reduction followed a linear trend from day 40 

onwards, with a final removal percentage of 51%. However, after 120 days the FLU 

removal was similar between DN, DO and ON (p > 0.05). PYR removal (Figure 3.1 d) 

was similar to that obtained for FLU (rPYR–FLU = 0.99). Patel et al. [340] showed that FLU 

degradation increased from 31 to 67% after 9 days in the presence of a NPK fertilizer as 

amendment, confirming the positive impact of biostimulation on HMW biodegradation. 

3.3.2 Evolution of PAH bioaccessibility during biostimulation 

The bioavailable concentrations of all PAHs at “t0” and “t120” (d) are reported in Table 

3.2. After the aging time (6 months), the bioavailable percentage of PAHs in the 

sediments (CT) was 50, 39, 46 and 56% of the total concentration for PHE, ANT, FLU 

and PYR, respectively. These percentages are comparable to those reported for other 

PAH–contaminated marine sediments in the literature [3,66,282,341,342]. 

Under all biostimulating conditions, the initial bioavailable concentration of PAHs was 

higher than that in CT, with a statistically significant difference (p < 0.05) observed in D, 

DN and DO. This was probably supported by the presence of humic acids in the digestate 
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[343] and probably explained the linear trend of ANT degradation occurred in D and DN 

in the first 120 days (p < 0.05) and the fast HMW degradation (p < 0.05) observed in DO 

after 10 days of anaerobic biostimulation (Figure 3.1 and Table 3.4). Humic acids 

presumably acted as surfactants with the aromatic components being capable to interface 

with PAHs [344], and thereby inducing a higher PAH mass transfer to microorganisms 

[252]. Similarly, Kobayashi and Sumida (2015) reported that humic acids with a high 

aromatic property are efficient for sorption of PYR. Liang et al. [346] observed an 

increase of PYR degradation by indigenous microbes with the addition of humic acids to 

soil. 

After 120 days of biostimulation, the total PAH bioaccessibility significantly 

decreased (p < 0.05) compared to the initial value (Table 3.2). PHE bioaccessibility was 

reduced by 52, 56, 54, 66 and 45% in D, DN, O, ON and DO, respectively. ANT 

bioaccessibility was 49, 51, 31 and 50% lower in D, DN, ON and DO, respectively, than 

that at t0, with the bioavailable concentration remaining unchanged when ANT was not 

degraded. The bioavailable concentrations of HMWs decreased by 47, 32, 42, 49 and 

53% in D, O, DN, DO and ON, respectively. Interestingly, no significant differences (p 

> 0.05) were observed by comparing the amount of PAH removed in terms of total (Figure 

3.1) and bioavailable (Table 3.2) concentration. Moreover, the concentration of not 

bioavailable PAHs was not statistically different after 120 days (p > 0.05) but was still 

lower than the bioavailable fraction (p < 0.05). This shows that the microorganisms could 

probably degrade only the bioavailable fraction of PAHs, while the not bioavailable 

PAHs were presumably sorbed onto the sediment particles hindering the microbial 

activity towards them [347].  

The bioaccessibility reduction suggests that biostimulation was effectively capable to 

reduce the amount of highly accessible PAHs, consequently mitigating the environmental 

risk [283]. However, PAH bioaccessibility was still higher than 35% and, therefore, a 

further treatment may be necessary to completely remove the bioavailable PAH fraction. 

A possible solution could be the continuation of biostimulation for a longer time or the 

supplementation of amendments several times during the treatment. 

 Biogas production and volatile fatty acids evolution 

The net cumulative biogas production obtained with all the amendments is shown in 

Figure 3.2. In O, ON and DO, biogas was only composed by H2 (i.e. 45, 30 and 12%, 

respectively) and CO2 in the first 3 days (data not shown). After 10 days of biostimulation, 

biohydrogen production was higher (p < 0.05) in O and ON (i.e. 80 and 60 mL H2·g VS–

1, respectively) than under the other conditions (Figure 3.2 d, e). H2 percentage in the 
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biogas gradually decreased until being below the detection limit on day 30 under all the 

operating conditions. 

Biomethane production was observed after only 3 days in D, DN and DO (Figure 3.2 

a, b, c). This was probably ascribed to the more acclimated methanogenic microorganisms 

already existing in digestate that quickly promoted the onset of methanogenesis [348]. 

Under the ON condition, biomethane was only observed from day 50 on, with the CH4 

percentage increasing up to 70% (the remaining 30% was CO2) on day 120. A final 

cumulative production of approximately 140 mL CH4·g VS–1 (Figure 3.2 d) was achieved 

in ON, i.e. significantly higher (p < 0.05) than the 82, 9 and 4 mL CH4·g VS–1 obtained 

in DO, DN and D, respectively. At the end of the experiment, CH4 production in ON still 

showed an increasing trend, indicating that the biomethane yield could have been higher 

if biostimulation had been prolonged. Compared to what observed in ON, biomethane 

was not detected in O. As also reported by Ariunbaatar et al. [349], the supplementation 

of trace metals with the nutrient solution probably stimulated the biomethane production 

in ON. Moreover the pH in ON was in the optimal range (i.e. 6.5÷8.5) for the activity of 

methanogens after 40 days [285], whereas pH did not exceed 6.4 in O. 

The production and speciation of VFAs was typical of anaerobic digestion (Figure 3.2) 

[350]. Indeed, VFAs increased when biohydrogen was produced and decreased when 

biomethane production started. The highest VFA production in O and ON (i.e. 25,000 

and 20,000 mg HAc·L–1, respectively), was significantly higher (p < 0.05) than that 

obtained in DO, DN and D (i.e. 7,000, 1,700 and 900 mg HAc·L–1, respectively) (Figure 

3.2), presumably due to the higher content of VS and transformability of OFMSW than 

digestate [351]. Among the VFAs produced, HAc was the main acid (p < 0.05) with a 

peak of 850, 16,000, 1,600, 4,100 and 14,200 mg HAc·L–1 in D, O, DN, DO and ON, 

respectively. A higher HnB concentration (p < 0.05) in O and ON (i.e. about 10,300 and 

9,000 mg HAc·L–1, respectively) than D, DN and DO (i.e. about 120, 80 and 2,400 mg 

HAc·L–1) was probably associated with the high presence of carbohydrates in the 

OFMSW [352]. In addition, the presence of iso–valeric and n–valeric in O, ON and DO 

(i.e. about 550 and 100, 500 and 150, 150 and 100 mg HAc·L–1, respectively) was 

presumably related to protein fermentation [350]. A rise of pH from 6.0 to 8.0 probably 

enhanced propionic acid production in ON (i.e. 1,000 mg HAc·L–1), as reported by 

Horiuchi et al. [353]. 
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Table 3.2 – Bioavailable concentration [mg·kg TS–1] of each PAH (PHE, ANT, FLU and PYR) in the contaminated sediment before and after 120 days of anaerobic 

biostimulation. 

Conditions 
  PHE [mg·kg TS–1]   ANT [mg·kg TS–1]   FLU [mg·kg TS–1]   PYR [mg·kg TS–1] 

 t0 t120  t0 t120  t0 t120  t0 t120 

D  168.81 
±

4.07 
81.12 

±

9.16 
 170.37 

±14

.23 
87.47 

±

8.48 
 194.63 

±

5.72 
104.06 

±

9.66 
 180.33 

±

3.72 
91.29 

±

6.36 

DN  158.17 
±

0.49 
69.41 

±

7.65 
 169.91 

±1.

94 
83.79 

±

10.8

2 

 178.07 
±

2.79 
91.40 

±

6.44 
 142.87 

±

2.90 
82.58 

±

5.33 

O  106.77 
±

2.14 
48.88 

±

1.11 
 97.97 

±1.

66 
99.83 

±

4.66 
 131.06 

±

14.73 
90.45 

±

3.57 
 106.33 

±

4.53 
72.62 

±

6.18 

ON  113.55 
±

1.41 
38.35 

±

13.3

0 

 89.45 
±2.

48 
61.86 

±

2.10 
 143.91 

±

1.75 
66.04 

±

17.6

0 

 117.69 
±

3.38 
55.04 

±

6.55 

DO  129.70 
±

1.44 
70.97 

±

7.58 
 122.88 

±1.

44 
62.04 

±

7.82 
 157.56 

±

1.74 
81.59 

±

19.0

1 

 127.57 
±

1.36 
65.13 

±

17.0

6 

CT  100.49 
±

1.51 
61.81 

±

5.32 
 78.65 

±7.

55 
79.14 

±

3.35 
 112.85 

±

6.18 
95.28 

±

3.54 
 92.49 

±

0.78 
78.05 

±

3.00 

D = CS + digestate; DN = CS + digestate and nutrients; O = CS + OFMSW; ON = CS + OFMSW and nutrients; DO = CS + digestate and 

OFMSW; CT = control. Mean and standard deviation values were calculated on n = 3 replicates. 
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Figure 3.2 – Correlation between cumulative biogas production, in terms of biohydrogen (H2) and biomethane (CH4) [mL·g VS–1], and VFA evolution [mg HAc·L–

1] during 120 days of anaerobic biostimulation. 

a) D = CS + digestate; b) DN = CS + digestate and nutrients; c) O = CS + OFMSW; d) ON = CS + OFMSW and nutrients; e) DO = CS + 

digestate and OFMSW. HAc = acetic acid; HiB = iso–butyric acid; HnB = n–butyric acid; Others = formic, propionic, iso–valeric, n–valeric, iso–

caproic, hexanoic and heptanoic acids. Error bars indicate deviation standard values of analyses in triplicate. 
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3.3.3 Relationship between PAH degradation and anaerobic 

digestion 

This study shows that microorganisms were stimulated to degrade PAHs and 

produced biogas by using co–substrates during the biostimulation of a PAH–

contaminated sediment. Indeed, PAH degradation was increased by changing the 

boundary conditions, i.e. the addition of extra carbon source and microorganisms. A 

lower biogas production (p < 0.05) was observed using only digestate as biostimulating 

amendment. On the contrary, the addition of OFMSW resulted in a higher H2 and CH4 

production due to its higher biodegradation potential than digestate.  

PAH degradation was analyzed by comparing the total PAH removal observed 

under both acidogenic and methanogenic conditions, i.e. during biohydrogen and 

methane production, respectively (Figure 3.3 a). When acidogenic conditions were 

maintained, the total PAH removal was higher in O (p < 0.05) than D, DN, ON and 

DO, where a similar removal was observed (p > 0.05). Whereas, under methanogenic 

conditions the total PAH removal was not significantly different between D and DO 

(p > 0.05) and was higher in ON and DN (p < 0.05). Methanogenesis was accompanied 

by a higher PAH removal than acidogenesis (p < 0.05) under all the conditions except 

for O, where methanogenesis did not occur being the pH constantly lower than 6.4. 

Previous studies also analyzed the PAH degradation under methanogenic or 

acidogenic conditions, but a comparison between the PAH removal achieved during 

acidogenesis and methanogenesis has not been approached before. Genthner et al. 

[354] reported that methanogenic microorganisms serving as the terminal electron sink 

via interspecies hydrogen transfer made the PAH biodegradation more feasible than 

nitrate– or sulfate–reducing bacteria. In agreement, Chang et al. [152] showed that the 

addition of bromoethanesulfonic acid to PAH–containing sediments eliminated 

methanogens, resulting in a complete inhibition of methane production and PAH 

degradation. Feng et al. [355] observed an enhancement of PHE degradation by 

acidogenic bacteria during the fermentation of waste activate sludge. 

Biomethane production yields are intimately correlated to the consumption of HAc 

by methanogens. HAc is a reaction intermediate of anaerobic digestion and a possible 

correlation between the accumulation of HAc and PHE degradation was considered. 

The correlation was described by plotting the difference between the remaining PHEti 

and PHEti+1 and between HActi+1 and HActi amount expressed as natural logarithm 

(Figure 3.3 b), where ti is the i–th time (days), considering all biostimulating conditions 

and significant differences in PAH biodegradation (p < 0.05). A Pearson test showed 
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a high correlation between HAc production and PHE removal (rHAc–PHE = 0.98) with a 

linear trend (R2 = 0.96). This result supports the observed PHE biodegradation 

occurred during the first 20 days. Similarly, Su et al. [356] observed an increase of 

PHE degradation from 9 to 22% in acetate–amended river sediments after 30 days of 

bioremediation. The presence of acetate has also been reported to promote the growth 

of a porous biofilm onto a sand grain surface and stimulate PHE degradation [281]. 

 

Figure 3.3 – a) Total PAH removal [%] under acidogenic and methanogenic conditions after 120 days 

of biostimulation. b) Pearson correlation between the remaining (PHEti – PHEti+1) [%] and ln (HActi+1 

– HActi) concentrations.  

D = CS + digestate; DN = CS + digestate and nutrients; O = CS + OFMSW; ON = CS + 

OFMSW and nutrients; DO = CS + digestate and OFMSW. Error bars indicate deviation 

standard values relative to analyses in triplicate. 
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3.3.4 PAH degradation kinetics 

The total PAH degradation kinetics and kinetic parameters in D, DN, O, ON and 

DO using a biphasic first–order kinetic model are shown in Figure 3.4 and reported in 

Table 3.3. The selected time (tb), at which the degradation rate (K) changes, was 10 

days. Fast and slow degradation rates (K1 and K2) were estimated from the slope of 

the plot of ∑PAHt/∑PAHt0 ratio (%) versus time (t, days) for t ≤ tb and t > tb, 

respectively. 

The correlation coefficient R2 (Table 3.3), varying from 0.743 to 0.933, suggests 

that biphasic first–order kinetic model was suitable to simulate the biostimulation 

process. All calculated K1 values were an order of magnitude higher than K2 values 

(Table 3.3). Comparing the five conditions (Table 3.3), K1 was higher in DO (i.e. 0.055 

d–1) than in D, DN, O and ON (i.e. 0.023, 0.030, 0.038 and 0.027 d–1, respectively), 

whereas K2 was higher in ON and DN (i.e. 0.005 d–1) than in D, O and DO (i.e. 0.003, 

0.001 and 0.001 d–1, respectively). The observed K1 and K2 (Table 3.3) suggest that 

the combination of digestate and OFMSW had a short–term effect (< 10 days) and the 

nutrient solution had a long–term effect (> 10 days) on PAH removal. 

 

Table 3.3 – Biphasic (fast and low) kinetic models of total remaining PAHs [%] in D, DN, O, ON and 

DO during 120 days of biostimulation. The degradation rates (K1 and K2, day−1) and R2 (correlation 

coefficients) are referred to C = C0 · e−K1·t and C = C0 · e−K1·tb · e−K2·(t–tb) first–order kinetic models. 

Conditions 
  ∑PAHs 

 K1 [d
–1]  K2 [d

–1]  R2 

D  0.023  0.003  0.896 

DN  0.030  0.005  0.933 

O  0.038  0.001  0.743 

ON  0.027  0.005  0.916 

DO   0.055   0.001   0.880 

D = CS + digestate; DN = CS + digestate and nutrients; O = CS + OFMSW; ON = CS + 

OFMSW and nutrients; DO = CS + digestate and OFMSW. 
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Figure 3.4 – Biphasic (fast and low) kinetic models of total remaining PAHs [%] in D, DN, O, ON and 

DO during 120 days of biostimulation. The lines are referred to C = C0 · e−K1·t and C = C0 · e−K1·tb · 

e−K2·(t–tb) first–order kinetic models. 

D = CS + digestate; DN = CS + digestate and nutrients; O = CS + OFMSW; ON = 

CS + OFMSW and nutrients; DO = CS + digestate and OFMSW. 

The degradation rates and the related correlation coefficients of biphasic first–order 

kinetics in D, DN, O, ON and DO are reported for each PAH in Table 3.4. The high–

to–low order of degradation rates was observed to be PHE > HMWs > ANT in DO 

and ON for a fast and slow kinetic, respectively.  The highest PHE degradation rates 

were observed in DO and ON (i.e. K1 = 0.076 and K2 = 0.007 d–1, respectively). ANT 

degradation was faster in D and DN than under the other conditions (i.e. K1 = 0.023 

and K2 = 0.006 d–1, respectively). The correlation coefficient (i.e. R2 < 0.5) did not fit 

the ANT degradation trend in O, ON and DO as the kinetics described a continuous 

reduction of contaminant while the ANT concentration increased after 20 days. 

Regarding to HMWs, the highest K1 and K2 were obtained in DO (i.e. almost 0.06 d–

1) and ON (i.e. 0.05 d–1), respectively. The O condition resulted in a slower HMW 

degradation than DO and ON (i.e. almost 0.05 and 0.001 d–1 for a fast and slow kinetic, 

respectively). 

A comparison between the PAH degradation kinetics obtained in this thesis and 

other studies on anaerobic biodegradation of PAHs is reported in Table 3.4. Chang et 

al. [322] showed that the inoculation of a PAH–adapted microbial consortium under 

methanogenic conditions allowed to reach K values of 0.196, 0.125 and 0.165 d–1 for 

PHE, ANT and PYR, respectively. Li et al. [331] observed a degradation rate of 0.012 
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and 0.011 d–1 for FLU and PYR, respectively, in mangrove sediments with enriched 

consortium bacteria. Agarry and Owabor [238] obtained an increasing K from 0.009 

to 0.021 d–1 for ANT with the addition of pig dung as amendment. 

As lower degradation rates were obtained in this study than in those present in the 

literature under methanogenic conditions, the microorganisms probably needed a 

longer acclimation time in the contaminated sediment to perform a higher and faster 

PAH removal. Indeed, given the complexity and toxicity of the molecules, PAHs are 

usually recalcitrant to biodegradation and not essential for microorganism growth, 

unless they are the sole carbon source. During slow kinetics, the degradation of PAHs 

(electron donors) was probably accompanied by the reduction of dioxide carbon 

(electron acceptor), as discussed above. However, the observed degradation rates 

during fast kinetics were higher than those reported by Agarry and Owabor [238] and 

Li et al. [331]. During this phase, microorganisms probably degraded the organic 

matter (electron donor) and during extracellular respiration the released electrons were 

indirectly transported by electron shuttles (i.e. riboflavin, flavin mononucleotide, 

phenazines) between the cell surface and PAHs (electron acceptor), allowing PAH 

degradation [91]. 
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Table 3.4 – Degradation rates (K, day−1) and R2 (correlation coefficients) of a biphasic first–order kinetics describing the removal of PHE, ANT, FLU and PYR 

during fast and slow biostimulation. The results obtained in this study were compared to those reported in the literature under similar operating conditions. 

Conditions 

 LMWa first kinetic model  HMW first kinetic model  Ref. 

 PHE  ANT  FLU  PYR   

 K [d–1] 
R2 

 K [d–1] R2  K [d–1] R2  K [d–1] R2   

 Fast Slow  Fast Slow   Fast Slow   Fast Slow    

D  0.027 0.004 0.933  0.023 0.003 
0.87

1 
 0.022 0.003 0.840  0.022 0.003 0.826  – 

DN  0.036 0.006 0.942  0.021 0.006 
0.87

0 
 0.032 0.005 0.913  0.032 0.004 0.920  – 

O  0.065 0.003 0.804  0.03 0.001 
0.00

6 
 0.048 0.001 0.925  0.05 0.001 0.663  – 

ON  0.045 0.007 0.973  0.03 0.004 
0.38

6 
 0.019 0.005 0.928  0.021 0.005 0.910  – 

DO  0.076 0.002 0.940  0.028 0.001 
0.42

7 
 0.062 0.001 0.881  0.059 0.001 0.849  – 

EBb + 

NaHCO3 
 0.023 0.957  *c *  0.012 0.832  0.011 0.966  [331] 

Methanogen

ic 
 0.196 **d  0.125 **  * *  0.165 **  [322] 

Pig dung  * *  0.021 **  * *  * *  [238] 

D = CS + digestate; DN = CS + digestate and nutrients; O = CS + OFMSW; ON = CS + OFMSW and nutrients; DO = CS + digestate and 

OFMSW; a = low molecular weight PAHs; b = enriched bacteria; c = not investigated; d = data not shown.
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3.3.5 Conclusions 

The increase of the amount of PAH–contaminated sediments requires the 

development of new strategies for an efficient and sustainable ex situ remediation. This 

chapter suggests that anaerobic biostimulation of PAH–contaminated sediments 

allowed to successfully decrease the concentration of total and bioavailable PAHs up 

to 55%. The supplementation of digestate, fresh OFMSW and nutrients led to the 

occurrence of methanogenic conditions in favor of the enhancement of PAH 

degradation. Among the experimental conditions, ON resulted in the highest PAH 

removal (similar to DN) and led to a significantly higher biomethane production (i.e. 

140 mL CH4·g VS–1). The possibility of producing bioenergy from soil bioremediation 

is an important aspect, as all or part of the treatment costs may be covered. Further 

research should be focused on the process optimization, the study of the involved 

microbial communities as well as the PAH degradation pathways during the treatment. 
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CHAPTER 4. PHENANTHRENE 

BIODEGRADATION IN A FED–BATCH 

REACTOR TREATING A SPENT SEDIMENT 

WASHING SOLUTION: TECHNO–

ECONOMIC IMPLICATIONS FOR THE 

RECOVERY OF ETHANOL AS 

EXTRACTING AGENT 

4.1 Introduction 

Sediment washing (SW) has extensively been studied for the remediation of 

dredged sediments contaminated by polycyclic aromatic hydrocarbons (PAHs), being 

an operationally simple, highly effective and relatively economic ex–situ technology 

[22,242]. SW is a physical–chemical process consisting of the deployment of solvents 

or surfactants as extracting agents, in order to remove PAHs from polluted sediments 

via solubilization [166] by reducing the high octanol–water partition coefficient (Kow) 

of PAHs [357]. Despite low solid–to–liquid (S/L) ratios (e.g. 1:10) allow to enhance 

SW efficiency, a large amount of spent SW solution, which has to be subsequently 

treated prior to discharge into the environment, is generated [358–360]. 

Among the technologies used for the treatment of spent SW effluents, chemical 

oxidation has widely been applied, given its great efficiency towards highly 

recalcitrant organic contaminants [361,362]. However, chemical oxidation is costly 

and the degradation of PAHs can be followed by the generation of oxygenated–PAHs, 

which are by–products known to be more toxic and persistent than PAHs [48,99]. 

Therefore, a biological treatment can be alternatively applied as a more cost–effective 
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and eco–friendly approach, using engineered microorganisms capable to completely 

mineralize PAHs [27,363]. 

Aerobic conditions are commonly used to speed up PAH biodegradation compared 

to anaerobic conditions [40,364]. The bacterial metabolism is also affected by other 

parameters such as PAH concentration and bioaccessibility, the presence of nutrients 

(i.e. nitrogen and phosphorus), pH and temperature [16]. In addition, the type of 

extracting agent employed during SW is a further key parameter to be accounted for 

during the biodegradation process [180]. 

Synthetic surfactants (e.g. non–ionic) have largely been proposed above their 

critical micelle concentration during SW due to the hydrophobic interior and 

hydrophilic exterior structure that enhances PAH solubility [365]. Indeed, previous 

studies focused their attention on the biological treatment of spent phenanthrene 

(PHE)–contaminated SW solutions, also containing Tween® 80 or Triton™ X–100 as 

extracting agents (Table 4.1). However, high concentrations of non–ionic surfactants 

can be toxic to the microorganisms employed in the downstream treatment of SW 

solutions. At the same time, too low surfactant concentrations are often not effective 

for a complete PAH removal from the sediment [26,366]. Therefore, the use of 

biosolvents such as ethanol (EtOH) could represent a promising alternative to synthetic 

surfactants, being EtOH both effective for SW and tolerable by PAH–degrading 

bacteria. 

EtOH is considered a green solvent that can be biologically synthesized on an 

industrial scale through the fermentation of biofeedstocks, such as lignocellulosic 

materials, and successfully used as a co–solvent during SW for the removal of 

hydrophobic contaminants [24,367]. Indeed, SW has been reported to achieve a PHE 

removal higher than 97% using a 1:1 (w/w) mixture of EtOH and water as extracting 

agent. In addition, the whole SW process can be optimized through an EtOH recovery 

back to the SW treatment unit by distillation, thus decreasing the costs for newly–

added reagents and the amount of spent SW solution to be treated [173,368]. 

Up to date, scientific literature lacks studies investigating the biological treatment 

of a spent PHE–polluted SW solution containing EtOH as extracting agent. Moreover, 

no studies reported the biodegradation of PHE in a fed–batch reactor but only in batch 

flasks, thus implying good margins for interesting scientific evidences. Hence, the 

specific objectives of this chapter were to i) biologically treat a spent SW solution 

containing EtOH by testing different initial PHE concentrations within 6 operation 

cycles of a 1 L fed–batch reactor; ii) investigate the effects of operating parameters, 

i.e. dissolved organic carbon (DOC), nitrogen, phosphorous, volatile suspended solids 
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(VSS), dissolved oxygen (DO) and pH on PHE biodegradation through a Pearson 

correlation; iii) model PHE degradation via zero– and first–order kinetics; iv) perform 

a techno–economic assessment on the whole process chain, particularly taking into 

account the recovery of EtOH as a resource to be reused in SW treatment units. 
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Table 4.5 – Comparison between the results obtained in this thesis and those reported in the literature with bioreactors treating phenanthrene (PHE)–contaminated sediment washing solutions. 

Washing 

effluent 

treatment 

 

 

Bioremediation condition 
 

 
Washing agent  

PHE 

[mg·L–1] 
 

Main 

microbial genera 
 PHE removal  Reference 

pH 

 

Temperat

ure [°C] 

 

Agitatio

n [rpm] 

 

Type 

 

Conc. 

[mg·L–1] 

 

 

 

 

 

Tim

e [d] 
 

Efficie

ncy [%] 

 

 

Aerobic 

bioreactor 
8.0 37 150 

Twe

en® 80 
10,000 17.8 Pseudomonas 3  90 [369] 

Aerobic 

bioreactor 

6.5 – 

7.5 
23 300 

Twe

en® 80 
1,310 25 –a 2.4  ≥99 [250] 

Bioaugmentati

on biostimulation 
n. a.b 30 180 

Twe

en® 80 
2,500 8.26 

Bacillus, 

Capnocytophaga, 

Acinetobacter and 

Staphylococcus 

7  
44– 

≥99 
[27] 

Immobilized 

bacteria (PVA–

SA)c 

n. a. 25 150 
Twe

en® 80 

2500 – 

5,000 
20d Klebsiella 30  42–89 [358] 

Immobilized 

bacteria 

(hydrogel) 

n. a. 28 200 

Trito

n™ X–

100 

4,000 0.80 Mycobacterium 3  15–99 [370] 
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a = not characterized wastewater; b = not available; c = polyvinyl alcohol and sodium 

alginate; d = fluoranthene and pyrene (20 mg·L–1 each); e = not determined; f = 

considering an abundance of 18%. 

4.2 Materials and methods 

4.2.1 Chemicals 

Calcium chloride dihydrate (grade ≥99%), magnesium chloride hexahydrate 

(grade ≥99%), mercury(II) chloride (grade ≥98%), PHE (grade ≥98%), sodium 

carbonate (grade ≥99%), sodium hydroxide (grade ≥98%), sodium chloride 

(grade ≥99%) and sodium sulfate (grade ≥99%) were supplied by Sigma–

Aldrich (Germany). Acetone (grade 100%), acetonitrile (HPLC grade), 

ammonium chloride (grade 100%), chrysene (grade 100%), EtOH (≥ 99.9%), 

potassium dihydrogen phosphate (grade ≥99%), deconex® 31 antifoam and 

sulfuric acid (grade ≥95%) were all purchased from VWR (Italy). n–Hexane 

(grade 95%) was provided by ROMIL (UK). Ultrapure water (electrolytic 

conductivity ≤0.05 μS·cm–1) was used to prepare all solutions. 

4.2.2 Enrichment of PHE–degrading bacteria 

A portion of 10 g of PAH–contaminated sediment previously described 

elsewhere (chapter 2) was suspended with 95 mL of a saline solution (i.e. 0.85% 

NaCl) in a glass bottle (100 mL) [371]. A portion of supernatant of 5 mL was 

subsequently transferred into a 250 mL Erlenmeyer flask containing 45 mL of 

sterilized mineral salt medium (MSM) with a pH adjusted to 7.0 with 1 M of 

H2SO4 and a PHE concentration of 50 mg·L–1, here used as the sole carbon 

source [371] and representative of PAHs being intermediate in solubility and 

hydrophobicity. MSM consisted of (in mg·L–1 of deionized water): 500 KH2PO4, 

400 NH4Cl, 330 MgCl2·6H2O, 50 CaCl2·2H2O and 400 NaCl [372]. PHE was 

added to the MSM with acetone (≤2%, v/v), which evaporated within 24 hours 

[373,374]. 

The enrichment of the PHE–degrading community was performed in 

triplicate under aerobic conditions, placing the flasks at room temperature and 

on a horizontal shaker at 200 rpm [375] until PHE was no longer detected. 

Afterwards, 5 mL of enrichment were withdrawn from each of the triplicates and 

sub–cultured with 45 mL of fresh MSM–PHE solution [371]. After 15 sub–

culture operations, the obtained microbial consortium was used as an inoculum 

of PHE–degrading bacteria [376] for the biological treatment of a synthetic spent 

SW solution. 



 

87 

 

4.2.3 Treatment of spent SW solution in a fed–batch 

bioreactor 

PHE biodegradation was performed in a 1,500 mL glass reactor with a 

working volume of 1,000 mL (Figure 4.1), which was constantly maintained at 

30 ± 2 °C using a temperature control unit (JULABO GmbH, Germany). The 

treatment of the PHE–containing SW solution was studied in fed–batch mode, 

using six different cycles operated with an initial PHE concentration of 20 (cycle 

1), 50 (cycle 2), 67 (cycle 3), 76 (cycle 4), 140 (cycle 5) and 120 (cycle 6) mg·L–

1, for a total duration of 31 days. The investigated PHE concentrations were used 

imagining to simulate the PHE concentration deriving from different PAH–

contaminated sediments [255]. 

 

Figure 4.5 – Experimental set–up of the fed–batch bioreactor used in this study. 1) Temperature 

control unit connected to the reactor liner at 2) and 3) for the recirculation of 30 °C heated 

water; 4) aquarium pump used to ensure the mixing and aerobic conditions via large 5) and fine 

6) bubbles, respectively; 7) port used for dissolved oxygen (DO) and pH measurements; 8) 

sampling port, also used for pH adjustments and supplementation of the fresh synthetic sediment 

washing solution. 
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At the beginning of the operation (cycle 1), the reactor contained 100 mL of 

the enriched PHE–degrading microbial culture (section 4.2.2) in order to obtain 

a volumetric ratio of 10% with the total working volume. A nutrient solution (i.e. 

787 mL) composed of KH2PO4 and NH4Cl, and buffered with 1,334 mg·L–1 of 

Na2CO3 [377], was added to the reactor (Figure 4.1) to biostimulate PHE 

removal by balancing the carbon–to–nitrogen–to–phosphorus (C/N/P) molar 

ratio to 100:1.3:0.05, which was suggested as optimal for PAH degradation by 

Wilson and Jones [378]. Finally, 113 mL of synthetic SW solution (with 0.59 

and 0.01% of NaCl and Na2SO4, respectively) were introduced into the reactor 

reaching approximately 50,000 mg·L–1 of EtOH (except for cycle 1), and used 

as a source of PHE. The characteristics of the spent SW solution were deduced 

from that used in chapter 2, as summarized in Table 4.2. 

Table 4.6 – Phenanthrene (PHE) removal (%) from contaminated sediment vs time (d) using a 

mixture of EtOH and water as washing agent (1:1, w/w) with several solid–to–liquid (S/L) ratios 

(i.e. 1:3, 1:5 and 1:10). Error bars refer to RSD values of analyses in triplicate. Data of sediment 

washing are taken from chapter 2. 

Time [min] 

 

SW* conditions 

S/L ratio 1:3 

 

S/L ratio 1:5 

 

S/L ratio 1:10 

PHE 

removal [%] 

 

RSD 

[%] 

PHE 

removal [%] 

 

RSD 

[%] 

PHE 

removal [%] 

 

RSD 

[%] 

0 0.00 0.00 0.00 0.00 0.00 0.00 

1 65.91 0.34 68.56 0.03 60.91 0.38 

2 69.27 0.12 71.20 0.02 64.58 2.98 

5 77.83 2.10 76.16 2.38 69.78 5.98 

15 87.10 1.78 85.17 4.17 83.99 5.23 

30 94.68 1.70 93.61 2.40 93.72 0.72 

60 99.40 1.62 98.38 0.10 97.55 0.81 

*SW = sediment washing 

Cycle 1 was operated at the lowest PHE concentration with the aim also to 

acclimatize the microorganisms to the new experimental conditions [250], and a 

lower EtOH concentration (i.e. approximately 11,000 mg·L–1) was subsequently 

introduced into the reactor. PHE concentration was reduced in cycle 6 to evaluate 

the possible inhibitory effects on the growth of the involved microbial species. 

Each cycle was interrupted when PHE degradation stopped or a 99% removal of 

dissolved organic carbon was reached. Afterwards, an aliquot of 113 mL was 

taken from the reactor maintaining active agitation (Figure 4.1) and replaced 

with a fresh SW solution also containing the required nutrients for microbial 
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growth and pH buffer. For the whole operation of the reactor, the liquid phase 

was continuously mixed and kept under aerobic conditions through an aquarium 

pump by supplying humidified air via a glass tube (large bubbles) and a porous 

diffuser (fine bubbles), respectively. When DO was detected below 1 mg·L–1, 

DO concentration was corrected up to 5 mg·L–1 by manually increasing the 

aeration flowrate (Figure 4.1). The pH value was daily adjusted to 7.4 with 1 M 

of H2SO4 or NaOH (Figure 4.1) in order to minimize any interference with PHE 

degradation [321]. Antifoam agent (i.e. 0.5 mL·L–1) was added in the early stage 

of each cycle to avoid foam production due to the air injection in the presence of 

a high concentration of EtOH. Aluminum folio was used to wrap the wall of the 

reactor and avoid the onset of competing phototrophic reactions. 

In addition, an inoculum–free reactor was operated under the same 

abovementioned conditions as a control with 113 mL SW solution + 787 mL 

nutrients + 100 mL autoclaved water and the addition of 1,000 mg·L–1 of HgCl2 

as biocide test, in order to evaluate any abiotic loss (e.g. by volatilization) of 

PHE and EtOH [379]. 

4.2.4 Sampling, analytical procedures and revealing of 

microbial communities 

The content of total suspended solids (TSS) and VSS was determined after 

each operative cycle using the filtration–based method through glass microfiber 

filters (Whatman, USA) [380]. DO and pH values were measured directly in the 

reactor (Figure 4.1) with an IDS FDO® 925 and SenTix® 950 pH electrode 

(WTW, USA), respectively. Samples for the quantification of DOC, ammonia 

nitrogen (N–NH4
+), phosphorus (P–PO4

3–) and PHE were daily taken from a 

sampling port located on the top of the reactor (Figure 4.1). The amount of DOC 

was analyzed using a TOC–L Series (Shimadzu, Japan) as reported by Matassa 

et al. [381]. N–NH4
+ was quantified with a spectrophotometer PhotoLab® S6 

(WTW, USA) using the indophenol blue method [382]. The P–PO4
3– 

concentration was determined by ion chromatography (IC) employing an 883 

Basic IC Plus (Metrohm, Switzerland) [383]. PHE was extracted from samples 

and quantified via an LC–20AD HPLC (Shimadzu, Japan), as extensively 

described in chapter 2 and 3. Before the PHE extraction, 1 mL of 50 mg·L–1 

chrysene solution was added as the surrogate standard [384]. 

The composition of the microbial community populating the reactor after the 

31 days of fed–batch reactor operation was analyzed through a preliminary DNA 

extraction with a ZR Fecal/Soil Microbe DNA MiniPrep™ Kit (Zymo Research, 

USA). The yield of DNA extracted from the sample was assessed as described 
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by Claassen et al. [385]. Polymerase chain reaction (PCR) amplification, 

Illumina sequencing, sequence filtering and taxonomic classification were 

carried out as extensively reported by Haleyur et al. [105]. Library quantification 

was determined through a 2100 Bioanalyzer (Agilent Technologies, USA). 

4.2.5 Kinetic study and calculations 

PHE biodegradation kinetics were evaluated under each investigated 

condition by comparing zero– (Eq 4.1) and first– (Eq 4.2) order kinetic models 

since such kinetics were extensively used to ascertain the degradation kinetic 

parameters in bioreactors treating PHE. k and t1/2 parameters were calculated as 

follows [386]: 

𝐶(𝑡) = 𝐶(𝑡0) − 𝑘𝑡       (Eq 4.1) 

𝐶(𝑡) = 𝐶(𝑡0) ∙ 𝑒−𝑘∙𝑡      (Eq 4.2) 

𝑡1/2 =
𝐶(𝑡0)

2∙𝑘
        (Eq 4.3) 

𝑡1/2 =
ln(2)

𝑘
        (Eq 4.4) 

where C0 is the initial PHE concentration; k (d–1) is the PHE degradation rate; 

t1/2 (d) is the half–life time, used to evaluate the due time to obtain a 50% C 

degradation. Consequently, t1/2 was calculated both for zero– (Eq 4.3) and first– 

(Eq 4.4) order kinetic models. 

As an indicator of the biosurfactant production during the foam formation 

periods, the emulsification index was calculated by dividing the height of the 

emulsified layer by the total height of the liquid column, as previously described 

by Gupta et al. [387]. The cell surface hydrophobicity (CSH) was evaluated 

spectrophotometrically after n–hexane addition [20] using a diluted sample to an 

optical density (OD605) of 1.0 [388]. 

The free energy liberated from the mineralization of PHE (ΔGd) was 

calculated under aqueous conditions by subtracting the Gibbs free energy of 

reactants formation (ΔGf,r) from that of products formation (ΔGf,p) in reaction 1 

[389]. Similarly, the free energy of the oxygen half–reaction (ΔGa) was 

estimated following reaction 2. ΔGf,r and ΔGf,p were taken for each involved 

compound from Woo and Rittmann [390]. 

(
1

66
) 𝐶14𝐻10 + (

28

66
) 𝐻2𝑂 → (

14

66
) 𝐶𝑂2 + 𝐻+ + 𝑒−   (Eq. 4.5) 

(
1

4
) 𝑂2 + 𝐻+ + 𝑒− → (

1

2
) 𝐻2𝑂     (Eq. 4.6) 
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Afterwards, ΔGd and ΔGa were combined in order to obtain the overall energy 

yield (ΔGr) of the PHE degradation process, which was expressed as kcal·eeq–1. 

4.2.6 Statistical analysis 

A one–way analysis of variance (ANOVA) coupled with a Tukey test was 

executed to evaluate the significant differences (p <0.05) between the 

experimental conditions. A standard Pearson test with both–sided alternative 

was carried out to examine the correlation coefficients (rvariable,1–variable,2) between 

the PHE and the other investigated parameters (i.e. DOC, nitrogen, phosphorous, 

VSS, DO and pH). The statistical evaluation was performed with the XLStat 

software (2020.5.1 version, Addinsoft, USA). 

4.2.7 Economic estimation 

A rough evaluation of the remediation costs associated with the entire process 

chain was performed by including SW operations, EtOH supply and recovery, 

and the treatment of the spent SW solution. The cost of SW operations 

considering workers, construction supplies, pumping and tubes, earthmoving, 

and storage vessels was assumed as 142 €·m–3 of sediment [180,391]. The price 

of EtOH used during SW was considered equal to 0.31 €·L–1 [392] and the 

expenditure for EtOH recovery through solar distillation was 0.12 €·L–1 of EtOH 

[393]. The biological treatment of the spent PHE–polluted SW solution under 

aerobic conditions at 30 °C was assumed to result in a cost of 12.5 €·m–3 of 

effluent [369,387]. All calculations were standardized on mass basis (ton) 

supposing a sediment density of 1.6 ton·m–3 and a maximum field capacity of 

35% (v/v), which generally refers to marine sediments [394–396]. 
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Figure 4.6 – a) Phenanthrene (PHE) concentrations (mg·L–1) vs time (d) during the biological 

treatment of a spent sediment washing solution and b) results of the statistical comparison 

(Tukey test) of PHE removal (%) at the end of each cycle in the fed–batch bioreactor. 

The dashed and dotted curves in panel a) refer to those used in the zero– (Eq 4.1) 

and first– (Eq 4.2) order kinetic models, respectively. The same letters (Tukey test) did 

not represent statistical differences (p > 0.05) between the experimental conditions. 

Values are the averages of triplicate analyses and error bars indicate the RSD. 
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4.3 Results and discussion 

4.3.1 Influence of monitoring parameters on 

phenanthrene removal 

A PHE removal between 63 and 91% (Figure 4.2a and b) was obtained at the 

end of each cycle during the aerobic biodegradation of the synthetic PHE–

containing spent SW solution. The abiotic loss of PHE was negligible (data not 

shown), indicating that PHE was completely removed by the bacterial activity, 

in agreement with Chiavola et al. [397]. 

PHE biodegradation was significantly lower (p <0.05) in cycle 5 and 6 (i.e. 

71 and 77%, respectively) (Figure 4.2b) than in cycle 1 and 2 (i.e. 91, 89%, 

Figure 4.2 b), which in turn was slightly higher (p >0.05) compared to cycle 4 

(i.e. 84%, Figure 4.2b). The increase of PHE concentration from 20 to 140 mg·L–

1 generally led to a decrease of the PHE removal efficiency probably due to the 

toxic effect of PHE or degradation intermediates to microorganisms (see section 

4.3.2 and 4.3.5), as also reported by Waigi et al. [119]. Likewise, Pedetta et al. 

[398] showed a lower PHE degradation (i.e. by 75%) with a PHE concentration 

of 150 mg·L–1 compared to Sun et al. [399], who obtained a PHE removal of 

85% with an initial concentration of 50 mg·L–1. 

The degradation of PHE in cycle 3 only reached 63% (Figure 4.2a and b) 

likely due to a buffer failure that led to an abrupt pH decrease from 7.4 to 4.4 

(Figure 4.3e) on day 10 of reactor operation. Similarly, Janbandhu and Fulekar 

[400] reported acidification during the biodegradation of PHE, with pH 

decreasing from 7.0 to 5.2–5.6. Although the correlation between PHE and pH 

was weak (i.e. rPHE–pH = 0.433) in this work due to the continuous pH adjustment, 

the decrease of pH can be attributed to the accumulation of hydrogen ions caused 

by PHE degradation [401]. Neutral pHs typically facilitate hydrocarbon 

degradation (e.g. PAHs), whereas acidic pHs negatively affect the microbial 

activity [40], as further supported by the decline of PHE removal after 10, 17 

and 23 days in cycles 3, 4 and 5 (Figure 4.2a), respectively. However, PHE–

degrading bacteria were only temporarily inhibited and resumed their activity 

after 1–3 days due to an increase of pH to 7.4 by NaOH addition (Figure 4.2a 

and 3e, respectively) [335]. 

The biodegradation of PHE in cycle 5 and 6 could be also negatively 

influenced by the anoxic conditions (i.e. DO <1 mg·L–1) that occurred on days 

23–24 and 28–29 (Figure 4.2d), which led to a slight reduction (p >0.05) of PHE 

concentrations, as also suggested by the negative Pearson coefficient between 
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DO and PHE (i.e. rPHE–O2 = –0.704). During the operation of the reactor at an 

initial PHE concentration increasing from 80 to 140 mg·L–1, a high biomass 

growth up to approximately 3,600 mg VSS·L–1 (Figure 4.4) was observed, thus 

increasing the oxygen demand (Figure 4.3d) [402] and leading to an excessive 

decrease of DO. Therefore, the optimization of the aeration in the aerobic 

treatment of PHE–containing solutions should be carefully evaluated in future 

studies. This would allow to maintain the minimum DO concentration, which 

has no detrimental effects on the metabolism of PHE–degrading microorganisms 

and concomitantly keeps the aeration costs as low as possible. 

PHE degradation was also accompanied by a decrease of DOC, N–NH4
+ and 

P–PO4
3– above 99% (Figure 4.3a, b and c, respectively). DOC was mainly made 

up of the EtOH used to solubilize PHE during SW. The biocide test revealed a 

DOC reduction of approximately 60%, which can be attributed to the EtOH 

volatilization, indicating an actual biological removal of EtOH of about 40%. In 

contrast, Da Silva and Alvarez [403] obtained an abiotic EtOH removal lower 

than 8% during the degradation of a mixture of benzene, toluene, ethylbenzene 

and xylene. The discrepancy with the study of Da Silva and Alvarez [403] can 

be explained by a considerably lower EtOH concentration (i.e. 1,000 mg·L–1), 

compared to that used in the present work (i.e. 50,000 mg·L–1), which resulted 

in a low EtOH volatilization. This is also confirmed by what observed in cycle 

1, where a not significant (p >0.05) abiotic EtOH removal was obtained with an 

initial EtOH concentration of 11,000 mg·L–1. Furthermore, EtOH volatilization 

was likely promoted here by the extensive aeration used to ensure aerobic 

conditions for the PHE–degrading community (Figure 4.3d) [404]. 

The inorganic macronutrients (i.e. nitrogen and phosphorous) supplemented 

were needed to stimulate the activity of bacteria and effectively resulted in new 

biomass production (Figure 4.4), in agreement with Zang et al. [20]. This is also 

indicated by the Pearson coefficient (i.e. rPHE–N = 0.702 and rPHE–P = 0.538) that 

demonstrates a good correlation between N–NH4
+ and P–PO4

3– consumption 

(Figure 4.3b and c, respectively) and PHE biodegradation. Hence, up to 

approximately 90% of PHE removal was achieved using a C/N/P ratio of 

100:1.3:0.05, which was higher compared to the widely accepted C/N/P ratio of 

100:10:1 [405]. This confirms what observed by Leys et al. [321], who showed 

that PAH–degrading bacteria need a low nutrient amount, implying a lower 

operation cost in case N and P have to be externally provided. 
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Figure 4.7 – Evolution of a) dissolved organic carbon (DOC), b) N–NH4
+, c) P–PO4

3–, d) dissolved oxygen (DO) (mg·L–1) and e) pH values vs time (d) during the 

biological treatment of a phenanthrene–containing spent sediment washing solution in a fed–batch bioreactor.  
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The dashed curve in panel a) refers to the amount of DOC detected in the abiotic test. 

Values are the averages of triplicate analyses and error bars indicate the RSD. 

 

Figure 4.8 – Evolution of volatile suspended solids (VSS) (mg·L–1) vs time (d) in the fed–batch 

bioreactor after each investigated cycle, i.e. at 20 (cycle 1), 50 (cycle 2), 67 (cycle 3), 76 (cycle 4), 140 

(cycle 5) and 120 (cycle 6) mg PHE·L–1. Photos of reactor are reported below the evolution of VSS after 

0, 15 and 31 days. 

The same letters (Tukey test) did not represent statistical differences (p >0.05) between the 

experimental conditions. Values are the averages of triplicate analyses and error bars indicate 

the RSD. 

4.3.2 Mechanisms involved in the biodegradation of 

phenanthrene 

The biodegradation mechanisms involved in the removal of PHE from the SW 

solution can be essentially summarized in 2 stages. In the early phase (i.e. first 3 days) 

of each cycle, part of PHE was dissolved due to the presence of EtOH. Therefore, the 

main involved bacteria degraded PHE, being it directly available as substrate [406]. 

Per each cycle, the soluble PHE concentration was probably lower from day 4 

onwards due to a decreased presence of EtOH after EtOH degradation and 

volatilization (section 4.3.1). Hence, bacteria probably produced biosurfactants or 

biodemulsifiers to improve PHE biodegradation [20,407]. This is corroborated by the 

remarkable formation of foam in this stage despite the addition of the antifoam agent 

(data not shown). Indeed, the calculation of the emulsification index indicates values 
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of approximately 18–29%, which are similar to that reported by Gupta et al. [387] (i.e. 

24%) when using a PAH (i.e. pyrene) as the sole carbon source. An emulsification 

index of about 20–30% can be related to a considerable amount of biosurfactants 

produced to emulsify PHE [387,408]. In addition, lower concentrations of nitrogen 

(Figure 4.3b) probably stimulated the emulsification phenomenon due to the 

combination of amino acids and fatty acids, which were not all used as cell components 

for bacterial growth, as recently shown by Zang et al. [20]. 

It is possible to state that the foam was involved in PHE degradation also due to a 

CSH comprised between 13 and 37% [20], which probably favored PHE uptake 

through biosorption and then transmembrane transport after PHE adhesion to cells 

[387,409]. Afterwards, PHE cleavage likely occurred via the hydroxylation of the K–

region and the production of 1,2–dihydroxyphenanthrene (Figure 4.5), which was 

mediated by the aryl dehydrogenase enzyme in the presence of oxygen [410,411]. 1,2–

dihydroxyphenanthrene can be further converted through either phthalate or salicylate 

routes [412]. However, the presence of Achromobacter and Sphingobacterium as 

major bacterial genera involved in PHE biodegradation in this study (see section 4.3.4) 

would suggest that 1,2–dihydroxyphenanthrene bioconversion followed the salicylate 

pathway to form 1,2–dihydroxynaphthalene (Figure 4.5) [400,413]. 

The biotransformation to 1,2–dihydroxynaphthalene probably occurred via 2–

hydroxy–1–naphthoic acid (2H1NA) metabolization by the hydroxy–1–naphthoate 

dioxygenase (Figure 4.5), as also confirmed by the yellowish color of the microbial 

biomass (Figure 4.4) [414,415]. 2H1NA accumulation probably raised with the 

increase of initial PHE concentration, thus reducing the PHE removal performances 

(see section 4.3.1) due to 2H1NA inhibitory effects on bacteria and/or the toxicity 

induced by its decarboxylated metabolites (e.g. 2–naphtol) [416]. 

Eventually, 1,2–dihydroxynaphthalene was probably meta–cleavaged to salicylic 

acid, which could be subsequently catalyzed by salicylate oxygenase obtaining 

catechol [119], ultimately leading to the TCA (tricarboxylic acid) cycle and the 

complete mineralization to H2O and CO2 [120]. 
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Figure 4.9 – Expected metabolic pathway for the degradation of phenanthrene in this study. TCA = 

tricarboxylic acid. 

4.3.3 Phenanthrene biodegradation kinetics 

PHE biodegradation kinetics and kinetic parameters in cycle 1–6 using both zero– 

(Eq 4.1) and first– (Eq 4.2) orders are shown in Figure 4.2b and reported in Table 4.3. 

The degradation rate (k) was assessed from the slope of the PHE (mg·L–1) vs. time (d) 

plot. The relatively high correlation coefficients (R2) and low error sum of squares 

(SSE) (i.e. 0.652–0.928 and 36.731–833.443, respectively) (Table 4.3), indicate that 

the first– was better than the zero–order kinetics in simulating the aerobic PHE 

biodegradation from the synthetic SW solution [193]. This is in agreement with other 

studies that modeled PHE biodegradation with the first–order kinetic [417]. However, 

R2 in cycle 4 (i.e. 0.652, Table 4.3) did not fit well the PHE degradation trend, as the 

kinetics described a continuous reduction of the contaminant while the PHE 

concentration remained almost constant between days 17 and 21 due to a pH decrease 

to almost 4.0 (Figure 4.3e). 

The k value was higher in cycle 1 (i.e. 1.177 d–1) than in cycles 2, 3, 4, 5 and 6 (i.e. 

0.391, 0.127, 0.329, 0.238 and 0.308 d–1, respectively) (Table 4.3), further confirming 

that the increase of the initial PHE concentration decelerated PHE degradation [386]. 

The half–life time (t1/2), calculated from the k in the first–order model (Table 4.3), 

accordingly varied from 0.589 to 2.912 d (Table 4.3) in cycle 1 and 5, respectively. 

Furthermore, the obtained t1/2 values confirmed that 50% of PHE degradation can be 

reached in less than 6 days, as previously reported by Pourbabaee et al. [418]. Thus, 

results are consistent with the experimental trend observed during PHE 

biodegradation, confirming that initial PHE concentrations below 50 mg·L–1 led to a 

higher PHE removal efficiency (section 4.3.1). 
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Table 4.7 – Zero– and first–order kinetic models of phenanthrene (PHE) degradation (mg·L–1) in cycle 

1, 2, 3, 4, 5 and 6, during the treatment of a PHE–containing spent sediment washing solution in a fed–

batch bioreactor. 

Conditions 

Zero–order kinetic First–order kinetic 

C(t) = C(t0) – kt C(t) = C(t0) · e
–kt 

k [d–1]  t1/2 [d]  R2  SSE k [d–1]  t1/2 [d]  R2  SSE 

Cycle 1 11.584  1.104  0.999  0.004 1.177  0.589  0.928  36.731 

Cycle 2 9.3075  2.743  0.852  170.813 0.391  1.773  0.902  59.676 

Cycle 3 5.4984  5.855  0.845  87.167 0.127  5.458  0.875  42.173 

Cycle 4 12.602  3.098  0.609  1,421.040 0.329  2.107  0.652  719.982 

Cycle 5 19.805  3.386  0.516  1,846.501 0.238  2.912  0.788  833.443 

Cycle 6 21.414  2.826  0.954  201.341 0.308  2.250  0.881  485.648 

The degradation rates (k, d–1) and half–life times (t1/2, d) are referred to the investigated 

kinetic models (Eq 4.1 and 2). The error sum of squares (SSE) is calculated as the sum of the 

squared deviation of predicted values with respect to observed values. 

Previous researchers also evaluated the first–order PHE–degradation kinetics. Lin 

et al. [419] calculated a k value of 0.108 d–1 with an initial PHE concentration of 50 

mg·L–1 using Pseudomonas BZ–3 under optimized conditions. Likewise, Chang et al. 

[322] showed a k of 0.196 d–1 for PHE using an acclimated PAH–degrading 

consortium under methanogenic conditions. The degradation rate obtained by Wang 

et al. [420] was only 0.023 d–1 in batch experiments with an initial PHE concentration 

of 100 mg·L–1. The authors ascribed this to a longer acclimation time to PHE required 

by immobilized Sphingomonas and Pseudomonas species than cell suspensions. 

Therefore, the present thesis achieved a higher PHE degradation rate in comparison 

with the existing studies, likely due to the presence of bacteria belonging to the 

Stenotrophomonas genus (section 4.3.4), which is reported to have a synergistic effect 

on PHE removal with other PHE–degrading bacteria [421]. Moreover, the aerobic 

conditions are more favorable for PHE degradation compared to methanogenic 

conditions, due to the higher potential of O2 as terminal electron acceptor than CO2 

(i.e. +818 and –380 mV, respectively). Indeed, ΔGr associated with the aerobic 

mineralization of PHE was here estimated to be –25.40 kcal·eeq–1, which was more 

thermodynamically feasible compared to that reported under anaerobic conditions (i.e. 

–0.84 kcal·eeq–1) [389]. 
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Figure 4.10 – a) Phylogenetic tree showing the genetic relationships of phenanthrene–degrading 

bacteria, b) bacterial composition at the phylum level and c) genus level after the 31 days of fed–batch 

reactor operation. 

4.3.4 Identification of PHE–degrading bacteria 

The taxonomic classification revealed the abundance of Proteobacteria and 

Bacteroidota phyla accounting for more than 80% of the total reads in samples (Figure 

4.6b) [422]. Most of PHE–degrading bacteria were phylogenetically assigned to 

Proteobacteria (i.e. 53%, Figure 4.6b), likely due to the capability of this microbial 

phylum to adapt to hydrocarbon–polluted environments [423,424]. The Bacteroidota 

phylum showed an abundance of 32% (Figure 4.6b) and was previously associated 

with PAH degradation in contaminated soils [425]. Firmicutes and Actinobacteria 

phyla were relatively abundant in the bioreactor (i.e. 8 and 6%, respectively) (Figure 

4.6b), and the bacteria belonging to them can be considered as active PHE–degraders 

accompanying the Proteobacteria phylum [426,427]. 

The microbial community distribution at the genus level by considering a relative 

abundance higher than 1% [428] is shown in Figure 4.6c. Achromobacter, 

Sphingobacterium and Dysgonomonas genera showed a copiousness of 18, 18 and 

11% (Figure 4.6c), respectively, which was significantly higher (p <0.05) than that 

shown by the remaining bacteria constituting the colony (Figure 4.6c). Achromobacter 

and Sphingobacterium genera can be involved in the degradation of high dissolved 

PHE concentrations (i.e. up to 200 mg·L–1) [429,430], as well as in the remaining part 

of DOC being also capable to use EtOH as substrate [400]. These bacteria are 

extremely relevant for the bioremediation of PAH–contaminated sites due to their 

capability to produce biosurfactants and rhamnolipids that enhance PAH 

bioavailability [400]. In addition, the Achromobacter genus can generate 

biodemulsifiers, which are reported to be more efficient compared to normal 

biosurfactants due to the higher surface activity and breaking emulsion efficiency [20]. 

The Dysgonomonas genus was previously found with a bacterial abundance 

comprised between 6 and 9% in untreated fuel and raw refinery wastewater [431,432], 

respectively, under anaerobic conditions. Species belonging to Dysgonomonas were 

reported as facultative anaerobic bacteria [433] and capable of being enriched on both 

EtOH and PAHs [434]. Therefore, they could have played a role in this thesis when 

DO concentrations decreased below 1 mg·L–1 in cycles 4 and 5 (section 4.3.1), while 

PHE biodegradation proceeded despite a slight decrease by about 1% (Figure 4.2a). 

Further studies should be conducted to explore the potential of PHE biodegradation 
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under anaerobic conditions, in order to reduce the high operating costs associated with 

the aeration of the mixed liquor. 

A relative abundance below 10% (Figure 4.6c) was found for the other bacterial 

genera, of which many are reported to potentially degrade PHE or PAHs. 

Brevundimonas exhibited the highest copiousness (i.e. 8%, Figure 4.6c), and was 

pointed out to have a significant ability for PHE degradation [435]. Similarly, 

Azospirillum showed a relative abundance of 7% (Figure 4.6c) and could be implicated 

during the early stages of PHE biodegradation (section 4.3.2), mainly in the presence 

of the largest nutrient availability [436,437]. In addition, Stenotrophomonas (Figure 

4.6b) was identified with a richness of 4% (Figure 4.6b), and could have supported the 

other bacteria to completely mineralize PHE being capable to degrade PHE 

metabolites into CO2 and H2O [438]. Chryseobacterium (Figure 4.6c) was recently 

isolated in a liquid medium containing a mixture of PAHs and surfactants (including 

hydroxypropyl–β–cyclodextrin) [439,440]. Ancylobacter, Rhodococcus, 

Microbacterium and Starkeya genera (Figure 4.6c) were also listed to have a broad 

response to PHE [441–443]. 

Future studies should be aimed at refining the enrichment of those microbial species 

highly specialized in PHE degradation, in order to decrease the duration of the 

treatment and the amount of the EtOH concomitantly degraded. In this way, EtOH can 

be recovered and successfully reused as extracting agent in further SW applications. 

4.3.5 Comparing performances of bioreactors treating PHE–

contaminated SW solution 

This study indicates that a PHE– and EtOH–containing spent SW solution can be 

treated with an efficiency up to approximately 91%, after the enrichment of a PHE–

degrading consortium and the proper supplementation of nutrients (i.e. N and P). 

Comparing the results of this thesis with those obtained by similar studies, the 

highest PHE removal percentage here observed (Figure 4.2 and Table 4.1) was slightly 

lower than that achieved in the bioreactors operated by other authors (i.e. 

approximately 99%, Table 4.1). Several operating parameters can affect PHE 

degradation [444], but the effect of the initial PHE concentration and the washing agent 

used are the most significant in this study (Table 4.1). Indeed, temperature (i.e. 30 °C) 

and agitation were constantly maintained, and could not be a limiting factor for PHE–

degrading bacteria (section 4.3.4) [445]. pH and DO played a major role in PHE 

biodegradation (section 4.3.1) but cannot be used as parameters for comparison due to 

lacking information about those in other studies (Table 4.1). 
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With regard to the initial PHE concentration, 20–140 mg·L–1 of PHE here used was 

averagely higher than the 0.80–25 mg·L–1 of the other works. Increasing PHE 

concentration led to a slower PHE degradation (sections 3.1 and 3.3), likely due to the 

inhibitory effect of the substrate or intermediate metabolites such as 2H1NA (see 

sections 3.2) that generated toxicity to microorganisms [446]. On the other hand, 

approximately 20–95 mg·L–1 of PHE per cycle were biodegraded in the current study 

(Figure 4.2 a), showing a certain flexibility of the fed–batch reactor that could cope 

with various PAH concentrations, as a result of heterogeneous contamination of 

sediments or different SW efficiencies [447]. A step forward would be the operation 

of a continuous–flow bioreactor to obtain a long–term high–rate PHE removal and 

select the most performing bacteria by properly regulating the hydraulic retention time 

[448]. 

About the presence of the extracting agent in the spent SW solution, EtOH was 

concomitantly degraded with PHE, as also corroborated by the correlation between 

PHE and DOC (i.e. rPHE–DOC = 0.700). Schaefer et al. [449] reported that EtOH was a 

preferred substrate over other organic pollutants (e.g. PHE) for the growth of an 

acclimated degrading consortium (see section 4.3.4), thus becoming a competing 

substrate [450]. Indeed, the achievement of a selective degradation of PAHs due to the 

presence of extracting agents in the SW solution is rather difficult [180]. This would 

be more probable if a less biodegradable and more persistent extracting agent, such as 

Tween® 80, is used [451]. However, non–ionic surfactants (e.g. Tween® 80) are 

reported to have toxic effects on PAH–degrading bacteria at concentrations higher than 

5,000 mg·L–1 [27]. Therefore, if PAHs are not effectively removed from the SW 

solution due to the microbial inhibition by non–ionic surfactants, several washing 

cycles would be required to successfully remediate the sediment. Thus, in spite of a 

concomitant high EtOH degradation, the use of EtOH does not interfere with the 

biodegradation of high PAH concentrations and can allow an easier and safer recovery 

of the extracting solution. 
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Figure 4.11 – Integrated cycle for i) the remediation of polycyclic aromatic hydrocarbon (PAH)–

contaminated sediments via chemical sediment washing (SW), followed by ii) the treatment of spent SW 

solution through a fed–batch bioreactor and iii) the sequence of operations for ethanol recovery. 

4.3.6 Sequence of operations for EtOH recovery and 

economic assessment 

The high amount of spent SW effluents that can be generated downstream of the 

SW process can limit the use of SW in full–scale applications. Decreasing the 

consumption of washing agents with a high S/L ratio and promoting the recovery of 

the used reagents can allow to reduce the amount of spent SW solution to be treated. 

A possible sequence of operations for EtOH recovery is illustrated in Figure 4.7, and 

the economic assessment reported below was conducted using 1 ton of PHE–

contaminated sediment as basis. 
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The sediment polluted by PHE can be firstly remediated in a SW plant with a S/L 

ratio of 1:3 (w/w) by using a mixture of EtOH and water (1:1) as extracting agent and 

reaching a removal efficiency of almost 100% (Table 4.2). After a solid–liquid 

separation [167], roughly 2.81 tons of spent SW solution per ton of sediment can be 

subsequently distilled achieving an EtOH recovery up to 1.26 tons. The remaining part 

of the spent SW solution can be treated in a fed–batch bioreactor (as that used in this 

thesis) reaching a PHE removal up to 91% (Table 4.1) and a further recovery of EtOH 

(i.e. up to 0.08 tons, Figure 4.7) by volatilization (section 4.3.1) and condensation. The 

recovered EtOH can be used for the preparation of a fresh SW solution, while the 

effluent from the bioreactor can be further treated and safely released into the 

environment (Figure 4.7) [452]. Otherwise, a dephlegmator fractional condenser can 

be used for the volatilized EtOH to improve its recovery over 90% [453], thus allowing 

the production of high–purity EtOH to be marketable. 

The economic assessment on the entire process chain including the SW operation, 

EtOH supply, and the biological treatment of spent SW solution revealed a total cost 

of 722 €·ton–1, as the sum of 89, 593 and 40 €·ton–1, respectively. The purchase of 

EtOH evidently represents the main cost of the entire process and, therefore, EtOH 

recovery strategies (i.e. distillation and condensation) have been considered. The 

overall recovery of 1.35 tons of EtOH including the cost of distillation and spent SW 

solution treatment would result in a saving of 372 €·ton–1, thus resulting in a net 

expenditure of 350 €·ton–1, and a reduction of the whole treatment cost by 

approximately 50%. The cost of 350 €·ton–1 is comprised in the range 36–480 €·ton–

1, previously indicated for the remediation of polluted sediments using SW [454]. This 

encourages the application of such a resource recovery approach, having positive 

implications on both the environmental and techno–economic aspects of the SW 

technology. 

4.4 Conclusions 

This chapter indicates that a PHE–polluted SW solution can be biologically treated 

in a fed–batch bioreactor achieving a PHE removal up to 91%. PHE was biodegraded 

by a bacterial community mainly composed of Achromobacter, Sphingobacterium and 

Dysgonomonas genera, following a first–order kinetic with a k and R2 of 0.127–1.177 

d–1 and 0.652–0.928, respectively. A techno–economic assessment revealed a possible 

EtOH recovery up to 1.35 tons, thus allowing a net expenditure of 350 €·ton–1 covering 

SW operation, EtOH supply and recovery, and the biological treatment of the spent 
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SW solution. This contributes to the creation of a sustainable resource–recovery 

approach, having an elevated potential for application at a larger scale. Future studies 

should be aimed at the optimization of the bioreactor operation by maximizing the 

PHE loading rates in continuous–flow systems and fine–tuning the DO level in the 

liquid phase. 
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CHAPTER 5. COUPLING OF 

DESORPTION OF PHENANTHRENE FROM 

MARINE SEDIMENTS AND 

BIODEGRADATION OF THE SEDIMENT 

WASHING SOLUTION IN A NOVEL 

BIOCHAR IMMOBILIZED–CELL 

REACTOR 

5.1 Introduction 

Marine sediments are considered one of the principal sinks of persistent organic 

pollutants (POPs) reaching the aquatic ecosystems. Among the main POPs affecting 

sediment quality, polycyclic aromatic hydrocarbons (PAHs) are carcinogenic and 

mutagenic petroleum–derived substances mostly discharged by human activities 

[455,456]. The PAH contamination of sediments poses important concerns with regard 

to sediment dredging in harbors, since a high presence of PAHs considerably restricts 

the reuse or disposal of sediments. This implies the need for ex–situ technologies for 

the remediation of dredged sediments, among which sediment washing (SW) has 

widely been used due to its operational simplicity, high effectiveness and relative 

cheapness [27]. 

SW is classified as a physical–chemical technology, which consists in the use of 

extracting agents (e.g. surfactants) to allow PAH desorption from contaminated 

sediments [22]. In particular, non–ionic surfactants are generally employed for this 

purpose due to the higher solubilization potential and lower supply cost than anionic 

and cationic surfactants [457]. Non–ionic surfactants such as Tween® 80 (TW80) have 

largely been employed above their critical micelle concentration (CMC) for enhancing 



 

109 

 

PAH desorption from soils. TW80 micelles incorporate PAHs into the hydrophobic 

interior structure, leading to a decreased interfacial tension between the contaminant 

and water [25]. Nonetheless, only Iglesias et al. [458] previously investigated SW for 

the remediation of phenanthrene (PHE)‒polluted sediments by employing a mixture 

of TW80 and saponin. Therefore, further studies are needed to give an emphasis on 

the evaluation of influencing parameters, such as the solid–to–liquid (S:L) ratio and 

washing time, on SW of PHE‒polluted sediments in the presence of TW80. 

Despite the abovementioned advantages of the SW technology, this process 

commonly entails the generation of considerable amounts of spent SW effluent due to 

the low solid–to–liquid (S:L) ratios (e.g. 1:10 or 1:20) used to improve SW 

effectiveness [358]. Such hazardous liquid stream requires an adequate treatment prior 

to being released into the environment [459]. Out of the different technologies 

available for treating spent SW solutions, biological processes can be applied as the 

most cost–saving and environmentally–friendly solutions, leveraging the ability of 

engineered microorganisms to effectively remove PAHs [460]. Aerobic conditions are 

generally used to accelerate PAH degradation in comparison to anaerobic conditions 

[461]. Indeed, aerobic bacterial genera (e.g. Pseudomonas, Sphingomonas) with 

specific functional genes, such as PAH ring‒hydroxylating dioxygenase, have been 

reported to speed up PHE degradation into simpler molecules (e.g. 1,2–

dihydroxynaphthalene) [462,463]. In addition, the adoption of immobilized–cell 

bioreactors can increase the retention of microorganisms forming a biofilm onto inert 

carriers, thus leading to shorter hydraulic retention times (HRTs) compared to 

suspended–cell bioreactors [28]. 

The selection of the most suitable supporting media for microbial immobilization 

plays a major role for the proper bioreactor functioning [464]. A valid biofilm carrier 

should be neither toxic to the involved microbial community nor contaminate the 

environment and easily promote biofilm attachment and growth [465]. Previous 

studies reported the employment of activated carbon, ceramsite and walnut shells as 

biocarriers for immobilizing cells in continuous–flow bioreactors treating 

hydrocarbons– and PAH–containing streams [29,461,464]. Therefore, biomaterials 

such as carbonaceous adsorbents, including biochar (BC), can represent a promising 

and sustainable solution for the immobilization of microorganisms due to a good 

surface area, providing an efficient support for microbial growth and, in certain cases, 

representing a source of nutrients [466]. BC is a porous material mostly manufactured 

through the pyrolysis of a carbon–based feedstock and can adsorb PAHs as a function 

of the carbon content, surface area and presence of different functional groups [467]. 
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Up to date, BC has widely been used for the remediation of PAH–contaminated 

sediments, aiming to promote the direct PAH transfer from the sediment to BC. Only 

a few reports focused on the use of BC immobilized–microorganisms, but all these 

studies aimed at exclusively investigating the bioremediation of soils [468,469] and 

not explore the potential of BC attached–cells to treat spent SW solutions. 

In this thesis, both the desorption of phenanthrene (PHE) from marine sediments 

using TW80 as extracting agent and, for the first time, the biodegradation of the 

obtained spent SW solution in a BC immobilized–cell reactor has been proposed. So 

far, the degradation of PHE, here used as the model PAH compound, from TW80 

solutions has more extensively been studied in batch flasks [250,470,471], while a 

continuous–flow bioreactor operation has larger margins for interesting scientific 

evidences. The specific objectives of this chapter were to i) investigate the effect of 

TW80 concentration, S:L ratio and desorption time on the SW process of PHE–

contaminated marine sediments in batch tests; ii) biologically treat the resulting spent 

SW solution in a BC immobilized–cell reactor operated in both batch and continuous–

flow modes; iii) model PHE desorption from sediments and PHE adsorption onto BC 

using the most commonly used kinetics; iv) identify the dominant PHE–degrading 

bacterial families and genera throughout the bioreactor operation; v) conduct a techno–

economic assessment on the whole process to evaluate its upscaling potential. 

5.2 Materials and methods 

5.2.1 Chemicals 

Hexane (grade ≥95%), magnesium sulfate (grade ≥97%), PHE (grade ≥98%), 

potassium chloride (grade ≥ 99%), sodium azide (grade ≥99%), sodium carbonate 

(grade ≥99.5%), sodium chloride (grade ≥99%) and sodium hydroxide (grade ≥98%) 

were all purchased from Sigma–Aldrich (Germany). Ammonium nitrate (grade 

≥99%), Deconex® 31 antifoam, potassium dihydrogen phosphate (grade 100%), 

sodium phosphate dibasic (grade ≥99%) and TW80 (reagent grade) were supplied by 

VWR (Italy). Acetonitrile and methanol (HPLC grade) were provided by Poch 

(Poland) and Biosolve (France), respectively. MilliQ water with an electrolytic 

conductivity equal to 0.05 μS cm–1 was used as the background for preparing all the 

solutions. 

5.2.2 Sediment washing tests aimed at phenanthrene 

desorption 
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With the aim to evaluate the effect of the TW80 concentration on PHE desorption 

[27], one gram [472] of dry PHE–contaminated marine sediment, previously 

characterized elsewhere (see chapter 2), was added to each 50 mL Erlenmeyer flask 

with 20 mL of SW solution having different TW80 concentrations (i.e. 108, 270, 540, 

1,080, 2,700, 5,400 and 10,800 mg·L–1), which were previously used for soil 

remediation [457]. Afterwards, the flasks were sealed with glass stoppers and placed 

on a gyratory shaker at 200 rpm for 24 hours at room temperature [472], and thereafter 

the quantity of desorbed PHE was evaluated. Another set of batch experiments was 

subsequently carried out to evaluate the desorption kinetics with a 1:4, 1:8, 1:12, 1:16 

and 1:20 S:L ratio (w/v), while keeping a constant TW80 concentration (i.e. 10,800 

mg·L–1) in the SW solution depending on the results achieved in the first desorption 

tests. The amount of desorbed PHE was determined by sacrificing a flask for each S:L 

ratio after 1, 2, 5, 15, 30, 60, 120, 240, 480, 960 and 1,440 minutes. All operating 

conditions in the described tests were reproduced in triplicate. 

5.2.3 Treatment of the spent sediment washing solution using 

biochar immobilized–bacteria 

5.2.3.1 Inoculum and biochar 

The fresh inoculum was taken from the effluent of a lab–scale bioreactor treating a 

spent PHE–contaminated SW solution for over 2 months and consequently 

characterized for the identification of PHE–degrading bacteria (see chapter 4). BC was 

obtained through pyrolysis of willow twigs collected from an experimental station 

located in Bezek (Poland). Prior to pyrolysis, the feedstock was chopped and sieved to 

obtain a fraction below 2 mm. The pyrolysis was conducted in a PRS 168 × 380/90G 

furnace (Czylok, Poland) with a heating rate of 10 °C·min–1 reaching the ultimate 

temperature of 400 °C, which was kept for 3 h under an oxygen–free environment via 

a constant nitrogen flow of 3.0 L·min–1 ensured by a mass flow controller (Brooks, 

USA) [473]. 

5.2.3.2 Bacterial immobilization and initial batch reactor operation 

The immobilization procedure was carried out in a 500–mL glass column 

containing 250 mL of the inoculum and 5 g of BC [239] at ambient temperature for 48 

hours with continuous shaking [468] through aeration. At the end of this period, a 

slurry (i.e. BC + inoculum) sample of 1 mL was taken and centrifuged at 10,000 rpm 

for 15 minutes [474] prior to proceeding with the taxonomic classification [464]. 
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Figure 5.12 ‒ Experimental set–up of the continuous–flow bioreactor (primary reactor – PR) employed 

in this thesis: 1) glass bottle containing the synthetic sediment washing solution; 2) peristaltic pump for 

3) influent feeding and 4) effluent suction; 5) tank for the effluent storage; 6) aquarium pump used to 

guarantee 7) the mixing and aerobic conditions; 8) port used for the measurements of dissolved oxygen 

(DO) and pH; 9) sampling port, also used for pH adjustments. 

Afterwards, the slurry was vacuum filtered and the obtained solid phase was 

transferred to a 1,550 mL glass reactor (Figure 5.1), and placed in contact with a 1,000 

mL synthetic spent PHE–containing SW solution reaching a working volume of 

approximately 1,050 mL. At this stage, the synthetic spent SW solution was prepared 

to obtain PHE and TW80 concentrations of approximately 20 and 2,700 mg·L–1, 

respectively, in the reactor. Also, the initial pH of the synthetic SW solution was set at 

7.5 with 1 M NaOH. Under these conditions, the bioreactor was aerobically operated 

in batch mode for 7 days at room temperature with the aim to promote the 

acclimatization of bacteria to PHE and TW80 [27] and the growth of biofilm onto BC. 

The air inflow and pH were not controlled during this phase. 

Together with the described primary reactor (PR), two inoculum–free reactors (i.e. 

C1 and C2, respectively) were operated as controls under the abovementioned 

conditions (i.e. same PHE and TW80 concentrations and pH used in PR under aerobic 
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conditions) for evaluating any other possible PHE removal mechanisms. C1 was run 

to evaluate the abiotic loss of PHE [379] due to e.g. volatilization in the absence of 

BC. 5 g·L–1 of willow BC was dosed in C2, which was operated to assess the PHE 

adsorption onto BC. Both C1 and C2 reactors were operated with 1,000 mL of SW 

solution and 200 mg·L–1 of NaN3 as biocide agent [475]. 

The PHE concentration was determined with three replicates (i.e. 1 mL each) in the 

supernatant of PR, C1 and C2 after 1, 2, 4, 8, 24, 48, 84, 120 and 168 hours. The 

content of total suspended (TSS) and volatile suspended solids (VSS) was estimated 

after 168 hours in three replicates of 40 mL each. Two samples of 1 and 4 mL were 

also taken after 168 hours in PR for the determination of the cell surface 

hydrophobicity (CSH) and microbial community structure, respectively. 

5.2.3.3 Continuous–flow operation of the bioreactor treating the 

spent sediment washing solution 

After the batch phase, the PHE degradation in PR was studied for 43 days in a 

continuous–flow mode (Figure 5.1) with an HRT of 3.5 days at room temperature. For 

the entire period, PR was fed (Figure 5.1) with a synthetic SW solution containing 

approximately 35 and 10,800 mg·L–1 of PHE and TW80, respectively, which were 

retrieved from the results of the SW batch tests by considering the highest 

concentration of solubilized PHE. 1 mL of an autoclaved mineral salt medium (MSM) 

consisting of NaCl, MgSO4, NH4NO3, KH2PO4, Na2HPO4 and KCl (i.e. 19, 7, 1, 2, 3, 

and 0.7 ‰, respectively) [476] was also included in the synthetic solution. The pH of 

the synthetic SW solution was finally adjusted to 7.5 with 1 M NaOH. 

The continuous flow was guaranteed with a Minipuls 3 peristaltic pump (Gilson, 

USA) for influent feeding and effluent suction (Figure 5.1), maintaining a constant 

level in PR (i.e. 1,050 mL). BC particles, acting as biofilm carriers, were mainly 

retained in PR with a metallic grid [29] and their amount was restored after each HRT 

with the addition of fresh BC (i.e. averagely 25 mg), which value was deduced by 

checking the TSS content in the effluent of a further blank reactor operated with only 

deionized water and BC. The slurry phase (i.e. BC + immobilized cells + spent SW 

solution) of PR was vigorously mixed and maintained under aerobic conditions via an 

aquarium pump (Figure 5.1) [29] by providing air through a glass tube (large bubbles) 

and a porous stone (fine bubbles). The dissolved oxygen (DO) concentration was 

maintained above 8.0 mg·L–1 [477] by manually adjusting the aeration flowrate. The 

pH value was kept in the optimal range of 6.5–8.5 [478] by supplying Na2CO3 (i.e. 
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1,000 mg·L–1) in powder form (Figure 5.1). One mL·L–1 of antifoam agent was 

manually added to PR once a day to suppress foam generation due to the air inflow in 

the presence of high TW80 concentrations. Aluminum foil was used to cover the wall 

of PR (Figure 5.1) and prevent the onset of phototrophic reactions. 

Three samples (i.e. 2 mL each) were daily collected from the PR effluent for the 

analysis of both PHE and dissolved organic carbon (DOC). The daily measurements 

of DO and pH were performed directly in PR (Figure 5.1). The TSS and VSS 

concentrations were determined after 43 days in three samples of 40 mL each. The 

composition of the microbial community populating the BC and the CSH were also 

analyzed at the end of PR operation by sampling 1 and 4 mL from the bioreactor, 

respectively. 

5.2.4 Analytical methods 

TSS and VSS contents were quantified using the centrifuge–based procedure [380]. 

The amount of ashes in BC was estimated according to the standard methods [479]. 

The elemental composition of BC was determined through a CHN 2400 series analyzer 

(Perkin–Elmer, USA), and the O content was subsequently calculated by subtracting 

the quantity of C, H, N and ash (%) from the 100% of dry substance [480]. The specific 

surface area (SBET) of BC was evaluated with nitrogen adsorption–desorption 

isotherms obtained from an ASAP 2420 surface area and porosity analyzer 

(Micromeritics, USA), as extensively reported by Siatecka et al. [473]. Fourier–

transform infrared photoacoustic spectroscopy (FT–IR/PAS) was used to determine 

the functional groups in the BC through an FT–IR Nicolet 8700A spectrometer 

(Thermo Scientific, USA) equipped with a photoacoustic detector MTEC300 (helium 

atmosphere) over the range of 4000–400 cm−1 [481]. The pH of BC was measured 

after 24 hours in a liquid phase composed of deionized water and BC with an S:L ratio 

(w/v) of 1:10 [482] using a SenTix® 950 pH electrode (WTW, USA). The 

measurement of DO was conducted with an IDS FDO® 925 (WTW, USA). DOC 

concentration was analyzed via a TOC–L Series (Shimadzu, Japan) according to the 

method reported elsewhere [483]. The cell suspension was determined with an optical 

density (OD) at 605 nm [484] using a PhotoLab® S6 spectrophotometer (WTW, USA). 

The procedures for DNA extraction and quantification, PCR amplification, library 

quantification, Illumina sequencing, sequence filtering and taxonomic classification 

were carried out as described in chapter 4. Functional genes associated with the 

biodegradation of PHE were analyzed through the PICRUSt2 platform 

(https://github.com/picrust/picrust2) [485]. 
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Samples for PHE quantification were centrifuged at 3,000 rpm for 30 minutes [26] 

and filtered through a 0.45 μm glass microfiber filter (Whatman, USA) prior to the 

analyses. Liquid–phase PHE was analyzed using a 1260 Infinity II HPLC equipped 

with an InfinityLab Poroshell 120 EC–C18 (3.0 × 5 mm; 2.7 µm) column heated at 30 

°C and a diode array detector (Agilent, Germany) set at 254 nm [361]. An 

acetonitrile/5% methanol in water (85:15, v/v) solution was used as the mobile phase 

[486] at a flowrate of 0.9 mL·min−1. The injection volume for the samples was 10 µL. 

5.2.5 Data elaboration 

5.2.5.1 Calculations 

The molar solubilization ratio (MSR) and the weight solubilization ratio (WSR), 

which express the moles and mass of PHE dissolved per mole or mass of TW80 above 

surfactant CMC, respectively, were deduced from the slope of the solubilization curve 

[386]. The micelle–water partition coefficient (Km), indicating the solubilization 

capacity of TW80, was calculated as the ratio between the mole fraction of PHE in the 

micellar pseudophase (Xm) and in the micelle–free aqueous phase (Xa) [487]. 

The amount of desorbed PHE (qt, mg·kg–1) from the sediment to the SW solution 

for each investigated S:L ratio (Section 6.2.2) was calculated as follows (Eq. 5.1) [25]: 

𝑞𝑡 = 𝑆𝑤
∗ ∙ (𝑉𝑇𝑊80/𝑊𝑠)       (Eq. 5.1) 

where Sw
* (mg·L–1), VTW80 (L) and Ws (kg) are the solubilized PHE, the volume of 

surfactant solution and the mass of sediment, respectively. 

The Gibbs free energy (ΔGs, kcal·mol‒1) liberated from the incorporation of PHE 

particles into TW80 micelles was obtained from the following expression (Eq. 2) 

[488]: 

𝛥𝐺𝑠 = −𝑅 ∙ 𝑇 ∙ 𝑙𝑛(𝐾𝑚)       (Eq. 5.2) 

where R and T are the universal gas constant (i.e. 8.314 J·mol–1·K–1) and the 

temperature (i.e. 298.15 K), respectively. A Km of 5.98 [487] was used for comparing 

that obtained in the present study. 

The adsorbed mass of PHE (qe,t, mg·g–1) onto BC was calculated by considering 

the decrease of the solute concentration in the aqueous phase over time (Eq. 5.3) [489]: 

𝑞𝑒,𝑡 =
(𝐶0,𝑡−𝐶𝑒,𝑡)∙𝑉

𝑀
        (Eq. 5.3) 

where Co,t and Ce,t are the PHE concentrations in C1 and C2 (mg·L–1) (see Section 

6.2.3.2) after each time (h), respectively, and V and M are the volume of the solution 

(L) and the mass of adsorbent (g), respectively. 
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The colony–forming units (CFU) per mL were correlated to the VSS content 

through the OD at 600 nm [401,490] by subtracting the aliquot due to the presence of 

BC. CSH was calculated after the addition of 1 mL of hexane to 4 mL of a diluted cell 

suspension to an OD of 1, as reported by Zang et al. [20]. 

5.2.5.2 Kinetic study 

PHE desorption kinetics were evaluated by comparing Elovich (Eq. 5.4), fractional 

power (Eq. 5.5) and intraparticle diffusion (Eq. 5.6) kinetic models via the OriginPro 

software (8.5 version, OriginLab Corporation, USA). The experimental qt values were 

modeled by the following equations [491]: 

𝑞𝑡 = 𝑎 + 𝑘1 ∙ ln (𝑡)       (Eq. 5.4) 

𝑞𝑡 = 𝑘2 ∙ 𝑡𝑣         (Eq. 5.5) 

𝑞𝑡 = 𝑘3 ∙ 𝑡
1

2 + 𝑐        (Eq. 5.6) 

where k1 (mg·kg–1·ln(min)–1), k2 (mg·kg–1·min–v) and k3 (mg·kg–1·min1/2) are the 

rate constants of desorption, and a (mg·kg–1), v and c (mg·kg–1) are the constants of 

the Elovich, fractional power and intraparticle diffusion models, respectively. 

The Elovich and intraparticle diffusion models (Eq. 7 and 8, respectively) were also 

used for assessing the adsorption kinetics by considering the qe,t defined in Section 

6.2.5 [489]. In addition, the pseudo–first– and –second–order kinetics (Eq. 9 and 10, 

respectively) were employed to model the experimental adsorption data as follows 

[196]: 

𝑞𝑒,𝑡 =
1

𝛽
∙ ln(𝛼 ∙ 𝛽) +

1

𝛽
∙ ln (𝑡)      (Eq. 5.7) 

𝑞𝑒,𝑡 = 𝐾𝑖𝑝 ∙ √𝑡 + 𝐶        (Eq. 5.8) 

ln(𝑞𝑒 − 𝑞𝑒,𝑡) = ln(𝑞𝑒) − 𝑘4 ∙ 𝑡      (Eq. 5.9) 

𝑡

𝑞𝑒,𝑡
=

1

𝑘5∙𝑞𝑒
2 + (

1

𝑞𝑒
) ∙ 𝑡       (Eq. 5.10) 

where α (mg·g–1·h–1) and β (g·mg–1) are the initial adsorption rate and the ratio 

between the surface coverage and activation energy for the Elovich model, 

respectively. Kid (mg·g–1·h–1/2) and C (mg·g–1) are the diffusion rate constant and 

boundary layer thickness for the intraparticle diffusion, respectively. Also, qe is the 

equilibrium solid phase concentration of PHE (mg·g–1), k4 (1·h–1) and k5 (g·mg–1·h–1) 

are the adsorption rate constants of pseudo–first– and –second–order kinetics, 

respectively. 

5.2.6 Statistical analysis 
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The analysis of variance (ANOVA) followed by a Tukey’s HSD (honestly 

significant difference) test was performed to assess statistical differences (p < 0.05) 

among the processed data. The statistical analysis was executed with the OriginPro 

software (8.5 version, OriginLab Corporation, USA). 

5.2.7 Economic evaluation 

A rough assessment of the costs was conducted by considering the whole 

remediation process, i.e. SW and treatment of the spent SW solution. The costs 

associated with SW operations and biological treatment of the PHE–contaminated 

TW80 solution under aerobic conditions were assumed as 120.57 and 12.50 € per m3 

of sediment and effluent [369,391], respectively. In addition, the price of TW80 and 

BC was fixed to 4.00 and 2.22 €·kg–1 [180], respectively. A sediment density of 1.6 

ton·m−3 was supposed for the calculation [394], and the final cost was standardized on 

a sediment mass basis (ton) by considering a unit sediment volume (m3).  
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5.3 Results and discussion 

5.3.1 Sediment washing 

5.3.1.1 Investigation of the most effective Tween® 80 concentration 

A PHE solubilization between approximately 2 and 9 mg·L–1 (Figure 5.2a) was 

obtained in the surfactant solution after 1,440 minutes of SW in the tests aimed at 

determining the effectiveness of TW80 and the most performing TW80 concentration. 

The lowest TW80 concentration (i.e. 108 mg·L–1) used in this thesis can be 

considered as the effective CMC (CMCeff), i.e. the concentration at which the first 

micelle is formed [27], since the PHE concentration was close to 2 mg·L–1 [487]. 

However, the mentioned CMCeff was higher compared to that generally reported for 

TW80 in pure water (i.e. 13 mg·L–1) [457], likely due to the loss of a part of the 

surfactant that could be adsorbed onto the sediment particles [25,492]. The 

solubilization parameter values obtained for MSR, WSR and Km (i.e. about 0.003, 

0.001 and 4.223, respectively) further supported this theory [487,493], due to a lower 

solubilization capacity of the surfactant when PHE is adsorbed onto sediment particles 

rather than present in a crystal form in the liquid phase [494]. Notwithstanding, the 

mentioned CMCeff corresponded to approximately 2 g TW80·kg–1 of sediment, which 

was considerably lower compared to the values previously determined for PHE–

contaminated soils (i.e. 10 g TW80·kg–1) [27]. This could be ascribed to the different 

content of organic matter in the sediment that can play an important role in PAH 

retention, as reported by Grasso et al. [495]. Indeed, the organic matter can bind PHE 

via strong interactions such as π‒π, subsequently affecting PHE desorption from the 

soil [491]. 

The amount of solubilized PHE significantly increased (p < 0.05) from 

approximately 20 to 91% (Figure 5.2a) by varying the TW80 concentration from 

CMCeff to 10,800 mg·L–1, likely due to a higher number density of micelles [487]. The 

use of a TW80 concentration up to about 10,000 mg·L–1 is generally used for SW 

processes [457]. For instance, Tao et al. [472] recently showed that PHE desorption 

can be enhanced from approximately 10 to 68% in a co–contaminated soil with PHE 

and Cu, by increasing TW80 concentrations in the surfactant solution from 1,000 to 

10,000 mg·L–1. However, the slight discrepancy in terms of desorption efficiency 

compared to this thesis (Figure 5.2a) could be explained by the presence of a high 

concentration of toxic metals [25] in the work of Tao et al. [472]. Saeedi et al. [496] 

showed that the polar part of soil organic substances can generate further hydrophobic 
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sites for PAH adsorption in the presence of metals, thus affecting PAH desorption from 

the soil. Hence, the TW80 concentration in the SW solution was kept at 10,800 mg L−1 

for the subsequent SW tests performed at different S:L ratios. 

 

Figure 5.13 ‒ Phenanthrene (PHE) solubilization (Sw*, mg·L–1) in the surfactant solution at different 

Tween® 80 (TW80) concentrations (solid line) and the remaining PHE (%) in the polluted sediment 

(histogram) (a). Desorbed PHE (mg·kg−1) from contaminated sediments at different time points (min) 

using a TW80 concentration of 10,800 mg·L–1 with different solid‒to‒liquid (S:L) ratios (i.e. 1:4, 1:8, 

1:12, 1:16 and 1:20, w/v) (b, c).  

The experimental curves (b) were fitted by the Elovich kinetic (dash line). The different 

letters (Tukey test) indicate statistical differences (p < 0.05). The averages and error bars were 

determined on triplicates. 
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5.3.1.2 Effect of the solid–to–liquid ratio on phenanthrene 

extraction 

The amount of desorbed PHE was approximately 132, 157, 170, 176 and 181 

mg·kg–1 (Figure 5.2b) after 1,440 minutes of SW with 10,800 mg L−1 of TW80 by 

using an S:L ratio of 1:4, 1:8, 1:12, 1:16 and 1:20, respectively. Although the S:L ratio 

of 1:20 showed the highest PHE removal (i.e. about 91%, Figure 5.2b) from the 

contaminated sediment, PHE desorption was not statistically affected (p < 0.05) by the 

increase of the S:L ratio from 1:4 upwards (i.e. 66−88%, Figure 5.2b), confirming what 

reported elsewhere [168,497]. Gharibzadeh et al. [27] reported that the increase of the 

surfactant dosage from 10 to 50 g TW80·kg–1 of soil can significantly enhance PHE 

desorption, but a further supplementation of TW80 may result in a lower desorption 

improvement rate. This is what most likely occurred in the present study, since the 

TW80 amount employed at an S:L ratio of 1:4 was approximately 43 g TW80·kg–1 of 

sediment. 

Hence, an S:L ratio of 1:4 is enough for the optimization of SW [23] and would 

lead to similar efficiencies obtained with lower S:L ratios but also to considerable 

savings in terms of amount of surfactant [361], equipment and energy [359]. 

Moreover, a high S:L ratio allows to generate a lower volume of spent SW solution to 

be treated, with a subsequent decrease of the post–treatment costs and a further 

reduction of the entire process expenses [497]. If required, the remaining amount of 

PHE could be further extracted from the sediment with a subsequent SW cycle, since 

the extraction capacity of TW80 may not considerably vary in terms of desorption 

efficiency in different cycles [472]. 

5.3.1.3 Effect of time on sediment washing and phenanthrene 

desorption kinetics 

The desorption curves of PHE at different S:L ratios are presented in Figure 5.2b. 

A fast PHE desorption, reaching an efficiency comprised between 48 and 56% (Figure 

5.2b and c), was observed in the initial 60 minutes. This was then accompanied by a 

sub‒horizontal profile, indicating a subsequent slower desorption phase entailing an 

extra 18−37% PHE removal efficiency (Figure 5.2b) till the end of the experiment. 

This result was similar to that reported by López‒Vizcaíno et al. [498]. When the 

adsorption energy of the contaminant is high, the desorption from the solid particles is 

affected by the transport velocity from the sub‒layer to the surfactant solution [499]. 

Indeed, the ΔGs associated with PHE desorption from the sediment particles to the 
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TW80 solution was −5.77 kcal·mol−1, which was less thermodynamically feasible 

compared to that predicted for PHE in crystal form (i.e. −8.16 kcal·mol−1). 

The PHE desorption kinetics parameters obtained for each S:L ratio (i.e. 1:4, 1:8, 

1:12, 1:16 and 1:20) using the Elovich, fractional power and intraparticle diffusion 

models are reported in Table 5.1. The highest determination coefficient (R2) (i.e. 

0.984–0.992) and relatively lowest residual sum of squares (RSS) (i.e. 85.172–

261.149) suggested that the Elovich kinetics better simulated the SW process (Figure 

5.2b) compared to the fractional power model (i.e. R2 = 0.950–0.990 and RSS = 

150.989–521.416). Likewise, Amir et al. [491] reported that the Elovich model showed 

a higher R2 (i.e. 0.933) than the fractional power function when modeling PHE 

desorption with a 10% (w/w) Triton™ X–100 and 0.01 M EDTA surfactant solution. 

The lowest R2 showed by the intraparticle diffusion model (i.e. 0.747–0.874, Table 

5.1) demonstrated that the final PHE desorption rate was not affected by the adsorbate 

diffusion into the adsorbent, likely due to the limited presence of pores [500]. 

Therefore, the Elovich kinetic model adequately explained the PHE chemidesorption 

previously discussed (Figure 5.2b), by implying that the active sites of the sediment 

were heterogeneous and manifested various activation energies for PHE desorption 

[501,502]. In addition, the a and k1 values resulting from the plots of the Elovich 

kinetics of 31.612–45.502 mg·kg‒1 and 12.701–20.023 mg·kg‒1·ln(min)‒1, 

respectively, further corroborated this theory by indicating that the PHE particles were 

not initially retained and could be easily desorbed [503]. These kinetic parameters 

were higher than those reported by Mohamadi et al. [504], who modeled PHE 

desorption from a contaminated soil with a TW80/EDTA solution through the Elovich 

model (i.e. 0.048 mg·kg‒1 and 12.79 mg·kg‒1·h‒1 for a and k1, respectively). This is 

likely due to the co–presence of heavy toxic metals in the PHE–contaminated soil in 

the work of Mohamadi et al. [504] that limited PHE desorption, as described above 

(see Section 6.3.1.1). 
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Table 5.8 ‒ Elovich, fractional power and intraparticle diffusion kinetic models of phenanthrene (PHE) 

desorption (mg·kg−1) during the sediment washing of PHE–contaminated marine sediments with a 

solid‒to‒liquid (S:L) ratio (w/v) of 1:4, 1:8, 1:12, 1:16 and 1:20. 

Models Parameters 
S:L ratio 

1:4 1:8 1:12 1:16 1:20 

E
lo

vi
ch

 

a [mg·kg‒1] 43.835 45.502 44.396 38.902 31.612 

k1 [mg·kg‒1·ln(min)‒1] 12.701 15.109 15.934 17.534 20.023 

R2 0.989 0.994 0.984 0.985 0.992 

RSS 105.721 85.172 231.034 261.149 175.989 

 

E
m

p
ir

ic
a
l 

p
o

w
er

 

k2 [mg·kg‒1·min‒v] 52.914 55.891 54.957 51.766 48.954 

v 0.134 0.146 0.154 0.169 0.185 

R2 0.950 0.981 0.990 0.989 0.978 

RSS 466.025 250.312 150.989 200.886 521.416 

 

      

In
tr

a
p

a
rt

ic
le

 

d
if

fu
si

o
n

 

k3 [mg·kg‒1·min‒(1/2)] 2.179 2.702 2.937 3.228 3.617 

c [mg·kg‒1] 66.057 70.637 69.862 66.980 64.496 

R2 0.747 0.825 0.874 0.872 0.842 

RSS 2376.563 2324.692 1867.668 2292.746 3673.605 

The adsorption rate constants (i.e. k1, k2 and k3) and the model constants (i.e. a, v and c) 

are referred to the investigated kinetics (Eq.s (5.4), (5.5) and (5.6)). R2 = coefficient of 

determination; RSS = residual sum of squares. 

5.3.2 Treatment of the synthetic phenanthrene–containing 

sediment washing solution 

5.3.2.1 Phenanthrene removal under batch operating conditions 

A PHE removal of 10 and 86% (Figure 5.3) was obtained after 168 hours of 

treatment of the synthetic spent PHE–containing SW solution in C2 and PR, 

respectively, operated in a batch mode. Since the PHE abiotic loss was negligible (i.e. 

1% in reactor C1, Figure 5.3) [469], this suggests that PHE was mainly removed by 

both adsorption and biodegradation in the first week of PR operation. In particular, 

after 8 hours from the beginning of the operation, PHE removal in C2 and PR (i.e. 

approximately 5 and 4%, respectively) (Figure 5.3) was not statistically different (p > 

0.05), thus indicating that PHE adsorption was the main PHE removal mechanism 

[164]. 



 

123 

 

Table 5.9 ‒ Elovich, intraparticle diffusion, pseudo–first– and –second–order kinetic models of 

phenanthrene adsorption onto biochar (mg·g−1) under batch conditions. 

Models Parameters Values 

E
lo

vi
ch

 
α [mg·g‒1·h‒1] 0.240 

β [g·mg‒1] 22.984 

R2 0.996 

RSS 0.001 

 

In
tr

a
p

a
rt

ic
le

 

d
if

fu
si

o
n

 

Kid [mg·g‒1·h‒1/2] 0.020 

C [mg·g‒1] 0.073 

R2 0.863 

RSS 0.011 

  

P
se

u
d

o
–

fi
rs

t–
o
rd

er
 

k4 [1·h‒1] 0.170 

qe [mg·g‒1] 0.260 

R2 0.901 

RSS 0.008 

  

P
se

u
d

o
–

se
co

n
d

–
o
rd

er
 

k5 [g·mg‒1·h‒1] 0.810 

qe [mg·g‒1] 0.281 

R2 0.958 

RSS 0.003 

The adsorption rate constants (i.e. k4, k5, α and Kip) and the model constants (i.e. qe, β and 

C) are referred to the investigated kinetics (Eq.s (5.7), (5.8), (5.9) and (5.10)). R2 = coefficient 

of determination; RSS = residual sum of squares. 
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Figure 5.14 ‒ Ratio (%) between the phenanthrene (PHE) concentration at time “ti” and that at the 

time “t0” (h) during the treatment of a spent sediment washing solution during the initial batch reactor 

operation. 

The averages and error bars were determined on triplicates. PR = primary reactor; C1 = 

abiotic control; C2 = adsorption abiotic control. 

The adsorption process can be generally described with three different phases, i.e. 

the external diffusion, the intraparticle diffusion and the fast stage in which the 

adsorbate is quickly adsorbed onto the active sites of the adsorbent [505]. For better 

predicting the occurrence of physisorption or chemisorption mechanisms during the 

transition of PHE from the TW80 solution to BC, the obtained experimental data 

within 168 hours were fitted with widely used kinetic models (see Section 6.2.6). The 

Elovich equation better described the adsorption due to the higher R2 and lower RSS 

(i.e. 0.996 and 0.001, respectively) than the intraparticle diffusion, pseudo–first– and 

–second–order kinetic models (i.e. R2 = 0.863–0.959 and RSS = 0.003–0.011, 

respectively) (Table 5.2). The Elovich kinetics was previously used for modeling PHE 

adsorption onto various adsorbents [502,506], and the obtained initial adsorption rate 

(i.e. α) of 0.240 mg·g–1·h–1 here obtained (Table 5.2) can be comparable to those of 

the mentioned studies (e.g. 0.216 mg·g–1·h–1 for sepiolite). The good fit of the Elovich 

model implies the occurrence of chemisorption mechanisms. The active sites of BC 

were likely heterogeneous and exhibited different activation energies for PHE 

adsorption [507]. 

The turning point occurred after 24 hours when PHE removal reached 

approximately 18% in PR (Figure 5.3), which was significantly higher (p < 0.05) 
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compared to that obtained in C2 (i.e. approximately 7%, Figure 5.3), indicating a 

higher occurrence of the biodegradation mechanism rather than adsorption for PHE 

removal. Moreover, PHE removal (i.e. 82%, Figure 5.3) statistically increased (p < 

0.05) in PR after 84 hours and kept rising (p > 0.05) from 82 to 86% (Figure 5.3) by 

reaching a plateau until 168 hours. This is most likely due to a lower substrate 

availability after 84 hours compared to the initial stage (i.e. PHE of approximately 3 

and 20 mg·L‒1, respectively) (Figure 5.3), which could lead to a reduced PHE 

degradation rate by the involved bacteria [508]. The occurrence of a plateau could be 

also coupled with the accumulation of toxic secretions and the competition of 

intermediate metabolites at the expense of PHE biodegradation [509]. Similarly, Xu et 

al. [358] treated a PHE– and TW80–containing (i.e. 20 and 2,500 mg·L‒1, respectively) 

soil washing solution with Klebsiella species immobilized onto polyvinyl alcohol‒

sodium alginate‒nano alumina beds in batch mode. They reported a PHE removal of 

about 89%, which rapidly raised in the first 240 hours and subsequently reached a 

plateau. In the case of a continuous–flow reactor operation, these results would suggest 

an HRT of 3.5 days, which was indeed used in this thesis. 
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5.3.2.2 Phenanthrene degradation in a continuous–flow bioreactor 

A PHE degradation of up to 96% (Figure 5.4a) was obtained after 43 days of 

continuous–flow PR operation under aerobic conditions and with an HRT of 3.5 days. 

The mentioned HRT was lower than those generally used (i.e. 5–16 days) for the 

removal of PAHs in a continuous–flow stirred–tank reactor (CSTR) [510–512], likely 

due to the good biomass retention offered by BC after bacteria immobilization [513]. 

During the first 15 days, the PHE removal efficiency significantly decreased (p < 

0.05) from 93 to 30% (Figure 5.4a) with the effluent PHE concentration consequently 

increasing from approximately 3 to 25 mg·L–1. Similarly, Cassidy et al. [514] showed 

an increase of diesel concentration from 0.8 to 5.0 g·kg‒1 of slurry diesel fuel in the 

effluent of a bioreactor, when moving from a sequencing batch reactor to a CSTR 

operation. This could be attributed to an acclimation time that bacteria require to adapt 

to the new conditions imposed by the continuous operation [515]. The increase of the 

inflow PHE concentration from approximately 20 to 35 mg·L–1 compared to the batch 

phase could also potentially lead to a toxicity shock for the bacterial community, 

directly associated with a higher PHE concentration or with metabolite accumulation 

[446,516]. 

From day 15 onwards, the effluent PHE concentration decreased (p < 0.05) by 

reaching a steady value ranging between approximately between 1 and 2 mg·L–1 

(Figure 5.4a), which corresponded to a PHE removal efficiency of 94–96% (Figure 

5.4a). The growth of biomass (i.e. almost 4,770 mg VSS·L–1 and 8·109 CFU·mL–1) at 

the end of the continuous–flow operation, as well as a more heterogeneous microbial 

community compared to the initial batch mode phase (Figure 5.5c), most likely 

affected the PHE removal efficiency positively (Figure 5.4a) [461,517]. Similarly, 

Moscoso et al. [460] showed an increase of PHE degradation up to almost 88% with 

the growth of biomass concentration from 0.02 to 0.77 g·L–1 by treating a PAH–

contaminated TW80 solution in a CSTR. 

Figure 5.4b shows the evolution of DOC along the continuous–flow PR operation. 

DOC was essentially made up of the TW80 used for PHE desorption during SW (see 

Section 6.3.1). The increasing TW80–inflow concentration (i.e. from 2,700 to 10,800 

mg·L–1) during the shift from the batch to the continuous–flow phase led to a 

significant increase (p < 0.05) of the effluent DOC to almost 6,200 mg·L–1 in the first 

15 days (Figure 5.4b). This can also explain the decrease of the PHE degradation 

efficiency described above (Figure 5.4a), as the raise of the TW80 amount might have 

induced toxicity towards some types of PHE–degrading bacteria [457]. In contrast, the 
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constancy of the TW80 concentration in the synthetic influent SW solution was likely 

one of the factors positively affecting the higher PHE removal from day 15 onwards 

(Figure 5.4a). Indeed, TW80 concentrations ranging between 250 and 10,000 mg·L–1 

were reported to enhance PHE biodegradation by promoting bacterial growth 

[518,519], probably due to the modifications of the CSH or the promotion of the 

transmembrane transportation of PHE (see Section 6.3.2.3). Until day 43, DOC only 

slightly decreased (p > 0.05) from 6,200 to 5,435 mg·L–1 (Figure 5.4b), likely due to 

the low biodegradability generally shown by non–ionic surfactants such as TW80 

[451]. Hence, the achievement of a selective PHE degradation can be an important 

aspect in view of the reuse of the regenerated SW solution for reducing the costs of 

the overall treatment process (i.e. SW + treatment of spent SW solution). 

DO and pH values played a key role in PHE degradation (Figure 5.4). The 

continuous aeration (Figure 5.4c) was most probably beneficial for the metabolism of 

heterotrophic bacteria, for which oxygen acts as the terminal electron acceptor for PHE 

degradation [520]. Regarding the pH, the reduction of pH (Figure 5.4c) can be 

associated with the accumulation of hydrogen ions due to PHE biodegradation [401]. 

The BC probably acted as a buffering agent during the batch mode operation, since the 

pH at the beginning of the continuous–flow operation was almost 8.1 (Figure 5.4c), 

which was slightly higher than that of the synthetic SW solution (i.e. 7.5). Indeed, BC 

was characterized by an ash content of approximately 5% (Tables S1) that can be 

coupled with the presence of CO3
2– [473], as also confirmed by the peak at around 870 

cm−1 shown by the FT–IR/PAS spectrum (data not shown) [521]. However, the pH 

considerably dropped (p < 0.05) from almost 8.1 to 6.7 (Figure 5.4c) after 15 days of 

continuous–flow operation, thus requiring the addition of an external source of 

carbonate in order to avoid inhibition for the bacteria involved in PHE biodegradation 

at highly acidic conditions (e.g. at pH 5.0) [522]. Hence, the addition of Na2CO3 (i.e. 

1,000 mg·L–1) after 16 and 32 days allowed to keep the pH between approximately 6.5 

and 8.5 (Figure 5.4c) and prevented any interference for PHE–degrading bacteria 

[478]. 
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Figure 5.15 ‒ Evolution of a) phenanthrene (PHE, mg·L−1), b) dissolved organic carbon (DOC, mg·L−1), 

c) dissolved oxygen (DO, mg·L−1) and pH values vs time (d) in the continuous–flow bioreactor treating 

the spent sediment washing solution. 

The averages and error bars were determined on triplicates. INF = actual PHE concentration 

in the influent; THE = theoretical PHE concentration in the influent; EFF = effluent PHE 

concentration. 

5.3.2.3 Mechanisms occurring during phenanthrene degradation 

PHE removal from the spent SW solution likely occurred through mechanisms 

taking place in two different phases. Firstly, freely dissolved PHE or attached PHE to 

micelles was adsorbed onto BC. Afterwards, PHE biodegradation by the BC 

immobilized–bacteria (see Section 6.3.2.1) occurred in both the aqueous and micellar 

phase, and was generally controlled by the diffusion of the particles towards the 

bacterial cell surface, enzyme or lipopolysaccharide [523]. The micelle–attached PHE 

could also be transferred to bacteria via uptake after hemi–micelle formation around 

the microbial cell [524]. 

The enhanced PHE degradation observed (i.e. 96%, Figure 5.4a) after the increase 

of TW80 concentration during the continuous–flow reactor operation was likely due 

to an increase of CSH from approximately 26 to 43% (data not shown), which 

improved the transmembrane transfer. Indeed, the addition of non–ionic surfactants 

(e.g. TW80) can either decrease or increase the CSH of bacteria due to the partition of 

TW80 onto the cell surface or the release of lipopolysaccharides [525,526], as a 

function of the initial cell surface characteristics (i.e. hydrophobic or hydrophilic cells) 

[409]. The increase of CSH likely confirmed the lipopolysaccharide mechanism [527] 

also due to the presence of Gram–negative bacteria in PR (Figure 5.5a) [455]. In 

addition, TW80 could govern the hydrogen ion shift in the cell layer to provide 

adenosine triphosphate (ATP) for the transmembrane transport of PHE, thus enhancing 

PHE intracellular biodegradation [528,529]. This improvement can be attributed to the 

presence of the Alphaproteobacteria class (i.e. 36%) (see Section 6.3.3), which was 

previously reported to be correlated with the H+–ATP synthase subunit alpha [528], 

after the startup of the continuous–flow system. 

Finally, PHE biodegradation likely proceeded via the hydroxylation of the aromatic 

rings due to the presence of oxygen and the biotransformation of PHE into simpler 

compounds by following either phthalate or salicylate routes, eventually leading to the 

production of carbon dioxide and water through the tricarboxylic acid cycle (TCA) 

(see chapter 4). 
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Figure 5.16 ‒ a) Phylogenetic tree showing the genetic relationships of phenanthrene–degrading 

bacteria, b) bacterial composition at the phylum level and c) genus level i) in the inoculum, ii) after the 

immobilization phase onto biochar, iii) at the end of the 7 days batch operation and iv) at the end of the 

43 days the continuous–flow operation. 

5.3.3 Phenanthrene–degrading bacteria and temporal 

evolution of the microbial community structure 

The continuous–flow PR operation at an HRT of 3.5 days led to a high–efficiency 

PHE removal (see Section 6.3.2.2) and likely selected the best performing PHE–

degrading strains immobilized onto BC [530]. 

In the original inoculum, the taxonomic classification (Figure 5.5) showed a 

copiousness of Proteobacteria and Firmicutes phyla accounting for more than 86% 

(Figure 5.5b). These phyla were previously classified as active PHE degraders in 

contaminated harbor and marine sediments [531,532]. Also, the Dependentiae phylum 

was revealed with an abundance of approximately 11% (Figure 5.5b) and was recently 

associated with the presence of PAHs in coastal samples [533]. 

The immobilization of bacteria onto BC led to a significant (p < 0.05) increase of 

the Bacteroidota phylum from less than 1 to about 43% (Figure 5.5b) at the expense 

of Firmicutes and Dependentiae phyla, which dramatically (p < 0.05) decreased their 

population below 4% (Figure 5.5b). The Bacteroidota phylum was previously shown 

to be the main phylum after Proteobacteria in the prickly ash seed oil meal–BC 

compost [534], and was reported to proliferate in highly PAH–contaminated marine 

sediments [18]. 

At the end of PR operation, the Proteobacteria and Bacteroidota phyla maintained 

(p > 0.05) their abundance relatively stable (i.e. approximately 42–51 and 34–45%, 

respectively) (Figure 5.5b) along with the stable performance of the reactor in terms 

of PHE removal. Interestingly, the Actinobacteriota abundance raised from 

approximately 1 to 9% after the batch and continuous–flow stages (Figure 5.5b), 

respectively, probably due to the increase of TW80 and PHE availability in PR (Figure 

5.4a and b) and the ability of these bacteria to consume both TW80 and PHE under 

aerobic conditions [535,536]. 

The taxonomic classification at the genus level by taking into account a relative 

abundance above 1% [420] is presented in Figure 5.5c. A genus (uncultured) belonging 

to the Enterobacteriaceae family showed an abundance comprised between almost 30 

and 47% (Figure 5.5c), and was probably the main genus involved in the PHE 

biodegradation during the batch phase [537]. The aeration and addition of BC was 
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likely coupled with the elimination of unwanted “companions”, such as the 

Clostridium sensu stricto genus (Figure 5.5c) from the inoculum [538], and could have 

enhanced the increase of the Sphingobacterium genus (i.e. up to 21%, Figure 5.5c) 

[539]. The latter was previously identified as a group of PHE degraders in soil samples 

collected from the petrochemical industry and oil refinery areas [540]. A relative 

copiousness below 30% (Figure 5.5c) was obtained at the end of the batch phase for 

other bacterial genera such as Chryseobacterium, Ochrobactrum and Pseudomonas 

(i.e. 13, 9 and 6%, respectively), all reported to degrade PHE [400,415,540]. 

Interestingly, the Chryseobacterium genus increased its richness up to about 22% 

(Figure 5.5c) at the end of the continuous–flow operation, likely due to the increase of 

TW80 and PHE concentrations (Figure 5.4). Species belonging to Chryseobacterium 

were reported to have a versatile metabolism by degrading simultaneously PHE and 

phenols and growing in liquid solutions with surfactants (e.g. hydroxypropyl–β–

cyclodextrin) [439]. The microbial shift towards more metabolically versatile 

members in the latest stages of the biodegradation process was also described by 

Garrido–Sanz [541]. Brevundimonas co–occurred with an abundance of almost 11% 

(Figure 5.5c) and was previously reported to be capable for PHE degradation [435]. 

Nubsella, Weeksellaceae (uncultured), Xanthobacteraceae (uncultured) and 

Dysgonomonas genera, accounting for approximately 30% (Figure 5.5c) after 43 days 

of continuous–flow bioreactor operation, were also reported to exhibit a broad 

response to hydrocarbons and PAHs in previous studies [510,540,542,543]. 

Among the 16 annotated KEGG Orthology (KO) (Figure 5.6) belonging to the 

biodegradation and metabolism of xenobiotic compounds, KO00624 and KO00626 

were involved in the PAH degradation pathway [544], thus confirming the role of the 

abovementioned bacteria in PHE removal. Some of the PAH‒related degradation 

enzymes, such as 1,4‒dihydroxy‒2‒naphthoyl‒CoA hydrolase, 3‒

hydroxyanthranilate 3,4‒dioxygenase, 4‒hydroxyphenylpyruvate dioxygenase, 4‒

hydroxyacetophenone monooxygenase, 4,5‒dihydroxyphthalate decarboxylase, 

protocatechuate 3,4‒dioxygenase, protocatechuate 4,5‒dioxygenase, dioxygenase, 

dehydrogenase, NADP‒dependent aldehyde dehydrogenase and salicylate 5‒

hydroxylase, were previously reported in biochar‒amended soils polluted by PAHs 

[545]. Also, the relative contents of functional genes associated to PHE degradation 

(Figure 5.6) increased after the continuous–flow bioreactor operation, further 

supporting the enhancement of the biodegradation process observed in the latest stage 

(Figure 5.4a) [546]. 
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Figure 5.17 ‒ Relative content (%) of functional genes related to the degradation of xenobiotic 

compounds i) in the inoculum, ii) after the immobilization of bacteria onto biochar, iii) after the 7 days 

of initial batch operation and iv) after the 43 days of continuous–flow reactor operation. 

5.3.4 Preliminary economic assessment 

This chapter shows that a PHE–contaminated sediment can be firstly remediated 

through a SW process using a surfactant solution containing TW80, allowing to reach 

a PHE removal efficiency of up to approximately 91% (Figure 5.2b). The generated 

amount of spent PHE–containing SW solution can be controlled by maintaining an S:L 

ratio up to 1:4 (Figure 5.2b). Subsequently, the SW solution can be treated in a 

continuous–flow bioreactor with BC immobilized–bacteria (Figure 5.1) achieving a 

PHE degradation up to 96% (Figure 5.4a) and a recovery of TW80 comprised between 

75 and 100% (Figure 5.4b). Thus, a rough economic study was conducted on the whole 

process to evaluate its possible employment in full–scale applications. 

The economic estimation by considering the SW operations, TW80 and BC 

purchase, and the biological treatment of the PHE–polluted TW80 solution showed a 

total cost of 342.60 €·ton−1 of sediment, as the sum of 75.36, 172.80, 44.44 and 50.00 

€·ton−1, respectively. Although the TW80 supply represents the major cost of the 

whole process, the TW80 recovery has not been considered since the calculation was 

based on the mass unit of sediment. Similarly, the BC utilization in the bioreactor 

operation is higher during the start–up phase, while is drastically diminished along 

further SW cycles generating extra spent SW solution. It should be also remarked that 

a part of the PHE adsorbed onto BC can be continuously degraded by bacteria, thus 

decreasing the regeneration cost and replacement of BC [29]. However, the total cost 
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of 342.60 €·ton−1 is included in the range of 36–480 €·ton−1, previously reported for 

the SW of contaminated sediments [454], thus encouraging the employment of such 

approach for a real–scale project. A detailed energy evaluation and determination of 

the scale–up factor will be required for validating the studied process. 

5.4 Conclusions 

This chapter shows that BC can be an effective and sustainable biocarrier for 

immobilized–cell bioreactors treating PAH–polluted SW solutions. The continuous–

flow PR operation allowed to achieve a PHE removal of up to 96% from a TW80–

containing solution (i.e. 10,800 mg·L–1) after 43 days. The SW solution was obtained 

from SW batch tests, in which PHE was desorbed from the contaminated sediment up 

to 91% after 1,440 minutes when an S:L ratio from 1:4 upwards was used. The Elovich 

kinetic model well simulated the desorption trend and was more suitable than the 

intraparticle diffusion, pseudo–first– and –second–order kinetic models (i.e. R2 = 

0.863–0.959 and RSS = 0.003–0.011, respectively) to simulate the PHE adsorption 

onto BC, which preceded PHE biodegradation as a mechanism during PHE removal 

in PR. The main PHE–degrading bacteria belonged to the Proteobacteria, 

Bacteroidota and Actinobacteriota phyla and accounted for approximately 96% of the 

total reads in the PR samples. Finally, a preliminary economic assessment conducted 

on the whole process revealed a total cost of 342.60 €·ton−1 of sediment, thus 

suggesting a possible creation of a sustainable remediation approach for the 

application of the entire process at a larger scale. Future studies should be addressed 

to the optimization of the continuous–flow operation, by for instance investigating the 

effects of the DO concentrations 
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CHAPTER 6. THE ADDITION OF 

BIOCHAR AS A SUSTAINABLE STRATEGY 

FOR THE REMEDIATION OF PAH–

CONTAMINATED SEDIMENTS 

6.1 Introduction 

Sediments represent the main receptor of organic contaminants entering the aquatic 

ecosystem including polycyclic aromatic hydrocarbons (PAHs), which are hazardous 

petroleum–derived compounds principally released into the environment by 

anthropogenic activities [547,548]. When dredging the sediments mainly for harbor 

and waterway maintenance purposes [549], several concerns are posed to the disposal 

or reuse of dredged sediments due to their contamination [550]. Also, the re–

suspension of particles contaminated by PAHs may be favored during dredging 

activities, thus increasing the environmental risk related to the dispersal of hazardous 

compounds [551]. Biological, physical–chemical and thermal remediation 

technologies have been applied to cope with the PAH–contaminated sediment concern 

(Figure 6.1), and are all associated with several drawbacks such as low efficiencies 

(mainly due to low PAH bioavailability), release of toxic by–products (e.g. 

oxygenated–PAHs) and high costs (e.g. due to the high temperatures involved), 

respectively [181]. 

The application of carbonaceous sorbents such as biochar is particularly effective, 

economic and environmental friendly for the remediation of sediments contaminated 

by PAHs [30] mainly via PAH immobilization. Biochar is a porous material mainly 

produced by pyrolysis or gasification of a carbon–based feedstock [552,553], and is 

capable to reduce the bioavailable PAH concentrations in sediments due to its high 

carbon content and specific surface area [554]. In addition, the use of biochar as 

sediment amendment gives birth to further virtuous, environmental implications. For 

instance, being manufactured starting from organic waste or other by–products (e.g. 
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sewage sludge) [555], biochar positively contributes to waste management practices 

and the accomplishment of a circular economy model [556]. The biochar is also 

applied as an agricultural amendment in carbon capture and storage (CCS) 

applications, refueling organic–poor soils with slow–release carbon and inorganic 

elements [557]. The other product obtained through pyrolysis or gasification of organic 

waste, namely “syngas”, is a gas stream that can be used for energy and bioenergy 

recovery being composed by CO, H2 and CH4 [558], decreasing greenhouse gas 

emissions and potentially mitigating climate change [559]. 

The environmental applications of biochar in contaminated sediments has lately 

attracted the attention of the scientific community. Wang et al. [560] reviewed the use 

of biochar to remediate contaminated soils and sediments by toxic metals. Ni et al. 

[561] recently summarized the migration of persistent organic pollutants (e.g. PAHs) 

during the biochar utilization in soil–plant systems. Li et al. [203] mainly focused their 

review to the PAH adsorption by activated carbon (AC) and graphene in sediments. 

Nonetheless, previous reviews have dedicated less attention to shed light on the 

mechanisms and impacts associated with biochar addition to PAH–contaminated 

sediments. Hence, the current state of the knowledge on PAH removal due to biochar 

application in sediments is necessary to be investigated. This chapter is aimed at 

evaluating the mechanisms involved during adsorption, bioremediation and enhanced 

persulfate degradation of biochar–amended PAH–contaminated sediments, 

emphasizing the effect of various parameters on the efficiency of the different 

processes. The key factors controlling the biochar characteristics as well as its 

architecture and molecular composition have been carefully discussed. Moreover, the 

impact of biochar on PAH bioavailability and toxicity to living species has been 

discussed in detail to clarify the effective mitigation of the environmental risk. The 

lack of the existing literature has been identified suggesting future perspectives along 

which new research efforts should be addressed. 
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Figure 6.18 – Conventional biological, physical–chemical and thermal remediation technologies used 

for PAH–contaminated sediments. 
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6.2 The concern of PAH–contaminated sediments 

6.2.1 Current state of PAH–contaminated marine, coastal, 

river, and lake sediments 

PAHs are petroleum–derived compounds with at least 2 condensed benzene rings 

[210]. PAHs have a petrogenic or pyrogenic nature if derived from incomplete 

combustion or slow maturation of organic matter [562], respectively, and can be 

released into the environment by natural (e.g. volcanic eruptions, catagenesis) or 

anthropogenic (e.g. industrial processes, petroleum facilities) sources [563]. PAHs 

having a pyrogenic nature are adsorbed by suspended particles in the atmosphere and 

may end up into rivers, lakes and seaside via atmospheric deposition [564], whereas 

petrogenic PAHs are directly released into water bodies due to oil discharge or seepage 

[6]. Afterwards, PAHs accumulate in sediments as hydrophobic and persistent 

compounds [565] and can directly reach humans or be taken up by aquatic organisms 

and enter the food chain, posing risks to human health being carcinogenic and 

mutagenic contaminants [53]. Indeed, 28 PAHs were reported to be toxic contaminants 

in 2008 by the United States Environmental Protection Agency (US EPA) [35]. 

The distribution and concentration of PAHs is variable in sediments due to their 

origin source and transport processes. The PAH nature is commonly evaluated by 

comparing phenanthrene (PHE) and anthracene (ANT) concentrations, as pyrogenic 

and petrogenic sources generally release a PAH mixture being characterized by a 

PHE/ANT ratio lower or higher than 10, respectively [566]. The ratio between low 

(i.e. ≤ 3 rings) and high (≥ 4 rings) molecular weight PAHs could alternately be 

assessed as smaller or higher than 1 in order to establish the pyrogenic or petrogenic 

PAH origin, respectively [567]. Wu et al. [39] recently reported that the total PAH 

concentration in river and coastal sediments can reach an average of 300 mg·kg–1, with 

such high contamination levels being mainly observed in areas with an extensive 

industrial activity. Moreover, Zeng et al. [568] and Meng et al. [569] related the 

occurrence of PAHs in lake sediments of China (i.e. up to 7.94 mg·kg–1) to 

urbanization (e.g. vehicle emission) and industrialization (e.g. biomass combustion). 

The transport of PAHs is more complicated to determine because it strongly 

depends on physical–chemical properties of each PAH compound (e.g. octanol–water, 

vapor–particle partitioning) and environmental conditions (e.g. geomorphologic 

characteristics) [80]. Merhaby et al. [83] analyzed the current state of sediments in 

Mediterranean countries showing higher total PAH concentrations (i.e. up to 1,670 
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mg·kg–1) in harbors, bays and lagoons compared to those observed in rivers (i.e. up to 

610 mg·kg–1), suggesting that PAHs are mainly transported from a dynamic 

environment (i.e. river streams) to a relatively calm zone (e.g. bays). 

6.2.2 Dredging of contaminated sediments 

Several millions of cubic meters of sediment are yearly dredged worldwide (e.g. 

100–200·Mm3 in Europe, SedNet) [570], with sediment dredging being a highly–

spread practice especially in those countries with a high coast–to–inner land ratio 

[571]. Coastal, estuarine and fluvial sediments are generally dredged to preserve 

waterway depth in favor of navigation networks, thus promoting the reuse by coastal 

nourishment or disposal of dredged sediments [572]. 

However, when a high concentration of PAHs is found to be adsorbed onto the 

sediment particles, likely due to a scarce natural attenuation occurring over time, waste 

management issues [11,17] and potential risks for the environment and human health 

[573] arise. Moreover, PAH–contaminated sediment particles are re–suspended during 

dredging, and the toxicity towards the local ecosystem can be even increased [574]. 

Thus, sediments contaminated by PAHs have to be remediated according to national 

legislations [232], which implement guidelines and strategies provided by directives 

or government agencies in order to mitigate the sanitary and environmental risk [575]. 

For example, in Europe the attention about the dredged sediment issue has increased 

after the emanation of the Water Framework Directive [576], which established the 

environmental quality standards (EQSs) for sediments, which were subsequently 

adopted in the national regulations of many EU countries (e.g. Belgium, France, the 

Netherlands, Italy) [577].  

6.2.3 Conventional technologies for the remediation of PAH–

contaminated sediments 

Biological, physical–chemical and thermal remediation technologies are available 

for PAH–contaminated sediments and can be employed in–situ or ex–situ (Figure 6.1) 

[13]. The treatment of PAHs without moving the sediment is referred as to in–situ 

treatment, whereas the ex–situ treatment is carried out after dredging and can be 

performed on–site or off–site if the sediment is remediated nearby or away from the 

original contaminated location, respectively [578]. In–situ remediation is undoubtedly 

less expensive [112] and more suitable for deep PAH contaminations compared to ex–

situ methods as dredging and transportation of sediments are not required. On the other 

hand, dredging is commonly performed in harbors (section 5.2.2) and, therefore, in 

such cases ex–situ remediation is applied with the possibility to overcome the typical 
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shortcomings (e.g. the dispersion of the contaminants) of the in–situ treatment methods 

and to achieve higher PAH removal efficiencies. However, regardless where the 

treatment is performed, the level of contamination, remediation objectives and 

operating costs are the main factors determining the choice of the most suitable 

remediation technology to be applied [76]. 

Bioremediation involves microorganisms and plants to biologically decrease PAH 

concentrations in sediments [579]. The biological process is strongly influenced by the 

capability of the specific bacterial and plant species to degrade PAH, as well as by 

different parameters, such as pH, carbon to nitrogen ratio, moisture, temperature and 

PAH concentrations [307]. Bioremediation can be applied in sediments under aerobic 

or anaerobic conditions [580], and the most frequently used technologies are shown in 

Figure 6.1 [581]. Aerobic bioremediation requires a lower treatment time but higher 

costs due to aeration compared to anaerobic processes, in which the high–energy end 

products could be used to cover all or part of the energy demand. However, it is well 

known that bioremediation efficiency is limited by PAH bioavailability, which is the 

fraction of PAHs accessible and degradable by microorganisms or plants [234,582]. 

Physical–chemical treatments are commonly performed to go beyond the 

limitations of bioremediation, also intervening on the not bioavailable fraction of 

PAHs. A wide range of technologies, each characterized by a different basic principle 

(e.g. immobilization, solubilization, oxidation) is available (Figure 6.1) [583]. 

Physical–chemical technologies are affected by several operational parameters such as 

pH, reagent dosage, sediment permeability and the presence of organic matter [35]. 

Although the high efficiencies generally achieved in a relatively short time, some 

disadvantages are often associated with these technologies such as the cost of the 

chemicals employed and the high amount of exhausted effluents to be further treated 

after sediment washing (Figure 6.1) [250]. To face these limitations, electrokinetic 

remediation (Figure 6.1) can be alternatively used allowing to reach the removal of 

PAHs via the contaminant migration towards regions that are adjacent to electrodes 

[584,585]. The degradation of PAHs obtained via chemical oxidation (Figure 6.1) may 

be coupled with the formation of toxic by–products [99], i.e. oxygenated–PAHs, which 

contain ketones and quinones bound to the aromatic rings [586], making these products 

even more persistent and recalcitrant compared to PAHs [587]. 

Thermal remediation includes a group of processes in which the increase of 

temperature allows to remediate PAH–contaminated sediments by PAH volatilization 

and destruction, and is generally performed ex–situ (Figure 6.1) [588,589]. 

Nevertheless, heating requires higher costs compared to biological and physical–
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chemical processes, and the high moisture content of contaminated sediment leads to 

a further energy demand [215]. A disadvantage of thermal technologies is also the 

destruction of the living microflora and organic matter originally present in the 

sediment [100]. 

6.2.4 Reuse of remediated sediments 

Sediments are dredged for the maintenance of public waterways and are generally 

destined to disposal after a proper remediation treatment (section 5.2.3) or used for 

coastal nourishment [590]. In the last years, dredged sediments have been regarded as 

a waste to be valorized and different reuse strategies, such as in agriculture or in civil 

engineering applications, have been proposed in order to evaluate the possible benefits 

derived from remediated sediments. 

Tozzi et al. [591] lately tested the use of bio–remediated harbor sediments for 

strawberry cultivation obtaining similar nutritional facts in terms of sugar, organic 

acids and minerals compared to the fruit conventionally cultivated. Moreover, 

strawberries mixed at 50% with peat substrate showed higher vitamin C content and 

antioxidant activity [592]. However, remediated sediments could still contain a 

minimum level of PAHs, which could migrate to the edible product. In this context, a 

better reuse for sediments could be the growth of plants for ornamental use, as reported 

by Mattei et al. [593]. 

The major application of remediated sediments is for civil engineering purposes, 

where the sediments are used after dewatering for the production of bricks and 

concrete, providing properties compatible with the technical regulations for 

construction [594,595]. Beddaa et al. [596] showed that 30% of sieved river sediments 

(i.e. the coarse fraction) could be used to obtain a stable concrete classified as C25/30, 

whereas the use of marine sediments can only respect the 1% chloride standards 

required for unreinforced concrete [597]. The main drawback is the presence of sulfate 

in sediments, which could lead to cracks in concrete due to formation of gypsum and 

ettringite [598]. Gebert et al. [599] recently showed that it is also possible to obtain 

biogas, with a potential of 2–12 m3·ton–1 of sediment, using sediments containing 3–

11% of the organic matter. Hence, dredged sediments could contribute to biogas 

recovery after disposal if they find no space in any other application and contain a 

sufficient organic matter content. 

With regard to the reuse of biochar–amended sediments, this practice is still in a 

raw phase. Wang et al. [600] recently showed the beneficial effect of biochar–sediment 

on cement hydration reaction. However, the geo–mechanical properties as well as the 
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EQSs of the sediments need to be evaluated after biochar addition [601] in order to 

perform an efficient and safe sediment reuse. Otherwise, the possibility to separate 

biochar from the sediments via sieving and centrifugation [204] can be considered at 

the end of the remediation treatment. Although the high separation efficiency reported 

(i.e. almost 90%), this method can be costly and invasive for the sediment 

characteristics [203] and, therefore, future studies should be focused on the use of more 

easily recoverable amendments (e.g. magnetic biochar). 
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Table 6.10 – Elemental composition, pH and surface area of biochars originated from various feedstocks at different pyrolysis temperatures. SA = surface area. 

Feedstock  Temp. [°C]  pH  C [%]  H [%]  N [%]  O [%]  SA [m2·g–1]  References 

Corn stalk  320  n. a.*  58.80  4.13  1.68  n. a.  2.81  [602] 

Wood  340  n. a.  71.81  4.36  0.04  n. a.  23.83  [603] 

Mangrove plant  400  6.3  43.26  0.54  1.34  n. a.  4.43  [604] 

Wheat straw chips  400  8.2  77.38  3.99  3.74  14.89  93.84  [605] 

Macadamia nut shell  250–500  n. a.  77.50  3.69  n. a.  n. a.  n. a.  [239] 

Mangrove plant  600  6.7  52.44  0.41  0.97  n. a.  6.11  [604] 

Acai pit  600  n. a.  77.20  n. a.  n. a.  n. a.  198.00  

[606] Hardwood lump  600  n. a.  70.8  n. a.  n. a.  n. a.  224.00  

Peanut hull  600  n. a.  31.9  n. a.  n. a.  n. a.  107.00  

Corn stalk  600  8.7  41.57  1.50  0.42  n. d.  6.30  [607] 

Wheat straw  600  n. a.  60.2  1.60  0.50  37.20  n. a.  [608] 

Pine dust  600  n. a.  22.10  n. a.  n. a.  n. a.  109.00  
[606] 

Barley straw  600  n. a.  49.2  n. a.  n. a.  n. a.  26.00  

Straw  700  9.9  53.85  2.00  0.92  6.14  8.60  [607] 

Wheat straw chips  700  8.6  82.55  2.00  1.31  14.14  256.04  [605] 

Pine biomass  600–900a  11.4  n. a.  n. a.  n. d.b  n. a.  n. a.  [609] 

Pine wood  700–1,000  n. a.  n. a.  n. a.  n. a.  n. a.  358.00  [32] 

Pine wood  n. a.a  n. a.  n. a.  n. a.  n. a.  n. a.  343.00  [208] 
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6.3 Biochar as a suitable amendment for PAH 

removal 

6.3.1 Manufacture 

Biochar is defined as a porous carbonaceous material produced by the 

thermochemical decomposition of biomass under absent or limited oxygen conditions 

[610]. The biomass is generally converted into biochar using pyrolysis and gasification 

as thermal processes [611]. The pyrolysis process is generally performed with no 

oxygen in a range of temperature between 200 and 1,000 °C (Table 6.1), and is 

classified into slow, intermediate and fast pyrolysis as a function of the residence time 

of the feedstock in the pyrolysis chamber [612,613]. The residence time is usually in 

the order of seconds and minutes for intermediate and slow pyrolysis, respectively, 

and lower than 10 s for fast pyrolysis [614], favoring the production of biochar (i.e. 

25–35%) and bio–oil or syngas (i.e. 75%), respectively [615]. Gasification is a thermal 

process in which the feedstock is mainly converted to syngas under high temperatures 

(i.e. > 500 °C) and oxygen levels below the stoichiometric amount [616]. Generally, 

gasification has a lower biochar yield than pyrolysis [617]. 

Biochar can have different properties depending on the temperature used to 

maintain pyrolysis. For example, the increase of pyrolysis temperature (Table 6.1) 

leads to the decrease of particle size and hydrogen–to–carbon (H/C) and oxygen–to–

carbon (O/C) ratios, in favor of a higher specific surface area and aromaticity of 

biochar [560], making biochar particularly suitable for the immobilization of PAHs in 

contaminated sediments through a strong adsorption mechanism. The biochar obtained 

via gasification is richer in alkaline salts and minerals, and can be used for the 

precipitation of potential toxic metals in contaminated sediments [618]. 

Biochar has also been recently produced via hydrothermal carbonization and 

microwave–assisted pyrolysis [619,620]. The hydrothermal carbonization is a suitable 

process for the conversion of biomass with a high moisture content into biochar, also 

called hydrochar [621]. The process is performed under 2–6 MPa of pressure at 180–

250 °C, and the water already present in the biomass is used for the reaction [622]. 

The microwave–assisted pyrolysis is different to conventional pyrolysis as the process 

is controlled by the microwave power and irradiation time. Generally, the biochar yield 

increases by decreasing the microwave power [623]. The microwave–assisted 

pyrolysis offers many advantages, such as lower application time, higher electricity 

conversion efficiency and uniform heating at molecular level [624]. Despite 
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hydrothermal carbonization and microwave–assisted pyrolysis are promising 

processes, they have not been thus far applied for the production of biochar to be used 

for the remediation of PAH–contaminated sediments. This is likely due to the fact that 

the hydrothermal carbonization is suitable for feedstocks with a great moisture content, 

otherwise the addition of water is required. [625]. Moreover, microwave–assisted 

pyrolysis is more sensitive to the feedstock used than conventional pyrolysis [626]. 

Hence, more attention should be posed to hydrothermal carbonization and microwave–

assisted pyrolysis in future for biochar manufacture intended for sediment remediation. 

6.3.2 Types of feedstock originating biochar 

The feedstock used for biochar manufacture can be classified as a primary product 

(e.g. wood biomass) or a by–product (e.g. a solid waste or a slurry) [627]. When 

possible, it is recommended to avoid using primary biomasses to limit deforestation 

and soil erosion, while the employment of residual feedstocks from the agri–food chain 

sector is an inexpensive and eco–friendly alternative [628], which could have a 

positive impact in countries with limited primary resources [629]. 

Many carbonaceous feedstocks have been applied to produce biochar for a PAH–

contaminated sediment remediation, which can be mainly grouped in agricultural and 

wood–based wastes (Table 6.1), being composed by different types and quantities of 

organic and inorganic compounds [630] and differently affecting the final biochar 

yield and elemental composition [631]. Agricultural (e.g. straw) and wood–based 

wastes are lignocellulosic materials mainly composed by carbon (i.e. cellulose, 

hemicellulose and lignin) and oxygen elements [632]. The woody biomass has a higher 

lignin content compared to agricultural waste [633,634] and, therefore, is more suitable 

for a high–yield biochar manufacture [635]. On the other hand, agricultural and woody 

feedstocks are both made up of a low nitrogen and sulfur content [636], limiting the 

release of hazardous gases during biochar production [637]. These biomasses are often 

used in co–pyrolysis with coal to enhance coal cracking and obtain a high biochar 

quality due to presence of hydrogen in the feedstocks (Table 6.1) [638]. 

Other feedstocks can be used for biochar production, such as algae, animal manure, 

plastic, sewage sludge and tires. The biochar produced by algae (or microalgae), 

animal manure and sewage sludge is rich in nitrogen, inorganic compounds (e.g. P and 

K) and ash, respectively [639–641], making this biochar suitable for biostimulation of 

sediments. For example, Pariyar et al. [642] recently showed that manure−derived 

biochar has a higher cation exchange capacity than rice husk biochar (i.e. 670 and 410 

mmol·kg−1 dry biochar, respectively), due to the presence of clay minerals. Moreover, 
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microalgal, manure and sewage sludge biochars have been already applied for PAH 

removal in water and soil [467,643,644]. The biochar derived from plastic and tires is 

surely a more innovative material and is mainly composed by carbon and hydrogen 

[645,646], suggesting that it could be particularly indicated for PAH adsorption due to 

its highly hydrophobic nature. None of these products (i.e. algae, animal manure, 

plastic, sewage sludge and tires) has been yet applied for the remediation of PAH–

contaminated sediments, as a high volatile solid content results in a low amount of 

biochar produced as well as the content of metals in the original feedstocks (mainly 

manure) can negatively affect the final biochar characteristics. Therefore, a co–

pyrolysis with agricultural or wood biomasses is recommended to increase the biochar 

yield and improve its quality [647]. 

6.3.3 Properties of biochar 

The properties of biochar, including pH, elemental composition, specific surface 

area, metal and PAH content (Table 6.1), are mainly affected by pyrolysis temperature 

and feedstock characteristics [648]. The feedstock plays a role in determining the final 

carbon content and specific surface of biochar (Table 6.1). The total carbon content 

ranges between 22 and 83%, and is higher in crop residues (e.g. straw) than wood 

derived biochar [649]. On the contrary, the specific surface area is higher in wood (i.e. 

24–358 m2·g–1) than crop residue (i.e. 3–256 m2·g–1) biochars as the pyrolysis of 

woody biomass generates pores of different sizes, including micropores [635]. 

The temperature of pyrolysis has a higher impact on pH, specific surface area and 

elemental composition of biochar [650]. The increase of temperature leads to an 

increase of specific surface area and pH (Table 6.1), probably due to the organic 

compound decomposition coupled with the generation of micropores [651], and the 

separation of alkali salts from the organic matter [482,652]. Moreover, the H, N and 

O content in biochar generally decreases with the increase of temperature (Table 6.1), 

likely due to volatilization that leads to dehydrogenation and deoxygenation reactions 

[653]. The amount of fly ashes increases at higher temperatures, while the content of 

functional groups (e.g. hydroxyl and carboxyl) is lower at increasing temperatures 

[654]. 

In addition, contaminants can be found in the biochar if originally present in the 

feedstock (e.g. heavy metals) or generated during the pyrolysis process (e.g. PAHs), 

[655,656]. Metal concentrations are generally higher in the final biochar compared to 

the raw material due to the high loss of organic matter during pyrolysis [657]. Different 

to metals, the increase of pyrolysis temperature from 500 to 700 °C can lead to a 
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reduction of the PAH concentration in the derived biochar (i.e. from almost 15 to <2 

mg·kg–1) [658], also leading to a decrease of the ratio between low and high molecular 

weight PAHs due to volatilization and nuclear condensation phenomena [659]. This 

aspect deserves more attention in future studies when a contaminated matrix is 

converted into biochar to be used in environmental applications. 

6.3.4 The interaction between biochar and PAHs 

Biochar is a suitable material for the remediation of sites contaminated by organic 

contaminants (e.g. PAHs) due to its porous structures, high surface area and different 

functional groups [660]. Indeed, scanning electron microscopy (SEM) imaging has 

revealed the presence of PAHs adsorbed onto biochar surface (Figure 6.2), thus giving 

the possibility to reduce PAH bioavailability through strong adsorption and 

consequently their environmental toxicity. 

Interactions between PAHs and biochar during adsorption can be classified as 

hydrophobic (i.e. partitioning, Van der Waals forces), donor–acceptor (e.g. π–π) and 

specific (i.e. hydrogen–π, cation–π) [31,661,662]. Generally, only one of the 

mentioned interactions dominates the process depending on the biochar properties, 

including pyrolysis temperature and the presence of particular functional groups [663]. 

The hydrophobic interaction is an entropic mechanism that can occur in two main 

phases: a) the first phase in which the PAH is partitioned in the hydrophobic domain 

of biochar due to the partitioning coefficient; b) the second phase where the PAH is 

weakly adsorbed onto the biochar surface via Van der Waals forces [664]. The 

interaction through PAH partitioning and Van der Waals forces mainly occurs with 

low–temperature pyrolyzed biochar as a function of biochar polarity [665]. 
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Figure 6.19 – Representation of hydrophobic, donor–acceptor and specific interactions occurring 

between biochar and PAHs. Scanning electron microscopy (SEM) images before a) and after b) PAH 

adsorption onto biochar surface are taken from Tang et al. [666]. 

A high–temperature pyrolyzed biochar leads to stronger electron donor–acceptor 

interactions due to a lower H/C ratio [667], resulting in a greater adsorption efficiency 

due to intermolecular (e.g. electrostatic, charge transfer, hydrophobic) forces [668]. 

Electron donor–acceptor is an enthalpy–based interaction in which two opposite 

regions (i.e. PAH donor and biochar acceptor) are attracted due to π electrons 

[669,670], with the π–π interactions showing a stronger bonding potential with the 

increase of biochar aromaticity [210]. Moreover, specific cation–π and hydrogen–π 

interactions may occur in the presence of cations (e.g. Na+, K+) and functional groups 

(i.e. –COOH, –OH, and –NH2) in biochar, respectively [671,672]. Nonetheless, π–π 

interactions are more frequent being the interaction energy comprised in a larger range 

(i.e. 4–167 kJ·mol–1) compared to specific interactions [673]. 

It was widely accepted that PAH desorption from biochar is limited due to the 

strong adsorption mechanisms (e.g. π–π interactions), or the presence of micropores 

which can act as a physical trap for the adsorbed PAHs. However, changes in 

environmental conditions (e.g. pH), as well as the abiotic or biological degradation of 
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biochar, can promote the PAH desorption from biochar to the sediment, highlighting 

the importance of investigating this aspect in future research. 

6.4 Mechanisms and impacts associated with biochar 

addition to PAH–contaminated sediments 

6.4.1 Adsorption 

6.4.1.1 One– vs. multi–PAH systems 

Adsorption is the major mechanism induced by biochar addition to remove PAHs 

from sediment particles (Figure 6.3). Donor–acceptor, hydrophobic and specific 

interactions are mainly involved during PAH adsorption, as also explained in section 

5.3.4, likely due to the planar and hydrophobic nature of PAHs. PAH adsorption onto 

biochar can be affected by different parameters, such as the specific PAH molecule, 

sorbent and sediment characteristics [48]. 

 

Figure 6.20 – Simplified schematic representation of the mechanisms and impacts associated with 

biochar addition to PAH–contaminated sediments. PAH adsorption onto biochar is influenced by the 

presence of a PAH mixture, the sediment origin, the initial PAH contamination level, the remediation 

time, the biochar dosage and surface area (green color). Bioremediation through biostimulation is 

stimulated by the presence of nitrate, while it is negatively affected when performed through 

bioaugmentation and phytoremediation by the decreased PAH bioavailability after biochar addition, 

which leads to toxic effects to living species due to a reduced nutrient availability (red color). The 

catalyst dose (Fe3O4 + biochar) and pH are parameters playing a key–role in persulfate degradation 

of PAHs (brown color).  
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Table 6.11 – Summary of the main results in terms of PAH removal efficiency obtained at different biochar dosages after biochar addition to PAH–contaminated 

sediments having different origins and initial PAH concentrations. 

PAH  

Sediment  Experimental conditions  
PAH removal 

[%] Origin  ∑PAHt0 [mg·kg¯1]  Biochar dosage [w/w%]  Remediation time [d]  Ref. 

PYRc  River  < 0.1  1.3  100  29 [674] 

PHEc  Lake and bay  0.5  0.1–0.5  4  11–60 [675] 

ACE, PHE and FLUc  Canal  n. a.*  5.0  28  80 [606] 

∑16 PAHbs  Estuary  8.0–15.4  5.0  28  98 [32] 

FLR, PHE, ANT, 

FLU, PYR, B[a]ANT, 

and CHRb 

 Seaside  1,458.0  15.0  1  > 99 [676] 

PHE and PYRb, c  Estuary  n. a.  1  56  52–69a [604] 

PHEc  Sand  5.0  1  24  57–65 [677] 

PHE, ANT and 

PYRb, c 
 Seaside  10.0  4.0  30  > 95 [208] 

PHE, PYR and CHRc  River  2.6–3.1  0.1–1.5  90  40–80 [602] 

PHEc  River  15.0  1.3  100  34 [239] 
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* = not available; a = data referred to PYR; b = field–polluted sediments; c = lab–spiked 

sediments; ACE = acenaphthylene; ANT = anthracene; B[a]ANT = benzo[a]anthracene; CHR 

= chrysene; FLR = fluorene; FLU = fluoranthene; PHE = phenanthrene; PYR = pyrene. 

PHE was the main investigated PAH in the scientific literature (Table 6.2), being 

the PAH that has average solubility and hydrophobicity properties [239,252]. PHE 

adsorption onto biochar was studied alone or with other PAHs (Table 6.2). Other 

studies showed the effect of biochar addition in sediments contaminated by 

naphthalene (NAPH) and pyrene (PYR) alone (Table 6.2) due to their higher 

abundance in the sediment investigated. 

Yang et al. [239] observed a PHE adsorption of 34%, higher than that in the 

biochar–free control (i.e. 22%), after 100 d using pyrolyzed macadamia nut shells 

(obtained at 500 °C for 1 h) with a dose of 1.25% (w/w) in river sediments (Table 6.2). 

Cui et al. [675] showed an increasing PHE adsorption capacity (i.e. up to 60%) when 

using 0.5% (w/w) pyrolyzed rice straw in lake sediments for 4 d. A higher PHE 

adsorption (i.e. 57–65%) was obtained by Marchal et al. [677], who tested 1% (w/w) 

biochar in sand for 24 d (Table 6.2). PHE adsorption onto biochar particles was 

improved by doubling the PAH partition coefficient between suspension and water 

and increasing by 52% the carbon content of the system [675,677]. 

The use of biochar in the presence of multiple PAHs allows an enhancement of 

adsorption likely due to a decrease of the PAH solubility [678] (Figure 6.3). It is, 

however, important to notice that other factors, including sediment type, level of 

contamination, remediation time, biochar dose in sediment (w/w) and particle size also 

play a role during PAH adsorption (Figure 6.3). Wang et al. [602] showed after 90 d a 

PAH reduction up to 80% in pore water with the increase of the biochar dose from 0.1 

to 1.5% by using pyrolyzed corn stalk and wood (obtained at 320 and 340 °C for 4 h, 

respectively) in river sediments (Table 6.2). Similarly, a PAH adsorption of almost 

80% was obtained after 28 d with the addition of 5% peanut hull biochar (obtained at 

600 °C for 2 h) to canal sediments [606]. Moreover, Gomez–Eyles and Ghosh [32] 

obtained a PAH reduction of approximately 98% in pore water after 28 d, with 5% 

pine wood biochar (obtained at 700–1,000 °C for 10 min) in marine sediments (Table 

6.2). PAH adsorption was improved by 99% in the overlying and interstitial water 

adding 15% powdered coconut biochar to marine sediments (Table 6.2) [676].  

The above–reported findings are further supported by the results obtained by other 

researchers [208,604,674], who investigated the effect of biochar on the adsorption of 

the sole PYR, PYR + PHE and PYR + ANT + PHE mixtures, respectively. The authors 
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used 1.25% of macadamia nut shell (produced at 500 °C), 1% of mangrove plant 

(produced at 600 °C) and 4% of pine wood (produced by gasification) biochar, 

respectively. PYR adsorption onto biochar reached 29% after 100 d when PYR was 

used as single PAH [674], while it increased to 52% after 56 d [604] and 95% after 30 

d [208] when PYR was present in a mixture with PHE and ANT + PHE (Table 6.2), 

respectively. This demonstrates that PYR adsorption is less efficient when PYR is the 

sole PAH in the system. Moreover, Silvani et al. [208] reported that the adsorption 

mechanism was also enhanced by the high salinity of the marine sediments used, the 

high specific surface area and dosage of biochar (i.e. 343 m2·g–1 and 4%, respectively), 

and the initial PAH concentration (i.e. 10 mg·kg–1). 

6.4.1.2 Adsorption–desorption kinetics and isotherms 

Besides adsorption efficiencies, the PAH adsorption rate is another fundamental 

parameter to understand the performance of the biochar used as sorbent. In general, 

the adsorption rate is obtained by applying a kinetic model [679], which shows the 

required time to reach the equilibrium during the adsorption of PAHs onto the biochar 

surface [680]. The equilibrium is quickly or slowly reached depending on different 

parameters, including sediment and biochar properties [681]. 

A first–order kinetics is generally used, but further kinetic models (e.g. pseudo–first 

or second–order kinetics) can also be considered [682,683]. However, the mentioned 

kinetics could not fit well the whole adsorption process, but may be only valid for a 

limited time [684], implying the use of a kinetics describing both the fast and slow 

adsorption rates [685]. For example, Marchal et al. [677] reported a adsorption rate of 

4.92 and 0.04 d–1 for a fast and slow kinetics, respectively, using biochar on sand. 

Johnson et al. [685] observed lower adsorption rates (i.e. 0.32 and <0.01 d–1 for a fast 

and slow kinetics, respectively) probably due to the lower organic content in the sand 

used. Moreover, the Elovich model can alternately be applied to fit the PAH adsorption 

process with a great correlation coefficient R2 (i.e. 0.97–0.99), as recently shown by 

Cheng et al. [643]. 

The adsorption isotherms (i.e. Langmuir, Freundlich and linear) can be applied in 

aquatic environment to comprehend the PAH distribution onto biochar surface [181]. 

Freundlich isotherms are generally used due to higher correlation coefficient R2 (i.e. 

up to 0.99) [604] compared to Langmuir and linear isotherms (i.e. up to 0.97 and 0.98, 

respectively) [608], suggesting that PAH adsorption is heterogeneous and occurs 

firstly in stronger sites of biochar surface [686]. Considering the intra–particle 

diffusion model, a higher adsorption rate can be achieved with a finer sorbent due to 
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the faster diffusion of PAH molecules. This would reduce the time required to reach 

the equilibrium [89]. Kang et al. [687] observed a decrease of the time needed to 

achieve 95% of the equilibrium from 17 to 1 d by decreasing the biochar particle size 

to below 125 μm. 

A PAH adsorption–desorption mechanism from the amended biochar to the 

sediments can occur due to changes in pH and salinity. For example, the 

gastrointestinal fluids of living organisms have been reported to solubilize PHE from 

biochar particles, thus reversing the PAH adsorption process [688]. The possible 

presence of high salt concentrations in gut fluids can improve the “salting–out” effect 

by increasing the ionic strength in favor to the adsorption mechanism [689]. If a 

single–step desorption is considered, the mechanism would fit a logarithmic kinetic 

(R2=0.99) and the Freundlich isotherm (R2 ≥ 0.97) [187,690]. On the other hand, by 

comparing the desorption and adsorption mechanism, the whole mechanism would be 

consistently hysteretic probably due to the irreversible binding of PAHs onto biochar 

and trapping of PAHs into microporous biochar [690,691]. 

6.4.2 Bioremediation 

6.4.2.1 Effect of biochar addition on PAH bioavailability 

PAH bioavailability is considered the accessible fraction of PAHs to living 

organisms [283], and is an important parameter allowing to determine the 

environmental fate of PAHs in sediments and the connected risk [85]. Passive samplers 

(e.g. polyethylene, silicone), mild solvents (e.g. butanol, Tenax®) and terrestrial 

invertebrates (e.g. Chironomus plumosus) (Table 6.3) are commonly employed during 

biochar–supplemented experiments to assess the PAH bioavailability in contaminated 

sediments as dissolved, biodegraded and bioaccumulated fraction of PAHs [692–694], 

respectively. 

A lower PAH bioavailability is generally achieved in sediments after biochar 

addition (Figure 6.3), thus mitigating the environmental risk associated with the 

presence of PAHs [695]. Ho et al. [676] showed that the use of powdered coconut 

biochar is an effective method to significantly reduce the bioavailability of PAHs with 

a logarithmic octanol–water partitioning coefficient of 4–8. The supplementation of 

only 1.0% of corn stalk biochar could significantly decrease by 72% the bioavailable 

PHE fraction in river sediments [602]. A percentage up to 5% of wood biochar resulted 

in an efficient reduction of PAH bioavailability in sediments, being the biota sediment 

accumulation factor (i.e. < 0.10) lower than in control biochar–free tests (i.e. 0.21–
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0.88, Table 6.3) [603]. However, Gomez–Eyles et al. [32,606] reported that a higher 

biochar percentage (i.e. > 5%) was required to achieve a similar PAH bioavailability 

by adding AC to sediments. The discrepancy with the results of Wang et al. [602] and 

Shen et al. [603] can be explained with a higher availability of the biochar pores [208] 

that induced a better PAH adsorption [696], while the higher biochar percentage used 

by Gomez–Eyles et al. [606] physically restrained the PAH transfer to biochar [697]. 

One study compared the use of conventionally–pyrolyzed biochar and magnetized 

biochar in river sediments [698]. After 30 d, the PAH bioavailability decreased by 

almost 50% with conventional biochar (Table 6.3), while magnetized biochar did not 

lead to a significant reduction of PAH bioavailability likely due to the pore occlusion 

by magnetite and the limited intraparticle diffusion [698]. The use of magnetized 

biochar was more effective when shaking the biochar–sediment mixture at 100 rpm 

[205] as the contact between biochar and PAHs was enhanced. The bioavailable PAH 

concentrations decreased by 68% (Table 6.3) in comparison to what observed in the 

control tests. 

Chi and Liu [605] evaluated the addition of 3% wheat straw biochar, obtained at 

different pyrolysis temperatures (i.e. 400 and 700 °C for 4 h), and its effect on the PAH 

bioavailability in river sediments. After 54 d, the biochar obtained at 700 °C allowed 

a PHE and PYR bioavailability reduction by 69 and 55%, respectively, while a 

decrease by 29 and 23% of PHE and PYR bioavailability (Table 6.3), respectively, 

was obtained with the biochar produced at 400 °C [605]. Similarly, the PHE and PYR 

bioavailability was reduced by 46 and 17% (Table 6.3), respectively, after the 

application of nut shell biochar (obtained at 500 °C) to river sediments [239,674]. 

These results suggest that a lower PAH bioavailability is coupled with a higher 

pyrolysis temperature likely due to a greater aromaticity of the obtained biochar. 
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Table 6.12 – Effect of biochar addition on bioavailability and biodegradation of PAHs in contaminated 

sediments. The analytical method used to determine PAH bioavailability is also reported. 

Bioavailability 

analytical method 
  

PAH 

bioavailability 

reduction [%] 

  
Effect on PAH 

biodegradation 
  References 

Mild solvent extraction   17  
Stimulation by 

49% 
 [674] 

Mild solvent extraction   23–69  
Reduction by 37a 

and 61b% 
 [605] 

Polydimethylsiloxane 

fibers  
 n. a.  

Reduction up to 

20% 
 [675] 

Polyethylene sampler   50  n. a.  [698] 

Polyethylene sampler   68  n. a.  [205] 

Silicone sampler  n. a.  Reduction of 64%  [677] 

n. a.  n. a.  Inhibition  [609] 

Terrestrial invertebrates  > 50  n. a.  [603] 

Terrestrial invertebrates  40–72  n. a.  [602] 

Mild solvent extraction    46   
Stimulation by 

57% 
  [239] 

* = not available; a = phytoremediation; b = biodegradation 

6.4.2.2 Reduced biodegradation efficiencies in the presence of 

biochar 

Bioaugmentation, biostimulation and phytoremediation are the most widely applied 

technologies for the bioremediation of PAH–contaminated sediments [699], 

Biostimulation and bioaugmentation consist on the supplementation of organic matter 

or nutrients, and enriched microorganisms to the sediment, respectively, to improve 

the PAH biodegradation under aerobic or anaerobic conditions (Figure 6.1) [700]. 

Bioremediation occurs with phytoremediation when plants are employed to remove 

PAHs from the contaminated sediment (Figure 6.1) mainly via rhizodegradation (i.e. 

PAH biodegradation in the root–zone compartment) or phytoextraction (i.e. PAH 

extraction in plant) [701]. However, bioremediation technologies are strongly affected 

by the amount of bioavailable PAHs in the sediment [702] and, thus, can be influenced 

by the addition of biochar. 
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A lower PAH biodegradation in biochar–amended experiments has been associated 

with a strong PAH adsorption by biochar and a consequently reduced PAH 

bioavailability [703,704], (Figure 6.3). Biochar addition has been reported to 

negatively affect bioaugmentation and phytoremediation likely due to an increase of 

pH [705], a decrease of PAH concentration in the sediment and the nutrient retention 

in biochar [706,707] (Figure 6.3). Thus, the use of biochar effectively decreases PAH 

bioavailability and allows to mitigate the associated environmental risk, but it may 

lead to a lower efficiency of bioremediation due to a lower bioavailable PAH 

concentration. 

In regard to bioaugmentation, Cui et al. [675] investigated the use of coconut shell 

biochar coupled with Mycobacterium vanbaalenii in PHE–contaminated sediments 

(Table 6.3). PHE degradation in lake and estuary sediments was reduced by almost 

20% and showed no significant variations compared to biochar–free controls [675]. 

Marchal et al. [677] also conducted bioaugmentation experiments using a 

Sphingomonas sp. inoculum (Table 6.3). The addition of biochar resulted in a lower 

microbial activity, with PHE biodegradation being lower in biochar + sediment (i.e. 

12%) than in control tests (i.e. 27%). Similarly, Chi and Liu [605] reported a PAH 

degradation of 8–12 and 25–31% (Table 6.3) in the presence and absence of wheat 

straw biochar (400 °C for 4 h), respectively. Moreover, the suppression of indigenous 

PAH–degrading bacteria was observed by Ojeda et al. [609] after the addition of pine 

biomass biochar (obtained by gasification at 600–900 °C for 10 s) in river sediments 

(Table 6.3). Hence, the biochar addition clearly decreases the microbial activity in the 

sediment due to a lower PAH bioavailability, and this is more evident increasing the 

pyrolysis temperature probably because PAHs are more strongly adsorbed onto 

biochar. Thus, the use of biochar obtained at lower pyrolysis temperatures is 

recommended for a more efficient bioremediation of sediments, as biochar is richer in 

nutrients (mainly N and P) and can better stimulate PAH biodegradation ([561]. 

The PAH–degrading activity can be stimulated by the addition of electron acceptors 

in sediments under anaerobic conditions (e.g. sulfate, nitrate, carbon dioxide) 

[288,331,708]. In a combined biostimulation and bioaugmentation study (Figure 6.3), 

Yang et al. [239] obtained a higher PHE removal (i.e. 51–54%) in sediments with 

biochar, nitrate and immobilized bacteria than in biochar–free controls (i.e. 22%), 

(Table 6.3). Similarly, Chen et al. [674] reported an improvement of PYR 

biodegradation (i.e. 49%, Table 6.3) and the abundance of nitrate–reducing PAH 

degraders (e.g. Stenotrophomonas, Gallionella) in the concomitant presence of 

biochar and nitrate. PAHs were first adsorbed onto biochar enhancing the PAH 
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exposition to microorganisms, and then acted as electron donors during denitrification 

[709]. 

A stronger electron acceptor than nitrate, namely oxygen, is involved during PAH 

phytoremediation [710]. PAHs have a higher terminal electron acceptor potential in 

the presence of O2 (i.e. +818 mV) compared to nitrate, sulfate and carbon dioxide (i.e. 

+433, –200 and –380 mV, respectively) [711]. Many studies report the release of 

oxygen from plant roots to rhizosphere–living microorganisms during 

phytoremediation, improving the PAH removal [712,713]. However, a lower PAH 

removal (i.e. 12–37%) in river sediments using Vallisneria spiralis (also known as 

tape grass) was observed in the presence of biochar than that achieved without biochar 

(i.e. 44–59%) (Table 6.3) due to the increase of nutrient retention in biochar that had 

a negative effect on plant growth (Chi and Liu, 2016) (Figure 6.3). Moreover, the PAH 

sequestration by biochar can hinder the symbiosis between rhizosphere 

microorganisms and V. spiralis, negatively impacting the PAH removal [714]. 

6.4.2.3 Effect on PAH toxicity to living species 

By decreasing PAH bioavailability in sediments (section 5.4.2.1), biochar 

supplementation is also responsible of a decrease of the PAH toxicity, alleviating the 

vital functions of living organisms [715]. The toxicity in sediments is influenced by 

the biochar application time, dosage and specific surface area [716], as the increase of 

these parameters enhances the PAH removal in sediments. However, contrasting 

studies are still present in the scientific literature about the effect of biochar addition 

on the toxicity to living species [717]. 

The increase of corn stover biochar dosage from 1 to 10% caused a reduction of 

inhibition of Lepidium sativum (i.e. cress) in harbor sediments from 60 to almost 40% 

[607]. The application of 15% powdered coconut biochar improved the mysid and 

amphipod survival up to 100% in harbor sediments [676], due to a 99% PAH decrease. 

In contrast, Chi and Liu [605] observed a decreased V. spiralis growth after a 3% 

biochar addition in river sediments. The high nutrient retention in biochar negatively 

impacted the plant growth [707]. Similarly, Zheng et al. [718] showed the decrease of 

clam growth by 36% using 5% wood chip biochar in marine sediments, due to the 

reduction of the bioavailable organic matter for clams. 

Regarding the specific surface area, a biochar with a particle size lower than 300 

μm did not significantly reduce the toxic effects on L. sativum [607]. Similarly, the 

addition of biochar showed no significant changes in Lytechinus variegatus (i.e. green 

sea urchin) reproduction [205], Chironomus plumosus (i.e. buzzer midge) larvae 
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survival rate [603] and worm lipid content [32]. Although the PAH bioavailability 

decreases, a reduced particle size of biochar likely decreases the water availability also 

affecting the metabolism of living species (e.g. plants, worms), [213,719]. Moreover, 

a lower particle size may be more easily ingested by earthworms [720]. Zhang et al. 

[721] observed a significant ingestion by Limnodrilus hoffmeisteri (i.e. red worm) of 

bamboo biochar with a particle diameter comprised between 20 and 63 μm. 

Conversely, a higher biochar particle size (i.e. 300–500 μm) allowed a total elimination 

of the toxic effects [607]. This is more visible with those plants mainly capable to 

remove PAHs from sediments via phytoextraction. Jia et al. [604] recently reported 

the increase of Kandelia obovata biomass up to 47% due to a decrease of the PAH 

concentration in the plant from 2.26–2.52 to 0.72–0.95 mg·kg–1 after biochar addition 

in estuary sediments, suggesting that K. obovata was not a strongly tolerant plant to 

PAH exposure. The effect of the contact time on toxicity showed a greater seed 

germination for L. sativum up to 100% in harbor sediments by increasing the 

remediation time from 30 to 60 d with straw biochar [607]. In this case, the toxicity 

reduction is consistent with the maximum decrease of PAH bioavailability, which is 

commonly reached after 60 d. 

In summary, the authors observed different effects during toxicity tests and, 

therefore, the biochar addition cannot be directly associated with decreased PAH 

bioavailability and toxicity. Other factors, such as water, organic matter and nutrient 

availability or the ingestion of small biochar particles, may affect the growth and 

metabolism of living species (Figure 6.3). The migration of PAHs from the ingested 

biochar particles to the living organism gut should be limited when PAHs are strongly 

adsorbed by biochar (e.g. through electron donor–acceptor interactions) [722]. The gut 

fluid subsequently released by the involved organisms can, however, solubilize PAHs 

from biochar [723], thus potentially leading to a higher toxicity in the sediments. 

Further studies should be performed to shed light on the PAH toxicity reduction 

associated with biochar addition. 

6.4.3 Enhanced persulfate degradation 

The co–application of persulfate, Fe2+ and biochar has been recently investigated to 

enhance chemical oxidation processes aimed at PAH removal in sediments [724–726], 

(Table 6.4). PAH can be degraded by a strong oxidizing species (i.e. SO4− ▪) obtained 

by persulfate activation in the presence of transition metal or organic matter, resulting 

in a reaction similar to the Fenton process [727,728]. 
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Persulfate degradation of PAHs has been investigated using biochars obtained by 

pyrolysis of bamboo (at 800 °C and subsequently magnetized) [724], wood (at 300 °C) 

[726] and coal–tar pitch (at 300 °C for 1 h and subsequently magnetized) [725]. The 

experimental activity was performed by adding the biochar, persulfate and Fe3O4 (as 

catalyst) to harbor sediments using different catalyst doses and pHs at 25 °C for 24 h. 

Dong et al. [724] obtained a PAH degradation of 14, 21 and 78% (Table 6.4) using 

persulfate alone, Fe3O4 + bamboo biochar, and Fe3O4 + bamboo biochar + persulfate, 

respectively, with a catalyst dose of 3.33 g·L–1. A similar PAH removal of 76% (Table 

6.4) was achieved with a higher dose of catalyst (i.e. 6.67 g·L–1) with Fe3O4 + wood 

biochar + persulfate, with PAH oxidation significantly increasing at catalyst doses 

from 1.67 to 6.67 g·L–1 likely due to a faster SO4− ▪ production [726]. A higher PAH 

oxidation (i.e. 87%, Table 6.4) was reached increasing the catalyst dose of Fe3O4 + 

coal–tar pitch biochar + persulfate to 10 g·L–1 [725] (Figure 6.3), likely due to the 

increase of iron species and active sites in biochar, which enhanced the donor–acceptor 

interactions and the SO4− ▪ generation [729]. 

PAH oxidation was improved from 80% (Table 6.4) upwards by decreasing the pH 

from 6 to 3 and combining persulfate and Fe3O4 with bamboo and wood biochar 

(Figure 6.3) [724]. This allowed higher SO4− ▪ activity and Fe3O4 solubilization in the 

acidic solution [241,730]. However, Dong et al. [725] obtained the highest PAH 

removal (i.e. 87%, Table 6.4) with a pH of 6 probably due a higher OH▪ generation 

[731]. The discrepancy between the mentioned studies can be explained by the fact 

that hydroxyl radicals have a similar oxidation potential (i.e. 270 mV) compared to 

sulfate radicals (i.e. 260 mV) [732], but the catalyst dose was significantly different 

(Table 6.4). On the other hand, the most appropriate pH needs a careful assessment 

when aiming at reusing the sediment due to the effect of low pHs on the microbial 

community [733,734]. Despite the pH drop improves metal solubility during chemical 

oxidation, acidic pHs disturb the ecosystem, being incompatible in most cases with the 

vital functions of the living organisms [735]. 
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Table 6.13 – Summary of PAH removal efficiencies obtained varying the catalyst dose (i.e. Fe3O4 + biochar) and pH during the enhanced persulfate activation 

for the remediation of PAH–contaminated sediments, amended with biochars obtained from different feedstocks and at 300 or 800 °C as pyrolysis temperatures. 

Biochar  Effect of catalyst dose  Effect of pH  

References Feedst

ock 
 

Pyrolysis 

temperature [°C] 
 

Fe3O4 + 

biochara [g·L–1] 
 

∑PAH 

removal [%] 
 

p

Hb 
 

PAH 

removal [%] 
 

Bamb

oo 

 

800 

 1.67  70  3  86  

[724]   3.33  78  6  78  

  6.67  54  9  82  

Wood 

 

300 

 1.67  68  3  84  

[726]   3.33  74  6  76  

  6.67  76  9  72  

Coal 

tar pitch 

 

300 

 5.00  86  3  84  

[725]   10.00  87  6  87  

  20.00  85  9  72  

a = results are referred to pH 6; b = results are referred to the optimal catalyst dose 
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6.5 The effect of various parameters on the 

remediation of biochar–amended sediments 

6.5.1 Sediment origin 

The origin of sediments (e.g. river, estuary, seaside) has been reported to affect 

PAH adsorption (Figure 6.3) and biodegradation associated with biochar addition, 

mainly due to a different concentration of inorganic ions (e.g. Na+, Cl–) [736]. 

Generally, a higher PAH adsorption (i.e. up to 99%) on biochar has been observed in 

estuarine and marine sediments than that (i.e. up to 80%) reported for river sediments 

(Table 6.2). Gomez–Eyles et al. [606] showed that the adsorption of hydrophobic 

contaminants, including PAHs, on pine dust biochar can be enhanced in saline 

solutions (i.e. 10‰) compared to fresh water. The higher efficiency of PAH adsorption 

at increasing salinity has been ascribed to a decreasing PAH solubility in water, which 

may force PAH molecules onto the biochar surface [737]. Indeed, Sun et al. [738] 

observed the reduction of PHE solubility from 1.12 to 0.97 mg·L–1 by simulating a 

real seaside salinity (i.e. 32‰). 

The increment of salt concentrations also results in a higher ionic strength and could 

increase the organic matter aromaticity [739], improve PAH adsorption onto biochar 

particles due to bridging interactions [203] and decrease the biochar mobility in 

capping applications [608]. Qian et al. [740] reported the enhancement of the “salting–

out” effect on PAH adsorption by increasing the ionic strength from 0 to 10 mM. 

However, Yang et al. [608] reported no significant differences in NAPH adsorption 

onto biochar with a higher ionic strength (i.e. 25 mM) probably due to screening effect 

of the surface charge [741]. Therefore, the addition of metal ions leads to a positive 

effect on the adsorption of PAHs by enhancing the bridging interaction with biochar 

[742]. On the other hand, the co–presence of different organic and inorganic 

contaminants (e.g. metal ions) can induce a competition for the available adsorption 

sites of biochar [743]. 

Regarding bioremediation, the increase of salinity generally leads to a decreased 

PAH biodegradation due a reduction of PAH solubility [744]. However, Ojeda et al. 

[609] reported no differences in PAH degradation using biochar with different 

salinities (i.e. 15, 25 and 35‰) when reproducing estuarine conditions. This result can 

be explained with a microbial mechanism recently proposed by Cao et al. [702], who 

described hydrocarbon biodegradation under different salinity conditions. A salinity 

lower than 35‰ may enhance the hydrocarbon degradation due to a high cell surface 
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hydrophobicity, justifying the results obtained by Ojeda et al. [609]. On the other hand, 

the cell surface hydrophobicity is reduced with a higher salinity (i.e. 50–70‰), shifting 

the microorganism growth from oil to aqueous phase, and decreasing the hydrocarbon 

degradation [702]. Additional research on the effect of salinity on marine sediments 

after biochar addition is strongly encouraged in order to elucidate this aspect. 

6.5.2 Initial PAH contamination level 

The initial PAH concentration in sediments is another key parameter affecting the 

remediation efficiency when supplementing biochar (Figure 6.3). Considering the 

adsorption as major mechanism associated with biochar addition in the sediment, PAH 

adsorption can be enhanced at higher PAH contamination levels depending on the 

physical–chemical PAH characteristics [745]. The increment of PAH concentrations 

can also decrease the biochar mobility during capping applications likely due to the 

decrease of the primary energy barrier between biochar and the sediment surface [608]. 

Among the considered studies, an increase of the initial PAH concentration from 

<0.1 up to 10 mg·kg–1 resulted in a higher PAH removal from sediments by 95% 

(Figure 6.4). Hence, the beneficial effect due to the initial contamination level of the 

sediment could be related to a greater tendency of PAHs to interact with the biochar 

active sites [181]. In the presence of low PAH concentrations, the organic contaminant 

can be more strongly adsorbed onto sediment particles, being more persistent and 

harder to remove [746]. 

However, Han et al. [698] reported a decreased PAH removal (i.e. approximately 

by 50%) compared to that (i.e. up to 80%) achieved in a sediment with a 8–fold lower 

initial PAH concentration (Table 6.2) [602]. Many factors can be involved (e.g. type 

and dose of biochar), but an additional explanation could be the use of a naturally 

PAH–contaminated sediment, instead of an artificial one. Indeed, an artificially PAH–

spiked sediment has generally higher bioavailable PAH concentrations [254], with 

PAHs being easier to be adsorbed onto biochar. 

The adsorption mechanism could also be affected by the PAH involved in the 

process that is characterized by a distribution coefficient (Kd), which can in turn be 

affected by the added sorbent and the PAH itself. For example, Cui et al. [675] 

obtained a higher log Kd of PHE with coconut shell and rice straw biochar (i.e. 2.73–

3.46 and 2.99–3.38, respectively) than with unamended experiments (i.e. 2.66–3.36), 

thus enhancing PHE adsorption onto biochar (section 5.4.1.1). Light molecular weight 

PAHs (i.e. 2–3 benzene rings) could be easily adsorbed onto biochar than high 

molecular weight PAHs (i.e. 4–5 benzene rings), which are more easily adsorbed on 
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natural organic matter [209]. Indeed, Han et al. [698] showed a higher log Kd for ANT 

(i.e. 6.0–6.4) compared to PYR (i.e. 5.8–6.2). 

6.5.3 Remediation time 

Regardless the remediation technology used, longer remediation times generally 

prompt to higher PAH removal efficiencies [747]. After the biochar addition in 

sediments, the contact time between biochar and PAHs results in a fast PAH 

biodegradation during the first days of treatment [187]. Afterwards, a slower PAH 

degradation may occur [677] likely due to a reduced PAH bioavailability in favor to 

adsorption onto biochar, as discussed in section 5.4.2.1. In fact, the amount of 

extractable PAHs from sediments by biochar is affected by the treatment time (Figure 

6.3). A PAH fraction can be quickly desorbed from the sediment and transferred to the 

biochar surface (i.e. by 95%) in a relatively short time (i.e. 30 d, Figure 6.4) as a 

function of the specific PAH molecule, sediment properties and biochar characteristics 

[748]. The remaining fraction of PAHs is more slowly adsorbed onto biochar along 

the treatment duration till reaching the thermodynamic equilibrium, typically obtained 

within 60 d [749]. 

Further extending the treatment durations up to 100 d can even be a limiting factor 

for PAH adsorption onto biochar. A prolonged treatment can lead to a less performing 

adsorption mechanism [750,751] probably due to the biochar oxidation [752], which 

induces a more hydrophilic surface of biochar [753]. The biochar oxidation can occur 

after months or years through biotic and/or abiotic degradation [754], and PAHs can 

be desorbed up to 70% from the oxidized biochar [187], again increasing the 

bioavailable PAH fraction in the sediment. However, a low PAH adsorption (i.e. 40–

50%) was also reported after only one month with wood biochar [677,698], indicating 

that the type of sorbent is a crucial parameter. 

6.5.4 Biochar dosage and manufacture 

The adsorption of organic contaminants (e.g. PAHs) on carbon sorbents (including 

biochar) is affected by the sorbent dosage and manufacture (Figure 6.3). The biochar 

dosage is normally expressed as biochar to sediment ratio (w/w) and controls the 

biochar repartition in pore water at the expense of the natural organic content of 

sediment [755]. The temperature and feedstock used for biochar manufacture strongly 

influence the final specific surface area of the biochar particles and the morphology of 

biochar. High pyrolysis temperatures and wood materials generally lead to a higher 

specific surface area of biochar [756], improving the interactions with PAHs due to a 



 

164 

 

better pore size distribution and a higher carbonization degree of biochar [714], as 

mentioned in section 5.3.3. 

The studies about the application of biochar to remediate PAH–contaminated 

sediments (Figure 6.4) showed a rise of PAH removal from 10 to 98% by increasing 

biochar dose from 0.1 to 5.0%, and a further rise of biochar dosage up to 15% allowed 

a complete removal of PAHs from sediments [676]. Likewise, an increase of pyrolysis 

temperature (i.e. from 400 to 1,000 °C) enhanced the adsorption of PAHs onto biochar 

due to the higher specific surface area up to 358 m2·g–1 (Figure 6.4), as mentioned in 

sections 3.3.and 4.1.1. 

However, the increase of pyrolysis temperature may also lead to the development 

of micropore deformation in biochar and to a reduced PAH adsorption [757] and, 

therefore, a reduced pyrolysis temperature could be applied. Wang et al. [602] reported 

a PHE adsorption of 72% similar to that achieved with wood biochar (obtained at 340 

°C) using a low temperature pyrolyzed corn stalk (i.e. 320 °C), which is characterized 

by lower specific surface (section 5.3.3), but is more available and economic compared 

to wood derived biochar [758]. These data suggest that the specific surface area alone 

might not govern the PAH adsorption mechanism [759]. On the other hand, a smaller 

particle size of biochar could significantly decrease the time to achieve the equilibrium 

[760], as mentioned in section 5.4.1.2. Therefore, the methods or materials used should 

be evaluated case by case. 

Thus, the rise of biochar dosage and pyrolysis temperature can enhance the 

repartition of PAHs on the biochar surface rather than on the sediment [759]. Ghosh 

et al. [761] reported a similar behavior of AC during PAH adsorption. Since biochar 

is cheaper than AC, this aspect could represent a benefit if a higher adsorbent dose is 

necessary [606]. On the other hand, the price of biochar is different in each country 

and averages $ 2,580 per ton [762], depending on different parameters such as 

processing requirements, pyrolysis conditions and reactor availability [763]. Thus, the 

use of an effective biochar dose (i.e. 5%) can be expensive when remediating a large 

amount of sediments, implying the need of a cost–benefit assessment. 
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Figure 6.21 – The effect of initial PAH contamination level [mg·kg–1], remediation time [d], biochar 

dosage [w/w] and biochar surface area [m2·g–1] on PAH removal in biochar–amended sediments. The 

data were taken from Tables 1 and 2 and used to describe the four trends. 

6.5.5 pH 

The sediment pH is influenced by the presence of organic, rock and mineral matter 

[764] and rules the main adsorption mechanisms (e.g. donor–acceptor, hydrophobic 

interaction) of PAHs onto biochar by changing biochar surface and electronic 

characteristics [765,766]. pH has an impact on PAH biodegradation when not 

comprised in the optimal range from 6.0 to 8.0 [258,322]. In addition, pH affects 

biochar mobility after capping [767] and the improvement of persulfate activation for 

PAH oxidation, as already reported in section 5.4.3. 

All the investigated sediments reported in Table 6.2 have a basic pH (i.e. 7.5–8.5) 

that is further increased after the addition of biochar due to alkaline properties of 

biochar [768], as mentioned in section 5.3.3. In general, the increase of pH improves 

the π–π interactions [211], enhancing a strong planar and nonpolar molecule (i.e. 

PAHs) adsorption onto biochar (section 5.3.4). However, Yang et al. [608] reported 

no significant effect on NAPH adsorption onto biochar by increasing the pH from 5 to 
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10. Similarly, Chen et al. [741] showed a negligible NAPH adsorption variation by 

increasing pH from 2 to 11. These results suggest that the mechanism involved during 

PAH adsorption is slightly affected to the background solution pH, and mainly 

depends on the biochar manufacturing (i.e. pyrolysis temperature), as also reported in 

section 5.3.4. In addition, Yang et al. [608] used a relatively high temperature biochar 

(i.e. 600 °C) in which PAH adsorption is already coupled with π–π interactions, and 

therefore any rise of pH would slightly improve the adsorption mechanism. On the 

other hand, pH dependency can be enhanced with the presence of functional groups 

(e.g. –COOH, –OH) [666,769], which can be more often present in low temperature 

biochars (section 5.3.3). 

So far, no study investigated the connection between pH and bioremediation after 

the addition of biochar to PAH–contaminated sediments. Previous research [239,674] 

showed an increasing PAH removal by combining biostimulation and 

bioaugmentation in biochar–amended sediments, providing no evidences about the pH 

effect on PAH–degrading bacteria (section 5.4.2.2). Since an increase of pH can 

significantly reduce the bioremediation efficiency [770], more studies should be 

conducted in this context in order to shed a further light on this aspect. 

6.6 Conclusions and future recommendations 

The use of biochar has proven to be a successful and sustainable solution for the 

remediation of sediments contaminated by PAHs. This chapter has highlighted that 

PAHs can completely migrate from the contaminated sediments onto the biochar 

surface via adsorption through hydrophobic, donor–acceptor or specific interactions, 

significantly reducing the PAH bioavailability. The adsorption efficiency mainly 

depends on remediation conditions (i.e. treatment time, biochar dosage), biochar (i.e. 

specific surface area) and sediment (i.e. origin, involved PAHs, initial PAH 

concentration) characteristics. To promote a chemical PAH oxidation, biochar 

enhances the activation of persulfate by applying Fe3O4 as a catalyst in sediments. 

PAH biodegradation is a minor mechanism for PAH removal from sediments after 

biochar addition, but it can be stimulated by almost 50% by using low temperature–

produced biochar and simultaneously supplementing nitrate as electron acceptor. In 

contrast, biochars obtained at high pyrolysis temperatures are generally not suitable 

for bioaugmentation and phytoremediation due to a decrease of PAH bioavailability 

and an increase of pH, which can hamper the microbial activity until a complete 

inhibition. Some additional drawbacks, such as water and nutrient retention or the 
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ingestion of biochar particles, are associated with biochar–amended sediments 

enabling potential toxicity to plants or aquatic species. Likewise, the biochar oxidation 

after months of years from its application might promote the release of PAHs back to 

the sediments, thus increasing the PAH bioavailability and environmental. 

Future studies should be addressed to evaluate the remediation potential of biochars 

produced from innovative feedstocks, such as plastic and tires, but also algae, animal 

manure and sewage sludge. For the latter, hydrothermal carbonization and 

microwave–assisted pyrolysis can represent interesting alternatives for biochar 

manufacture, being these substrates characterized by a high–water content. The role of 

electron acceptors (e.g. sulfate, nitrate) and pH during the biostimulation of biochar–

amended PAH–polluted sediments definitely requires further investigation as well as 

the role of a high salinity (i.e. by 50‰). Inhibiting and toxic effects on the living 

species related to the reduction of water and nutrient availability shall be also clarified. 

It is also relevant to evaluate the impacts of biochar in full–scale applications, trying 

to minimize the biochar dosage (e.g. lower than 1%) and promoting the use of easily 

recoverable materials such as magnetized biochar in order to keep the application and 

recovery costs of the biochar low. This would also prevent the PAH desorption after a 

possible biochar oxidation and avoid changes in the biochar geo–mechanical 

properties in view of a sediment reuse for civil engineering purposes. 
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CONCLUSIONS 

PAHs are largely spread in the aquatic environment, and drawbacks of conventional 

remediation techniques as well as the expenditures for alternative disposal of polluted 

sediments lead to seek more effective, environmentally–friendly and sustainable 

approaches. In this context, the present doctoral thesis firstly showed that it is possible 

to achieve higher efficiencies in terms of PAH removal (i.e. PHE), time and energy 

consumption by employing SW with EtOH (i.e. 97%, 1 hour and −14 kWh m−3, 

respectively) compared to both LTTD (i.e. 88%, 1 hour and −417 kWh m−3, 

respectively) and anaerobic bioremediation under either nitrate−reducing and 

methanogenic conditions (i.e. up to 68%, 14 days and −16 kWh m−3, respectively). 

The latter, however, proved to be the cheapest technology with a final cost of 228 € 

m−3, which can be affected by the power savings associated with the reuse of the 

biomethane produced to heat up anaerobic digestion. 

Therefore, this thesis subsequently evaluated the anaerobic biostimulation of 

PAH−contaminated sediments by using digestate and OFMSW as amendments for 

enhancing both PAH removal efficiency and biogas generation. The simultaneous 

supplementation of OFMSW and nutrients improved the removal of PAHs (i.e. PHE, 

anthracene, fluoranthene and pyrene) by reaching a higher total PAH biodegradation 

and biogas yield (i.e. 55%, and 60 mL H2·g VS−1 and 140 mL CH4·g VS−1, 

respectively) compared to the use of digestate (i.e. 43% and 4 mL CH4·g VS−1, 

respectively). The employment of OFMSW as a sediment amendment can also 

represent a promising reuse strategy in the perspective of circular economy. Also, the 

addition of the selected nutrients was reported to be optimal for plant growth, and 

therefore, a further opportunity for favoring the in−situ restoration after the reuse of 

sediments for coastal nourishment. On the other hand, PAH bioaccessibility was still 

above 35% after 120 days, thus indicating the need of a further treatment to ultimately 

remove this fraction and consequently mitigate the environmental risk. 

A biological process can be instead performed for treating a PHE–contaminated 

SW solution in a fed–batch bioreactor through the use of highly efficient–engineered 

bacteria (i.e. Achromobacter, Sphingobacterium and Dysgonomonas genera) by 

achieving a successful PHE removal up to 91%. The biological process was mainly 
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affected by the proper supplementation of nutrients (i.e. C/N/P ratio of 100:1.3:0.05), 

the initial PHE concentration value (i.e. above 50 mg L−1), and the excessive decrease 

of dissolved oxygen and pH (i.e. below 1 mg L−1 and 7, respectively). Also, the 

adoption of a reduced amount of extracting agents by a high S/L ratio (e.g. 1:3, w/w) 

and the promotion of reagent recovery through distillation or condensation (i.e. up to 

1.35 tons) can further encourage this approach by decreasing the volume of spent SW 

solution to be treated in the bioreactor (i.e. 2.81 tons per ton of sediment) and favoring 

the reuse or sale of washing agents. Therefore, the deployment of a biological 

treatment after the SW process can contribute to the development of an attractive 

sustainable resource–recovery approach, having favorable implications on both the 

environmental and techno–economic aspects due to a safe release of treated SW 

effluent and the decrease of the overall costs by 50%, respectively. 

This thesis work moved forward on this research line in order to find unexplored 

extracting agents for SW and novel solutions for further enhancing the biological 

treatment of spent SW effluents. For this purpose, the biological treatment of a PHE– 

and TW80–containing SW solution in a BC immobilized–cell reactor was 

subsequently investigated. The SW process was firstly conducted in batch tests by 

achieving the highest PHE desorption of 91%. Afterwards, the resulting spent SW 

solution was aerobically treated in a continuous–flow bioreactor by reaching a PHE 

degradation up to 96% after 43 days, mainly due to the activity of bacteria belonging 

to the Proteobacteria, Bacteroidota and Actinobacteriota phyla attached on the surface 

of BC. A preliminary economic evaluation of the overall process (i.e. SW + PHE 

biodegradation in the BC immobilized–cell reactor) revealed that the process entails a 

total cost of 342.60 €·ton−1, which respects the range of costs previously reported for 

the SW of contaminated sediments. Nonetheless, this cost can be further reduced due 

to the low TW80 biodegradability, which allows the reuse of the surfactant for SW, 

and the continuous biodegradation of PHE adsorbed onto BC that favors BC 

regeneration avoiding PHE adsorption. 

Future studies should be addressed to evaluate the remediation potential derived by 

the reuse of the washing agent, the biological process optimization by maximizing the 

PAH loading rates, reducing the hydraulic retention time, and fine–tuning the DO level 

in the liquid phase to avoid foam production due to the air injection. The employment 

of an anaerobic digester for treating the spent SW solutions can be studied as well, by 

eventually assessing the biomethane production aimed at bioenergy generation. Also, 

PAH removal from sediment can be studied by employing phytoremediation in the 

presence of amendments, such as non‒ionic surfactants (e.g. TW80), low temperature‒
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produced biochar (e.g. 400 °C) and acclimated bacterial mixtures (i.e. 

bioaugmentation). Finally, ecotoxicological tests can be carried out on plants (e.g. 

watercress) or benthic organisms (e.g. worms) to investigate the possible toxicity of 

treated SW effluent towards living organisms in order to prevent an improper 

discharge due to the presence of harmful reaction intermediates. 
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APPENDIX A 

Parameter implementation in RACER 

The Remedial Action Cost Engineering and Requirements (RACER) software was 

used for the economic analysis. A list of assumptions for each analyzed ex–situ 

remediation technology (i.e. bioremediation, sediment washing and thermal 

desorption) is reported in Table 2.2. 

After selecting hazardous sediment and semi–volatile compounds (i.e. SVOCs) as 

site parameters, remedial action preferences were set. Bioremediation, sediment 

washing and thermal desorption were implemented on RACER by considering “ex–

situ bioreactor, soil washing and off–site thermal treatment” as remediation 

technologies. Common preliminary parameters were the contamination area, the safety 

level of machining operation and mobilization distance (Table 2.2). For the ex–situ 

bioreactor, the distinguishing parameters were the flow rate, chemical oxygen demand 

(COD), pH, nutrients and water temperature. The characterizing features of soil 

washing were the size of soil washing plant, additives, water temperature, operation 

duration. The required off–site thermal treatment features were temperature, drums, 

fees and carbon adsorption gas. 

Despite the differences in the examined technologies, the two most important 

considered parameters were retention time and temperature (Table 2.2) as crucial 

factors of treatment efficiency (i.e. microbial kinetics, PAH dissolution and 

vaporization). This kind of criteria were derived from the lab–scale conditions with 

the highest PHE removal, which were SN (i.e. 336 h and 37 °C), S:L ratio of 1:3 (i.e. 

1 h and 20 °C) and thermal desorption (i.e. 1 h and 200 °C) for ex–situ bioreactor, soil 

washing and off–site thermal treatment, respectively.  

After selecting the flow rate (i.e. 5.6 L·s–1) and the size of washing plant (i.e. 50 

tons·h–1), the bioreactor volume (i.e. 70 m3) and operation duration (i.e. 324 h) were 

calculated from the retention time and sediment volume to be treated for 

bioremediation and sediment washing, respectively. Moreover, by setting the 

temperature of bioremediation, gas water boiler and heat exchangers were 

automatically generated. For thermal desorption, low temperature thermal desorption 
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(i.e. <320 °C) was set to simulate the experiment at 200 °C, but nevertheless the 

retention time was unable to be selected. Regarding to the other reported parameters, 

the available information was established (i.e. COD, pH, nutrients and additives), and 

the unavailable features were set as default (i.e. drums, fees and carbon adsorption 

gas). 
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